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Abstract
Lake Illawarra is a typical shallow intertidal barrier lagoon in south-eastern Australia.
The lake is considered as strongly nitrogen limited, and eutrophication is the key
environmental problem as a consequence of an expansion of catchment development
with associated increases in urban, rural and industrial pollution in recent decades. The
aim of this study was to investigate the internal biogeochemical nitrogen cycling
processes and the interactions with the carbon cycling processes in Lake Illawarra, in
order to a improve the understanding of the system and to increase the overall
knowledge base on nutrient biogeochemical cycling in coastal water bodies.
Firstly, nutrient budgets for Lake Illawarra were updated using the LOICZ modeling
approach based on the most recent and reliable water quality data available. This
indicated the biogeochemical functioning of the estuary and assisted in understanding
the dominant natural biogeochemical processes within the system. The LOICZ budget
classified the lake as generally a heterotrophic environment, producing carbon through
net respiration. The budget results also indicated that the lake was a net sink for
nitrogen, a net denitrifying system and was nitrogen limited.
Benthic flux measurements of O2, TCO2, alkalinity, NH4+, NO3-+NO2- and N2 were then
made using the sediment-core incubation technique at selected stations to compare the
characteristics of benthic biogeochemical processes (benthic metabolism, nutrient fluxes
and denitrification) for different primary producers (seagrass, microphytobenthos (MPB)
and macroalgae) and/or sediment types (sand or mud), and thus to verify the reliability
of LOICZ budget approach.
The sedimentary organic matter in the macrophyte beds was mainly from seagrasses
(Ruppia or Zostera), which was supported by the relatively higher sediment C/N ratios
at these sites compared with the adjacent shallow bare sand sites and the deep mud site.
On the other hand, the organic matter pool in the unvegetated sites was generally
dominated by MPB, which was supported by 1) the lower C/N ratios, 2) the detection of
Chl-a, and 3) the microalgae (mainly diatoms) identified in the surface sediments.

XVIII

On an annual basis, seagrass beds exhibited the highest gross primary productivity (O2
or TCO2 fluxes), while the lowest rates occurred in the deep central basin of the lake.
Seasonally, there was a general trend of highest production in spring or summer, and
lowest production in winter or autumn. Organic carbon oxidation scenarios, evaluated
by either calcium carbonate dissolution or sulfate reduction models, indicated that both
models can explain organic matter mineralization.
Trophic status was evaluated using different indices including BTSI, net O2 fluxes and
P/R ratios for Lake Illawarra, which led to similar trophic classifications in general, and
also the same trends in spatial and seasonal variation. Overall, these data indicated that
the lake was heterotrophic on an annual basis, as the total community carbon respiration
exceeded production, and this supported the LOICZ modelling conclusion.
In general, nutrient fluxes displayed typical diel variations, with reduced effluxes or
enhanced uptake by the sediment in the light, due to the photosynthetic activities of the
plant-MPB-sediment community in Lake Illawarra. On an annual basis, unvegetated
sediments displayed net DIN effluxes, while seagrass beds showed a net DIN uptake,
which may be due to the enhanced denitrification and/or assimilation activity by rooted
plants and macroalgae. The effect was most efficient during periods of net growth.
Moreover, based on the measured benthic fluxes, N2 flux rates were estimated using C
and N stoichiometry, suggesting the lake was a net denitrifying system. LOICZ budget
modelling results and the direct denitrification measurements using the isotope pairing
and N2/Ar techniques generally support this conclusion.
It was found that the benthic metabolism and nitrogen transformation processes in Lake
Illawarra were influenced or controlled by physico-chemical and biological variables
and their complex interactions, which include light, temperature, water movement or
mixing (stirring effect), sediment type (e.g., sand and mud), sedimentary organic matter
quality, primary producers (e.g., seagrass, MPB and macroalgae) and infauna
(bioturbation).
Finally, recommendations for future work have been discussed.
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Chapter 1
Introduction
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1.1 General introduction
Numerous authors have attempted to define estuaries, but in one of the most commonly
used, an estuary is defined as “a partially enclosed coastal body of water which is either
permanently or periodically open to the sea, and within which there is a measurable
variation of salinity due to mixture of seawater with freshwater derived from land
drainage” (Day, 1981). Many coastal regions are receiving increased nutrients from
anthropogenic sources such as sewage, industrial wastes and agricultural runoff, so
eutrophication is becoming more and more rapid in these coastal ecosystems (Boynton et
al., 1996). Estuaries, especially coastal lagoons, are particularly vulnerable to such input
changes, because of their inherent characteristics, such as limited water exchange with
the adjacent oceans (Bartoli et al., 1996; Kamer et al., 2001).

The term “eutrophication” is traditionally used for nutrient enrichment of a water body.
In this thesis, however, the more valid and holistic definition proposed by Nixon (1995)
is adopted:
Eutrophication is an increase in the rate of supply of organic matter to an ecosystem.
This definition highlights the fact that eutrophication is a process, not just a nutrient
(enrichment) status of a given system. This process includes various interactions and
feedbacks between pelagic and benthic compartments within the ecosystem, inducing
changes in the dominant primary producers (Nienhuis, 1992; Ferguson, 2002). For
example, increased nutrient loadings may stimulate the growth of pelagic primary
producers, such as phytoplankton and fast-growing floating macroalgae (blooms). This,
in turn, may cause an increase in the attenuation coefficient in the water, and prevent
light from penetrating down; thus benthic primary producers such as rooted plants (e.g.,
seagrass) and benthic microalgae can be adversely affected (Duarte, 1995; Rysgaard et
al., 1996; Malta, 2000). When these easy degradable (bloom-forming) algal materials
decompose, this can lead to release of ammonium (NH4+) and orthophosphate (o-P) from
sediments, so stimulating further algal or phytoplankton production, and leading to
anaerobic, often toxic, conditions for the benthic community (Raffaelli et al., 1998).
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Macroalgal growth and seagrass decline are among the most frequently cited
management problems in estuarine ecosystems. In addition, many Australian estuaries
are small, shallow systems (Bucher and Saenger, 1984), within which it is likely that
benthic primary producers (e.g., microphytobenthos (MPB)) contribute significantly to
total carbon fixation, and may therefore play an important role in supporting the higher
food web (Sherman et al., 2000; Gay, 2002).

The shifts in the dominant primary producers because of the eutrophication, can also
modify or change the physico-chemical conditions (e.g., redox conditions) of the surface
sediments, which may result in changes in benthic biogeochemical reactions and
processes, such as, the organic matter mineralization, nitrification and denitrification in
the sediments (Eyre and Ferguson, 2002; Ferguson, 2002). These processes may
discriminate for, or against, the recycling of certain elements in shallow coastal
ecosystems (Berelson et al., 1998).

Nitrogen limitation of primary production is prevalent in major shallow coastal systems,
although phosphorus or simultaneous N and P limitation of primary production have also
been reported (Neilson and Cronin, 1979; Tenmore and Coull, 1979; Malta, 2000).
Consequently, a detailed understanding of nutrient (especially nitrogen) biogeochemical
cycles and the interaction with different primary producers (seagrass, MPB and
macroalgae) is essential for the sustainable management of these valuable estuarine
ecosystems (Harris, 1977; Yassini and Clarke, 1986; Ford and Webster, 1997; Kuster,
2000). In this thesis, studies on Lake Illawarra, NSW, Australia, are reported. These
contribute to a much improved understanding of that system, plus increase the overall
knowledge base on nutrient biogeochemical cycling in coastal water bodies.

1.2 Brief description of Lake Illawarra
Lake Illawarra is a shallow coastal lagoon, situated 80 km south of Sydney and 8 km
south of Wollongong (34°32’S and 150°50’E) (Figure 1.1). The lake is linked to the sea
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by an entrance channel, the mouth of which, until the recent construction of a training
wall, changed continuously in shape, depth, width and position. Even now the depth and
width of the entrance channel vary markedly. The waters of Lake Illawarra cover about
35 km2, draining a relatively small catchment area of approximately 235 km2. Lake
Illawarra has a maximum depth of 3.7 m with 25% of the lake less than 1.2 m (Yassini,
1985; Miller, 1998).

Lake Illawarra has attracted a good deal of local and international interest because the
lake and its surrounding foreshores provide a valuable natural resource and support
recreational activities, as well as commercial fishing. Excessive macroalgal growth and
eutrophication are the key environmental problems in this lake, and are generally
considered to be a consequence of an expansion of catchment development with
associated increases in urban, rural and industrial pollution in recent decades, which has
created a state of marked nutrient enrichment (Harris, 1977; Yassini and Clarke, 1986).

Lake Illawarra, while typical of many intertidal coastal barrier lagoons in south-eastern
Australia, is particularly shallow and large. Macrophyte beds are a dominant feature of
this lake. The largest area of macrophytes (mainly seagrass∗ Ruppia megacarpa and
Zostera capricorni) is the so called ‘eastern weed beds’ along the Windang Peninsula and
around Bevans Island (King, 1988). Besides the seagrasses and algae, there are other
primary producers of potential significance in Lake Illawarra, such as, MPB, which are
mainly distributed in the centre of the lake. MPB may play an important role in the lake’s
nutrient dynamics in two ways: through uptake of nutrients and by changing the
dissolved oxygen concentrations in the surficial sediments (LIA, 1995; Sherman et al.,
2000).

*

Some literature cited includes Ruppia as a seagrass and some do not. This is because technically
Ruppia is not real seagrass as its pollination occurs above the surface of the water (West et al.,
1989).
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Figure 1.1 Locality map of Lake Illawarra
from Soros-Longworth and McKenzie (1976)
1.3 Previous research on nitrogen in Lake Illawarra and present gaps of research
A number of nutrient studies have been conducted in Lake Illawarra in recent years. It
was found that Lake Illawarra is strongly nitrogen limited (Ellis et al., 1977; LIA, 1996);
release of nutrients from sediments in the lake has been postulated as the major supplier
(about 80%) of nutrients to the water column (Davey, 1994; LIA, 1996). LIA (1995)
stated that 644,000 kg y-1of nitrogen and 96,500 kg y-1 phosphorus are released from the
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lake sediments, external inputs account for only 18% of nitrogen supplies. Miller (1998)
concluded that the Lake Illawarra system is a net denitrifying system, when LOICZ
modelling techniques were applied. The ammonia flux from pore-water profile measured
by Webster et al. (2002) was about an order of magnitude less than the flux estimated
from the benthic chamber measurements by Davey (1994).

Several writers, however, have noted that information on internal nutrient recycling
mechanisms for Lake Illawarra and other similar lakes is lacking (LIA, 1995; Miller,
1998; Sherman et al., 2000):
1) The processes that can cause the release of nutrients from the sediment-reservoir are
complex and need to be understood. No conclusions can be made regarding the
physical

or

chemical

transformations

of

nutrients

due

to

sedimentary

oxidation/reduction reactions or physical processes (Davey, 1994).
2) No attempt was made to quantify inter- and intra-seasonal variations of nutrient
cycling in Lake Illawarra, which would contribute significantly to the understanding
of nutrients in the lake. Most of the monitoring programs conducted in recent years
have been carried out in relatively dry weather periods (Miller, 1998).
3) No measurements of the impacts of temperature variation on sediment-nutrient
release rates are available for Lake Illawarra (LIA, 1995).
4) Denitrification is likely to be a major sink for the dissolved inorganic nitrogen in
Lake Illawarra; however, the rates of denitrification/nitrification in the sediments in
this lake are unknown (Sherman et al., 2000).
5) No attempt has been made to compare the carbon production, decomposition and
benthic nutrient fluxes in sediments with different primary producers in this lake
using the sediment-core incubation technique, which has advantages in the
integration of benthic community processes.

1.4 Main objectives of this research
The main purpose of this study was to investigate the internal biogeochemical nitrogen
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cycling processes and the interactions with the carbon cycling processes in Lake
Illawarra, and to estimate the extent to which the estuary is at risk from severe
eutrophication. In order to achieve this, eight chapters are presented that address the
following objectives:
1) To update water, salinity and nutrient budgets for Lake Illawarra, using the LOICZ
modeling method based on more recent water quality data (1996 - 2000);
2) To study the spatial and temporal (seasonal and diel) variations of sediment-water
fluxes of nutrients (NOx and NH4+), alkalinity, O2 and TCO2 in Lake Illawarra using
both the sediment-core incubation and nutrient profile techniques;
3) To study the spatial and temporal (seasonal and diel) variations of sediment
denitrification rates in Lake Illawarra using both the isotope pairing and N2/Ar
techniques;
4) To assess the effects of some environmental variables (e.g., temperature, light
intensities, water mixing/stirring effects, and NO3- availability) on the benthic
metabolism and benthic nitrogen transformation processes;
5) To compare the characteristics of diagenesis and benthic biogeochemical processes
for different primary producers (seagrass, macroalgae and microphytobenthos)
and/or sediment types (sand or mud);
6) To develop and assess a conceptual model of nitrogen cycling in Lake Illawarra
(Figure 1.2).

1.5 Thesis structure
After this introduction (Chapter 1), the thesis contains seven chapters. Chapter 2 is a
review of relevant literature on nitrogen cycling processes and experimental techniques
in estuarine and coastal ecosystems. Chapter 3 describes the study sites, and
methodologies of sampling, analysis and calculations used in this project. Chapter 4
identifies and examines important biogeochemical processes in Lake Illawarra by
examining the nutrient budgets using the LOICZ modeling. Chapter 5 reports on
investigations of the sources and quality of sedimentary organic mater and the benthic
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metabolic processes in this lake in different seasons. Chapter 6 describes the
characterization of the internal nitrogen cycling processes (e.g., benthic nutrient fluxes
and denitrification) in this lake during different seasons. Chapter 7 reports on the effects
of some environmental variables on the benthic metabolism and nitrogen transformation
processes. Finally, Chapter 8 summarizes the important findings and provides some
recommendations for further research.

Light
Phytoplankton

N, P demand

Pelagic

Primary producers/Production

Settle

Pelagic-benthic coupling

Shift to eutrophication

Contribution to the phytoplankton N/P demand

Benthic

Water

MPB+Macrophytes

Water

N, P Fluxes

Sediment

Sediment
Bacterial breakdown of OM
Light

Oxic Zone

O2 reduction

Temp

NO3 reduction

CO2+N/P

Suboxic Zone

Hydrodynamics

Iron reduction
Bioturbation

Anoxic Zone

Sulfate reduction

CaCO3 dissolution

Environmental variables

Redox Sequence

ORP

OM type

OM diagenesis

Figure 1.2 Conceptual model of nitrogen cycling in Lake Illawarra.
Modified from Falkner (1991), Kristensen (2000) and Eyre et al. (2002).
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Chapter 2

Literature review on the nitrogen cycling processes and
experimental techniques in estuarine and coastal
ecosystems
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2.1 Introduction
Nitrogen and phosphorus are considered as the two most important elements in the
functioning of aquatic ecosystems (Baird et al., 1995). In freshwater systems
phosphorus is often limiting to the autotrophs. In most shallow estuaries and other
coastal ecosystems nitrogen has been identified as the key or primary nutrient limiting
primary production, and it is involved in virtually all aspects of marine ecology;
although in some circumstances, phosphorus or simultaneous/alternating N or P
limitation (perhaps due to seasonal shifts in N and P availability) have also been
reported (Valiela, 1984; Cosser, 1997; Malta, 2000). Historically, many estuaries and
other coastal marine environments received their nitrogen loading mainly from natural
inputs such as coastal seawater, the atmosphere and the watershed, but in recent decades,
many have suffered from accelerated eutrophication due to the increased nitrogen
loading from anthropogenic sources including sewage, industrial wastes, and
agricultural runoff (Seitzinger and Nixon, 1985; Cabrita and Brotas, 2000).

These nitrogen loadings are incorporated into planktonic biota, and are eventually
exported into deeper sediment layers through sedimentation of particular organic
material in estuaries (Enoksson, 1993). Processes in estuarine sediments are important
links or sinks in biogeochemical cycles of nitrogen within the ecosystems (Seitzinger
and Giblin, 1996). Firstly, sediments can act as sinks for organic matter and oxygen, and
important nitrogen sources or regenerators for the overlying water, as a result of benthic
mineralization, which often causes intense exchange between the sediment and water
column. For example, Billen and Lancelot (1988) reported that benthic nitrogen release
often supplies 30-70% of nitrogen requirements by phytoplankton. Secondly, sediments
are ideal sites for denitrification in estuarine and coastal marine ecosystems, as they
generally become anaerobic a few millimeters below the surface (Revsbech and
Jorgensen, 1986; Seitzinger and Giblin, 1996). Numerous studies have demonstrated the
quantitative significance of denitrification in estuarine sediments in removing nitrogen
from the water column, attenuating the flux of nitrogen through estuaries into the sea
10

(also acting as a sink in the global marine nitrogen budget), and thus, in ameliorating
and controlling the degree of eutrophication in waters subjected to substantial
anthropogenic inputs of nitrogen compounds (Jorgensen and Sorensen, 1988; Yoon and
Benner, 1992; Seitzinger et al., 1993; Dong et al., 2000). For example, Seitzinger and
Giblin (1996) suggested that, in estuaries, denitrification rates generally increase as a
linear function of the inorganic nitrogen loading rates with denitrification removing an
amount of nitrogen equivalent to 20-50% of the external DIN inputs, and total
denitrification losses in estuaries are of the order of 0.9×1012 mol N y-1. Furthermore,
the denitrification process converts nitrate to gaseous products, including not only
molecular nitrogen (N 2 ), but also the greenhouse gas, nitrous oxide (N 2 O), which
contributes to global warming and catalyzes the decomposition of stratospheric ozone
(Mengis et al., 1996; Bergstrom et al., 2001). It has been reported that global N 2 O
emissions from eutrophic marine systems are approximately 1.4-2.8×1012 g N
yr-1 (Butler et al., 1989)

Considerable attention has, therefore, been focused on the understanding of internal
cycling of nutrients, especially the sedimentary nitrogen cycling processes and
dynamics in coastal ecosystems suffering from severe eutrophication stress; this is
essential for the sustainable management of these valuable ecosystems (Ryther and
Dunstan, 1971; Begon et al., 1990; Ferguson, 2002; Cook, 2003). In this chapter, two
aspects are reviewed. Firstly, the major benthic nitrogen cycling processes and
dynamics in coastal ecosystems will be discussed. The second part will focus on general
experimental techniques for benthic process measurements (e.g., nutrient fluxes, benthic
metabolism and denitrification) in coastal aquatic systems.

2.2 The processes and dynamics of nitrogen cycling in coastal ecosystems
The cycling of nitrogen in any aquatic ecosystem is very complex due to different
chemical forms or species in the aqueous and gaseous phases, and complex processes
and interactions involved in the biogeochemical nitrogen cycling (Herbert, 1999). The
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most important benthic processes in the nitrogen cycle are 1) Nitrogen fixation; 2)
Organic-N synthesis from inorganic NH 4 +, NO 3 - and N 2 , and organic-N mineralization
to NH 4 +; 3) Oxidation of NH 4 + to NO 3 - (nitrification); 4) Dissimilatory reduction of
NO 3 - to N 2 (denitrification) and to NH 4 + (DNRA); and 5) Sediment-water inorganic
nitrogen (NH 4 +, NO 2 - or NO 3 - ) fluxes (Carpenter and Capone, 1983; Blackburn, 1993).
A simplified N-cycle in estuarine ecosystems is shown in Figure 2.1.
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WATER
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Organic N

NO3-
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NH4+
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NO2-
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NO3-

Aerobic
Anaerobic
Organic N

GEOPOLMERS

RESIDUAL N

NH4+

NO3Nitrate reduction

NO2N2
Denitrification

[NH4+ Clay/Humics]
Diffusion
Reaction
Sedimentation and burial

Figure 2.1 A simplified N-cycle in estuarine ecosystems (modified from Carpenter and
Capone, 1983).
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2.2.1 Nitrogen fixation
Biological nitrogen fixation is an important pathway in the nitrogen cycle. Kormondy
(1984) noted that nitrogen in the dissolved gaseous form is chemically inert and unable
to be used by the majority of plants, and the availability of nitrogen fixation is
considered as one of the major factors that regulate and control primary production in
shallow marine environments. Nitrogen fixation is the reduction of atmospheric
nitrogen (N 2 ) to NH 3 , which is subsequently incorporated into cellular material by
specialized groups of prokaryotes (e.g., blue-green algae), which possess the enzyme
nitrogenase (Capone, 1988; Valiela, 1995).

In estuarine environment, N 2 fixation can occur in the water column, at interfaces
between the water and either plants or sediments, as well as within sediments; however,
shallow benthic areas are believed to be the main sites of nitrogen fixation, especially in
rooted-macrophyte (i.e., seagrass) beds (Webb, 1981; McGlathery et al., 1998). For
example, Herbert (1999) reviewed nitrogen fixation rates for different sediments in
coastal shallow marine environments, and found that the N-fixation rates reported in
unvegetated marine sediments were generally low, ranging from 0.002 to 0.65 g N
m-2 year-1, while high rates of nitrogen fixation have been reported for temperate and
tropical seagrass meadows, ranging from 0.1 to 51 g N m-2 year-1. The results are in line
with the range of nitrogen fixation rates reported by Valiela (1984) for vegetated
sediments (0.8-76 g N m-2 year-1) and for bare sediments (0.01-2 g N m-2 year-1).
Blackburn and Sorensen (1988) also claimed that among shallow benthic systems,
nitrogen fixation appears to be particularly important in salt marsh, seagrass and coral
reef ecosystems, while nitrogen fixation is only a minor component of the nitrogen
cycle of unvegetated sediments. Capone (1988) further suggested that the reason for
high nitrogenase activity associated the rhizosphere of seagrasses, was that roots and
rhizomes could serve as a source of O 2 and labile organic carbon in sediment
environments. In addition, the nitrogen fixation activity in benthic sediments can be
influenced by many physico-chemical variables including carbon availability, O 2 ,
13

temperature, light, pH, inorganic, salinity and trace metal availability (Herbert, 1999).
2.2.2 Organic-N synthesis from inorganic NH4+, NO3- and N2 (benthic production)
and organic-N mineralization to NH4+ (benthic respiration)
Benthic metabolism may influence the nitrogen cycling through the uptake of nitrogen
during the formation of organic matter by autotrophic organisms and the regeneration of
nitrogen during respiratory destruction of organic material. The processes of benthic
primary production and respiration can be described using the following equation
(Falkner, 1991):
106 CO 2 + 106 H 2 O + 16 NH 4 + + HPO 4 2- (+trace metals + energy)

P
R

{CH 2 O} 106 (NH 3 ) 16 (H 3 PO 4 ) + 14 H+ + 106 CO 2
This is a simplified Redfield model, based on the assumptions that 1) NH 4 + is the source
of nitrogen for assimilation, and 2) organic matter consists of only carbohydrates
(CH 2 O). The (C-N-P) stoichiometry shown in the equation represents a value based on
the average contents of phytoplankton cells of many samples, but, in individual samples,
considerable variations in these elemental ratios may be observed due to nutrient
fluctuations (Valiela, 1995). Light and nutrients (nitrogen or phosphorus) are two major
variables, which are often limiting or affecting the primary production in marine
environments (Gay, 2002). In addition, the benthic metabolism may be influenced by
different primary producers such as seagrass, microphytobenthos (MPB) and
macroalgae in shallow estuarine and coastal ecosystems (Eyre and Ferguson, 2002).
Table 2.1 summarizes the rates of O 2 fluxes and gross primary production for the
benthic community in a range of systems (different primary producers, water depth
and/or different sediment types). It can be seen that the vegetated sediments (e.g.,
macroalgae or seagrass beds) showed larger diel variations in O 2 fluxes and higher
(gross) primary production than the unvegetated sediments (MPB) (Rysgaard et al.,
1996; Risgaard-Petersen et al., 1998; Trimmer et al., 2000).
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As suggested by Valiela (1984), however, the uptake of nitrogen by organisms is only a
temporary situation and regeneration and release eventually make organically bound
nitrogen newly available. Klump and Martens (1983) suggested that nitrogen
regenerated from remineralized organic matter is probably the most important mode of
benthic recycling in shallow coastal environments, while nitrification, nitrate reduction
and denitrification may determine the form and flux of nitrogen across the
sediment-water interface in marine sediments (thus control the recycling of nitrogen to
the overlying water). This is why nitrogen is often considered to be a limiting nutrient
available to the pelagic algae. Blackburn and Sorensen (1988) also stated that the
benthic N-regeneration contributes significantly to primary productivity, particularly in
shallow sediments, where a value of 30% was often observed.

15

Table 2.1 Summary of benthic light O 2 fluxes (net primary production), dark O 2 flux (respiration) and gross primary production for a range of
shallow estuarine and coastal systems. Numbers in parentheses are mean values. LIO = Loss on ignition; OC(M) = Organic carbon (matter).
Study Area
NE Kattegat

CountrySediments
Swed.

sandy silt-silty sand;

Primary

Water

O 2 light
-2

O 2 dark
-1

-2

Gross PP Methods
-1

-2

Producers

Depth (m) mM m d mM m d mM m d

MPB

0.2-0.7

MPB

35-85

Zostera

Intertidal

-5~79

-118~4

1~108

Study Period

References

-1

Incubated cores Mar 97-Feb 1998 (Sundback et al., 2000)

LIO: 1.4-4.9%
Gulf of Finland

Swed.

Basin d'Arcachon

France N/A

OC: 3.61 to 7.82%

Marennes-Oleron Bay France fine mud; OC: about 1% MPB

Intertidal

Bassin d'Arcachon

Intertidal

France tidal mudflats;

Zostera

OM: 9.9-19.9%

71~355
28~99
(60)

-13~ -11

Incubated cores July 1993

(Conley et al., 1997)

-252~ -86 114~481

Incubated cores Feb – Oct 1997

(Welsh et al., 2000)

-11～0

Incubated cores Mar-June 1999

(Laima et al., 2002)

-84~ -35
(-54)

63~183
(114)

Kertinge Nor Estuary

Den.

sandy

MPB

0.5

-60~38.4

-144~ -2

Logstor Bredning

Den.

N/A

Zostera

0.6-1.2

304~625

-290~ -152 456~915

Estuary

(465)
MPB

Risgarde Bredning &

Den.

0.6-1.2

sandy

Zostera

0.5-1

Langstone & Chichester UK

clay-fine sand,

Macroalgae Intertidal

Harbours

OM: 0.3-6.1%

Incubated cores June 93-Jan 1994 (Rysgaard et al., 1996)

16~126

(-221)

(685)

-27~ -3

-97~ -53

50~70

(-15)

(-75)

Incubated cores Jan-Nov 1992

(Rysgaard et al., 1995)

Benthic chamberApr & Aug 1995

(Risgaard-Petersen et al., 1998)

(60)

-100~175 -350~ -50 50~450

Incubated cores Mar 97-Feb 1998 (Risgaard-Petersen and Ottosen, 2000)

Bight of Aarhus Estuary
-1188~ -437 55~444

Incubated cores Aug 95-Apr 1996 (Trimmer et al., 2000)

(-576)
MPB

Intertidal

-300~ -21.6
(-134)

Tagus Estuary

Port.

mud to sand; OM: 3.2-9.0% MPB

Sylt-Romo Bay

Port.

sand; LOI:0.5-1.0%
sand; LOI: 0.5-1.0%

Intertidal

-42～25

-115~3

8~36

Incubated cores Jan 97-Apr 1998

Arenicola flatIntertidal

24±5

-24± 5

48

Bell-jar

Seagrass

44±21

-74±21

118

(Cabrita and Brotas, 2000)

Aug 90-Dec1991 (Asmus et al., 2000)
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Table 2.1 (cont.)
Study Area

CountrySediments

Primary
Producers

Ria Formosa Lagoon

Southern North Sea

Port.

Neth.

Water
depth (m)

O 2 light
-2

O 2 dark
-1

-2

Gross PP Methods
-1

-2

Study Period

References

-1

mM m d mM m d mM m d

sand; LOI: 1-1.4%

Sand + algae Intertidal

268±114

-125±29

331

sand; LOI: 1-1.4%

Sand

49±9

-20±5

59

mud; LOI: 7-8%

Mud + algae

42± 10

-24±10

54

mud; LOI: 7-8%

Mud

2±7

-5±5

5

mud; LOI: 7-8%

Seagrass

110±21

-51± 7

136

fine sands; OC: 0.12%

MPB

N/A

-6.1~ -5.6

Bell-jar

Aug 90-Dec1991 (Asmus et al., 2000)

Incubated cores July 1994

(Lohse et al., 1996)
(Hu et al., 2001)

(-5.9)
Tolo Harbour

HK

N/A

MPB

12

-54~ -18

Incubated cores June-Sep 1996

Nueces and Guadalupe USA

mud to fine sand;

MPB

N/A

-4~ -20

Incubated cores Aug 88-May 1989 (Yoon and Benner, 1992)

Estuary

OM: 4.4 to 15.3%

Chesapeake Bay

USA

N/A

MPB

1.5-20

Incubated cores Mar 86-Nov 1987 (Kemp et al., 1990)

Neuse River Estuary

USA

>95% sand; OC: 0.21%

MPB

1-4.5

15~28

-9~ -8

Incubated cores July 88-July 89

Chesapeake Bay

USA

sand-silt; OM: 0.7-4.2% MPB

1-4

-56-27

-92~ -37

Incubated cores May 90-April 1991(Reay et al., 1995)

Three North Carolina

USA

sandy to shelly mud

MPB

1-3

-42~0

Benthic chamberSep 77-Dec 1978 (Fisher et al., 1982)

Mobile Bay, Alabama

USA

OM: 1.4-3%

MPB

3

-39~ -3

Incubated cores 1993-1994

Port Phillip Bay

Aus.

sandy-sandy mud

MPB

8–20

-67~ -23

Benthic chamberSummer 94 & 95 (Berelson et al., 1998)

Huon Estuary

Aus.

fine sand - silt; OM: 2-6% MPB

Intertidal

-18~138

-62~ -13

7~160

Incubated cores 4 seasons in 2001 (Cook, 2003)

Brunswick-Simpsons & Aus.

OM rich mud (>5%) - OMMPB

0.75

-18~72

-53~0

6~96

Incubated cores 4 seasons in 1999 (Ferguson, 2002)

Sandon estuary

poor (<1%) marine sands

6 temperate Australian Aus.

OC: 0.2-6.0%

0.5-3.0

-6~20

-43~ -12

12~42

Incubated cores Feb 2000

(Rizzo et al., 1992)

Estuaries

lagoons

Different

(Cowan et al., 1996)

(Eyre and Ferguson, 2002)

PP
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2.2.3 Nitrification
Nitrification is a bacterially mediated two-stage process. In the presence of O 2 , NH 3 can
be converted by Nitrosomonas to nitrite (NO 2 -), which in turn is then further oxidized
by Nitrobacter to nitrate (NO 3 -) (Valiela, 1995; Smith et al., 1997):
+

-

NH 4 NO 2  NO 3

-

Nitrosomonas and Nitrobacter are slow growing, obligate aerobic, chemo-lithotrophic
bacteria, and they are difficult to isolate (Lubberding, 1996).

Nitrification in estuarine and coastal sediments may be regulated by some
physico-chemical variables (e.g., temperature, oxygen, ammonium, salinity, toxic and
stimulating compounds, carbon dioxide and pH) (Henriksen and Kemp, 1988). For
example, Lohse et al. (1993) observed that increased temperature and ammonium
additions exhibited a positive influence on the abundance of nitrifying bacteria and on
the in situ nitrification activity in North Sea sediments; while summer minima of
sediment nitrification was observed in the Chesapeake Bay (Kemp et al., 1990), which
may be explained by the occurrence of anoxia (low O 2 concentration limitation) and
free sulfide (HS- inhibition) in the sediment. The influence of sulfide inhibition was
further investigated by Samantha et al. (1995), who found that when 60 and 100 µM
hydrogen sulfide was added to estuarine sediment slurries, nitrification was rapidly and
substantially reduced (by 50 and 100 %, respectively).

Biological and ecological factors (e.g., diatom interactions, macrofaunal interactions
and macrophytes effects) could also have an effect on nitrification (Henriksen and
Kemp, 1988). For instance, the stimulation of nitrification and denitrification activities
by the presence of burrowing benthic infauna (bioturbation) in the sediment has been
described in many studies, which may be due to the higher sediment surface and NH 4 +
availability in the burrow environment (Henriksen and Kemp, 1988; Rysgaard et al.,
1996). Relatively higher nitrification rates were often observed in rooted macrophyte
beds than those in the unvegetated sediments, and the mechanism for this stimulation
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has been attributed to release of oxygen from the roots and rhizomes in the otherwise
anoxic zone of the sediments (Iizumi et al., 1980; Caffrey and Kemp, 1990). Most
nitrification rates in the estuarine and coastal marine sediments reported in the literature
are in the range of 2-20 nmol N cm-2 h-1 (Henriksen and Kemp, 1988).
2.2.4 Dissimilatory nitrate reduction
The dissimilatory nitrate reduction process is different from assimilatory nitrate
reduction. In assimilation reduction, the oxidized nitrogen (nitrate and or nitrite) is
reduced to ammonium, which is utilized by the cell for the formation of amino acids,
nucleic acids, etc. (cellular materials or biomass). This process proceeds at the expense
of light energy (photosynthetic organisms) or energy reserved in organic compounds
(heterotrophic organisms) (Day et al., 1987). On the other hand, in dissimilatory
reduction, nitrate is not used as a nitrogen source, but as the terminal electron acceptor
of respiration in stead of oxygen; the reaction is inhibited by oxygen not ammonium;
and the energy for syntheses of cellular materials is generated (Hattori, 1983; Falkner,
1991). Two different modes of dissimilatory nitrate reduction can be observed:
denitrification and dissimilatory nitrate reduction to ammonium (DNRA) (Hattori,
1983).
Denitrification and coupled nitrification-denitrification
Denitrification is defined as the denitrifying bacterial reduction of nitrate and nitrite to
gaseous N species (nitrous oxide and/or molecular nitrogen) under anaerobic conditions
(Seitzinger, 1993; Risgaard-Petersen et al., 1994). The sources of NO 3 - for
denitrification occurring in anoxic sediments include: 1) nitrate diffusing from the water
column (direct denitrification, Dw), and 2) nitrate produced through the oxidation of
ammonium to nitrate by nitrifying bacteria (coupled nitrification-denitrification, Dn)
(Seitzinger, 1993).
-

-

NO 3  NO 2  NO  N 2 O N 2

Denitrification is considered as an important sink or pathway for nitrogen loss from
estuarine and coastal systems to the atmosphere (Jensen et al., 1988). Therefore, it is
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vital to gain detailed information about the temporal (both short term and long term)
and spatial variations of denitrification and understand the complex regulation of
denitrification, so we can better predict the role of denitrification in these systems
(Jensen et al., 1988).

Estuarine denitrification is influenced directly or indirectly by a broad range of
environmental and biochemical factors. Direct (microbe level) effects on the process
include: 1) substrate (nitrate) availability, 2) oxygen availability or concentration, 3)
organic matter supply, and 4) temperature (Seitzinger, 1988; Rysgaard et al., 1994; Kana
et al., 1998). For example, investigations of the effects of the nitrate availability and
temperature on denitrification have indicated that, in general, nutrient (NO 3 -)
enrichment and higher temperatures enhanced the (direct) denitrification (Nowicki,
1994; Weston et al., 1996). Numerous studies have found that the denitrifying activity is
positively related to the organic carbon contents in sediments or the availability of
electrons in organic carbon compounds (Knowles, 1982; Tomaszek and Czerwieniec,
2003). Seitzinger (1988) suggests that an oxygen concentration of ~ 0.2 mg L-1, or less,
is required for denitrification in the water or sediments. In a natural system, however,
these factors may interact dynamically, so it is difficult to separate the effect of one
factor on the denitrification rates (Cabrita and Brotas, 2000). For instance, Nielsen et al.
(1995) suggested that the denitrification based on NO 3 - from water is controlled by both
the NO 3 - concentration and the penetration depth of oxygen or the thickness of the oxic
surface layer, which served as a diffusion barrier for NO 3 - to the denitrification zone.
Christensen et al. (1990) further developed a diffusion-reaction model to estimate
denitrification rates from O 2 respiration rates and O 2 and NO 3 - concentrations in the
water.

In addition, benthic primary producers such as microphytobenthos (MPB) and
macrophytes can modify the chemical and physical conditions of surface sediments,
thus affecting denitrification (Eyre and Ferguson, 2002). For example, studies on the
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influence of MPB on denitrification in estuarine sediments by Rysgaard et al. (1995)
indicated that benthic photosynthesis may: 1) inhibit denitrification (Dw) as a result of
deeper oxygen penetration and thus increased NO 3 - diffusion path length (from water
column to the sediments); and 2) stimulate nitrification-denitrification (Dn) due to O 2
production, especially during cold seasons when nitrogen concentrations in the water
column are high. On the other hand, the results of previous studies on denitrification in
rooted vegetated sediments are contradictory. For example, some studies reported higher
rates in vegetated sediments than in bare sediments (e.g., Caffrey and Kemp, 1992;
Risgaard-Petersen and Jensen, 1997) (Figure 2.2a&b), while others reported lower rates
in seagrass beds than in unvegetated sediments (e.g., Risgaard-Petersen and Ottosen,
2000) (Figure 2.2c). This may be because macrophytes can influence sediment
denitrification

in

two

opposing

ways:

1)

they

can

stimulate

coupled

nitrification-denitrification by the oxygenation the upper sediments and the release of
dissolved organic carbon through the roots and the trapping of particulate carbon in
their above-ground biomass; and, 2) they can inhibit the denitrification due to the
enhanced competition for nitrogen between the plant (root) and nitrifying and
denitrifying bacteria (Rysgaard et al., 1995; Risgaard-Petersen and Jensen, 1997; Welsh
et al., 2000). Therefore, the influence of (rooted) macrophytes on the denitrification
activity will depend on the relative balance between these two opposing processes or
effects (Welsh et al., 2000).
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Figure 2.2 Rates of denitrification in a) Lobelia-vegetated sediments and bare
sediments (Risgaard-Petersen and Jensen, 1997); b) Potamogeton-vegetated sediments
and bare sediments (Caffrey and Kemp, 1992); and c) Zostera-sediments and bare
sediments (Risgaard-Petersen and Ottosen, 2000). Errors bars are SE.

Furthermore, numerous studies have suggested that at the ecosystem scale,
denitrification is influenced by seasonal variations of environmental variables,
hydrodynamics of the system (e.g., the residence time of water), infauna bioturbation,
organic cycling, and anthropogenic effects on nutrient loading (Kemp et al., 1990; Kana
et al., 1998; Cornwell et al., 1999).
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Table 2.2 summarizes the denitrification rates reported for different types of sediments
colonized with different primary producers (e.g., MPB, rooted macrophytes and
macroalgae) in shallow coastal ecosystems located in different countries. The rates were
measured using different techniques (e.g., direct N 2 fluxes, acetylene inhibition
technique,

15

N isotope tracer, isotope pairing (IP), N 2 /Ar), and ranged from 0 to 650

µmol m-2 h-1 (0-520 µmol m-2 h-1 in Australia). This is in line with the range of
denitrification rates reviewed by Seitzinger (1988) for various estuarine and marine
systems. It was found that the rates commonly range between 50 and 250 µmol m-2 h-1,
with extremes from 0 to 1067 µmol m-2 h-1. In addition, several studies using the
isotope-pairing technique suggested that the coupled nitrification-denitrification
dominated the total denitrification (>50%) in most shallow coastal ecosystems (Table
2.2).
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Table 2.2 Summary of denitrification rates reported in shallow coastal systems. Numbers in parentheses are mean values. AIT=acetylene inhibition, IP= isotope pairing
Location

Country

Sediments

Primary
Producer

Water

-2

Japan

fine sand

MPB+macroalgae Intertidal 99.6±23.5

Tagus estuary

Portugal

mud to sand; OM: 3.2-9.0%

MPB-bare

NE Kattegat

Sweden

sandy silt-silty sand; LIO: 1.4-4.9% MPB-bare

Langstone & Chichester

UK

clay-fine sand, OM: 0.3～6.1%

Logstor Bredning Estuary

Risgarde Bredning &

-1

Methods Study

(%)

depth (m) (µM m h )

Tokyo Bay

harbours

Dn

Rates

Reference

Period
AIT

Sep-97

(Kuwae et al., 1998)

Intertidal 20-250

55-90 (73)IP

Jan 97-Apr 1998 (Cabrita and Brotas, 2000)

0.2-0.7

57-80 (70)IP

Mar 97-Feb 1998 (Sundback et al., 2000)

0-96 (44) IP

Aug 95-Apr 1996 (Trimmer et al., 2000)

0.02-40

With and without Intertidal 0-55 (11)
Macroalgae

Denmark

Denmark

Bight of Aarhus Estuary

N/A

Zostera -surface 0.6-1.2

2 –19

IP

N/A

Rhizomes

0.6-1.2

4–6

Perfusion Apr and Aug 1995

sandy

Zostera marina

1

10 (±1)

50

IP

Mar 97-Feb 1998 (Risgaard-Petersen and Ottosen, 2000)

sandy

Bare-MPB

1

23 (±2)

73

IP

Mar 97-Feb 1998

Basin d'Arcachon Lagoon

France

N/A

Zostera noltii

Intertidal 2–6

Etang du Prevost lagoon

France

OM: 10.1%

Macroalgae

1.5

Bassin d'Arcachon

France

tidal mudflats; OM: 9.9-19.9%

Zostera

Intertidal 0-19.5 (5.3)

Southeastern North Sea

Netherlands very fine sand; OC: 0.06-1.28%

Bare-MPB

19-50

52-77 (65)IP

2.5-45.8 (22) 40

Apr and Aug 1995 (Risgaard-Petersen et al., 1998)

Feb- Oct 1997

(Welsh et al., 2000)

IP

June 93-Jan 1994 (Rysgaard et al., 1996)

IP

June 93-Jan 1994 (Rysgaard et al., 1996)

0-8

AIT

Aug 91-Feb 1992 (Lohse et al., 1993)

10-70 (34)

N 2 /Ar

Feb-2000

58

6 temperate Australian lagoons Australia

OC: 0.2-6.0%

Different PP

0.5-3.0

Humon Estuary

Australia

fine sand - silt; OM: 2-6%

MPB-bare

Intertidal 0-5.5 (2)

70

IP

4 seasons in 2001 (Cook, 2003)

Brunswick-Simpsons and

Australia

OM rich mud (>5%) -

MPB-bare

0.75

5-520 (112)

71

N 2 /Ar

4 seasons in 1999 (Ferguson, 2002)

MPB-bare

8-20

0-223(85)

N 2 /Ar

Jan 94 & Feb 1995(Berelson et al., 1996)

Sandon estuary
Port Phillip Bay

(Eyre and Ferguson, 2002)

OM poor (<1%) marine sands
Australia

sandy-sandy mud

Nueces and Guadalupe Estuary USA

mud to fine sand; OM: 4.4 to 15.3% Bare-MPB

?

4.0-71.1

N 2 flux Aug 88-May 1989 (Yoon and Benner, 1992)

Narragansett Bay, Boston HarborUSA

sand/silt

Bare-MPB

1–13

0-195

N 2 fluxes1989-1990

(Nowicki, 1994)

Narragansett Bay, Rhode Island USA

silt-clay

Bare-MPB

7-30

39-109 (59)

N 2 fluxesMar - Nov 1979

(Seitzinger et al., 1984)

Chesapeake Bay

USA

N/A

Bare-MPB

1.5-20

0.2-26.2

AIT

Ochlockonee Bay

USA

mud-medium sand

MPB-bare

1-8

0-15 (6.3)

N 2 flux Apr 84-May 1985 (Seitzinger, 1987)

Choptank River Estuary

USA

N/A

Submerged plant 1.5

420-650

15

N tracer May & July, 1991 (Caffrey and Kemp, 1992)

290-340

15

N tracer

and Pawcatuck Estuary

Bare-MPB

1.5

Mar 86-Nov 1997 (Kemp et al., 1990)
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Nitrate ammonification
Nitrate ammonification is the alternative pathway of nitrate reduction, which is defined
as the dissimilatory nitrate reduction to ammonium (DNRA) by nitrate ammonifying
bacteria (mainly fermentative bacteria such as Clostridia) under anaerobic conditions
(Brennan and Wilson, 1993):
-

-

NO 3  NO 2  NH 4

+

Kelso et al. (1997) stated that the ratio between available electron donors (i.e., carbon)
and electron acceptors (i.e., NO 3 -) influences the nitrate reduction pathways and end
products. Falkner (1991) also suggested that DRNA is favoured when electron acceptors
(NO 3 -) are limited and a high amount of reduced carbon is present, while denitrification
is favoured when carbon is limited. In addition, like the denitrification process, DNRA
is also inhibited by O 2 (Hattori, 1983).
2.2.5 Sediment-water fluxes of inorganic nitrogen (NH4+, NO2- or NO3- )
Sediment-water interaction is an important process in the N cycle in aquatic systems
(McCaffrey, 1980; Fisher et al., 1982). For example, Clavero et al. (2000) stated that
nutrient regeneration in benthic sediments can be an important factor in controlling the
trophic status of aquatic systems, as nutrient release from sediments can supply a
significant fraction of the nutrient requirement of primary producers in overlying water
especially in shallow estuarine and coastal marine systems (Callender and Hammond,
1982; Kelderman, 1999).

Several factors can affect the sediment-water interaction including temperature, redox
potential, sediment type and N concentrations in water and sediment (Kelderman, 1999).
For instance, a strong correlation between nutrient fluxes and temperature has been
observed in numerous studies, indicating that temperature influences the exchange or
diffusion and metabolic activity of benthic organisms (Fisher et al., 1982; Kelderman,
1984). Day et al. (1987) also observed that sediment nutrient release rates are
temperature dependent, with the temperature relationship being of an exponential nature
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(Figure 2.3a).

The effect of redox conditions on nutrient fluxes has also been investigated by many
researchers. For example, nutrient fluxes were measured in oxic and anoxic conditions
by Brennan and Wilson (1993) on the intertidal mudflats of the Shannon estuary
(Ireland). Ammonium flux from sediment to the water was significantly higher during
the anoxic phase than the oxic phase of the incubations (Figure 2.3b), probably due to
the increased dissolution/release of NH 3 adsorbed on particles at reduced redox
potential, as well as to die-off from biogenic materials (Berner, 1980; Falkner, 1991;
Kelderman, 1999), while the presence of an aerobic layer at the sediment-water
interface may be a barrier to the upward diffusion of ammonium (Nedwell et al., 1993).
As for phosphate, markedly lower (close to 0 µmol m-2 h-1) fluxes occurred in aerobic
conditions than in anaerobic conditions, and this is because in oxygen-rich sediments,
iron will be in the Fe(III) form, which forms an very insoluble bonding with phosphate
(Kelderman, 1999).

Benthic animals can also influence nutrient fluxes, e.g., the enhancement of ammonium
flux by Chironomus plumosus larvae in a eutrophic lake sediment in southern Sweden
was observed by Svensson (1997) (Figure 2.3c). It was suggested that the benthic
animals affected or enhanced the ammonium flux mainly in three ways: 1) the physical
effects of animal bioturbation or irrigation, i.e., the transport of accumulated ammonium
in the sediment; 2) ammonium excretion by benthic animals; and 3) enhanced bacterial
metabolic activity in or close to the burrow walls (Gardner et al., 1993; Svensson,
1997).

The sedimentary organic matter quality is another factor of importance for the
sediment-water exchange of nutrients, e.g., a negative correlation was observed between
the ammonium fluxes and C/N ratio of surface sediments in a shallow estuary (Palmone
River, Southern Spain) (Clavero et al., 2000) (Figure 2.3d). In addition, as
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sediment-water interaction is mainly a diffusion-driven process, the nutrient
concentration gradient (difference between the sediment and the overlying water)
greatly affects the nutrient exchange fluxes (Kelderman, 1999).
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Figure 2.3 Nutrient fluxes response to changing environmental conditions. a) Exponential
relationship between the temperature and the rate of DIN fluxes (Day et al., 1987). b) The effect
of redox conditions on nutrient fluxes (Brennan and Wilson, 1993). c) The effect of benthic
animals (Chironomus plumosus larvae) on ammonium fluxes (Svensson, 1997). d) The
relationship between the sedimentary organic matter quality (C/N atom ratios) and ammonium
fluxes (Clavero et al., 2000).

Primary producers such as MPB, macroalgae and seagrass in estuarine or marine
systems can also influence sediment- water exchange of nutrients (Eyre and Ferguson,
2002). It has been suggested that MPB can influence the nutrient flux by the direct algal
uptake, or by changes in the O 2 conditions at the sediment-water interface; for example,
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the O 2 production by photosynthesis may prevent the release ammonium and phosphate
from sediments (Sundback and Graneli, 1988; Eyre and Ferguson, 2002). The effect of
macroalgae uptake on the benthic ammonium flux was tested by McGlathery et al.
(1997), and the results suggested that in high light (fast-growing phase) the macroalgae
mat can efficiently absorb or intercept ammonium release from sediments to the water
column, and the benthic flux may shift to an influx from water to sediments, if the
benthic flux is insufficient to meet macroalgae demands. On the other hand, the
deposition of large quantities of phytoplankton detritus (organic matter) may lead to
anoxic conditions in the sediment, thus enhance the ammonium fluxes (Eyre and
Ferguson, 2002).

Table 2.3 summarizes the inorganic nitrogen flux rates measured using different
techniques in shallow estuarine and marine ecosystems. The flux rates were found to be
quite variable both spatially and temporally, as in a natural ecosystem they are
influenced by many physico-chemical, biological and environmental factors as
discussed above. Some common patterns were, however, observed: 1) in the light
conditions, the inorganic nitrogen fluxes showed reduced nitrogen releases or enhanced
uptakes (Reay et al., 1995; Rysgaard et al., 1995; Sundback et al., 2000; Ferguson, 2002;
Cook, 2003); 2) seagrass beds generally displayed higher uptakes than the unvegetated
sediments (Risgaard-Petersen et al., 1998; Welsh et al., 2000); 3) in most coastal
environments, the majority of the recycled N released from sediments to water is in the
form of NH 4 + (Kemp et al., 1990; Yoon and Benner, 1992; Reay et al., 1995; Berelson
et al., 1998).
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Table 2.3 Summary of benthic inorganic nitrogen fluxes measured in light and/or dark incubations in shallow coastal systems. The units for fluxes
are µmol m-2 h-1. Numbers in parentheses are mean values
Study Area

Chesapeake bay

CountrySediments

USA

N/A

Water

Producers

Dep. (m) flux

Bare-MPB 1.5~20

Neuse River Estuary USA

>95% sand; OC 0.21% Bare-MPB

Chesapeake bay

sand-silt;

USA

1~4.5

Bare-MPB 1~4

OM 0.7-4.2%
Three North Carolina USA

NH 4 + light NH 4 + dark

Primary

flux

NOx light NOx dark

DIN light

DIN dark

Methods

Study

flux

flux

flux

*

period

-100~370

1

Mar 86-Nov 1987 (Kemp et al., 1990)

1

July 88-July 89

(Rizzo et al., 1992)

1

May 90-Ap 1991

(Reay et al., 1995)

2

Sep 77-Dec 1978

(Fisher et al., 1982)

1

Aug 88-May 1989 (Yoon and Benner, 1992)

1

1993-94 monthly

(Cowan et al., 1996)

-100~350

flux
-100~35

-12~ -3

13~22

-6~10

7~9

-13~184

-4~377

-21~7

-23~12

-34~184

20~381

(93)

(157)

(-5.6)

(-3.8)

(87)

(153)

References

sandy to shelly mud

Bare-MPB 1~3

0~224

0~3.21

Nueces & Guadalupe USA

mud to fine sand;

Bare-MPB N/A

8.4~101.5

0~17.5

8.4~101.9

Estuary

OM 4.4 to 15.3%

(49)

(8.4)

(57)

Mobile Bay, Alabama USA

OM 1.4-3%

Bare-MPB 3

-22~181

-14~67

Port Phillip Bay

Aus

sandy-sandy mud

MPB-bare

8~20

17.5~500

22.5~517

2

Summer 94 & 95

(Berelson et al., 1998)

Humon Estuary

Aus

fine sand - silt;

MPB-bare

Intertidal -28~75

-10~95

-40~5

-14~5

-42~75

-25~100

1

4 seasons in 2001

(Cook, 2003)

MPB-bare

0.75

-200~70

-100~220

-80~2

-130~0

-220~10

-80~150

1

4 seasons in 1999

(Ferguson, 2002)

-200~5

-5~100

-125~0

-50~0

1

Feb 2000

(Eyre and Ferguson, 2002)

1

June-Sep 1996

(Hu et al., 2001)
(Ogilvie et al., 1997)

Estuaries

-2~38

OM 2-6%
Brunswick-Simpsons & Aus

mud (>5%) -

Sandon estuary

marine sands (<1%)

6 temperate Aus.

Aus

OC 0.2-6.0%

different PP 0.5~3.0

HK

N/A

Bare-MPB 12

lagoons
Tolo Harbour

River Colne Estuary UK

medium sand; OC 0.2% Bare-MPB

41~613

73~93

60~640

N/A

52~745

-908~92

1

April 93-Aril 94

Intertidal -80~220

-20~290

-1400~20

-980~10

1

Aug 95-Apr 1996 (Trimmer et al., 2000)

0.2~0.7

5~70

-60~20

-10~50

1

Mar 97-Feb 1998

-silt; OC 3-4%
Langstone & ChichesterUK

clay-fine sand,

MPB+

harbours

OM 0.3～6.1%

Macroalgae

sandy silt-silty sand;

MPB-bare

NE Kattegat

Swed.

-30~30

-70~20

-20~80

(Sundback et al., 2000)

LIO 1.4-4.9%
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Table 2.3 (cont.)
Study Area

CountrySediments

Primary
Producers

Gulf of Finland

Swed.

Water

NH 4 + light NH 4 + dark

Dep.(m) flux

flux

NOx light NOx dark

DIN light

DIN dark

flux

flux

flux

9.37~34.7

flux

OC 3.61 to 7.82%

Bare-MPB 35~85

Kertinge Nor Estuary Den

sandy

Bare-MPB 0.5

Aarhus Bay

Den

silty-mud

Bare-MPB 15

Logstor Bredning

Den

N/A

Zostera

0.6~1.2

-125~0

-63~0

-500~ -250 -208~ -42

Estuary

N/A

MPB-bare

0.6-1.2

-42~0

-25~0

-125~ -83

Risgarde Bredning & Den

sandy

Zostera

0.5~1

-50~175

MPB-bare

Intertidal

29~138

-10~330

-5~750

-6.8~12.5
-130~10

19~26

Methods

Study

References

period

16.9~49.6

1

Jul-93

(Conley et al., 1997)

-70~750

1

Jan-Nov 1992

(Rysgaard et al., 1995)

13~29

1

June 87-Dec 1988 (Jensen et al., 1990)

-625~ -250

-271~ -42

2

Apr & Aug 1995

(Risgaard-Petersen et al., 1998)

-125~ -125

-67~ -42

-250~8

1

Mar 97-Feb 1998

(Risgaard-Petersen and Ottosen, 2000)

-69~ -21

1

Mar-June 1999

(Laima et al., 2002)

1

June 93-Jan 1994

(Rysgaard et al., 1996)

1

June 93-Jan 1994

(Rysgaard et al., 1996)

1

Feb - Oct 1997

(Welsh et al., 2000)

1

Jul-94

(Lohse et al., 1996)

3

Aug 90-Dec1991

(Asmus et al., 2000)

3

Aug 90-Dec1991

(Asmus et al., 2000)

1

Jan 97 to Apr 1998 (Cabrita and Brotas, 2000)

-80~30

-130~330

-13~10

-42~ -42

Bight of Aarhus Estuary

Marennes-Oleron Bay France fine mud; OC 1%
Etang du Prevost

France OM 10.1%

Macroalgae 1.5

lagoon

Bassin d'Arcachon

France tidal mudflats;

Zostera

Southern North Sea

France N/A

Neth.

-96~650

-262~96

-270~96

-600~413

-367~746

(24)

(328)

(-71)

(-75)

(-47)

(253)

-67~33

-83~4

-58~0

-167~ -104

-117~ -67

(-30)

(-39)

(-29)

(-135)

(-92)

-700~ -50

-2200~ -100 -1000~ -75

-2400~ -800

-900~ -750

493± 65

-3 ± 12

89

507

Intertidal -108~-41

OM9.9-19.9%
Basin d'Arcachon

-338~317

(-78)
Zostera

Intertidal -650~ -180

84 ± 31

N/A

Bare

fine sands;

Bare-MPB N/A

OC 0.12%
Ria Formosa Bay

Port.

Sylt-Romo Bay

Port.

Tagus estuary

Port.

6 ± 10

9~16.1

9.8~11.4

(10.9)

(10.6)

13.3~24.5

sand; LOI1-1.4%

Sand+algae Intertidal Nd**

nd

-3± 4

-19± 16

sand; LOI1-1.4%

Sand

nd

nd

-2± 16

11± 18

mud; LOI 7-8%

Mud+algae

53± 60

253± 186

-63± 40

33± 27

-11

283

mud; LOI 7-8%

Mud

33± 53

206± 76

-12± 6

16± 27

18

223

mud; LOI 7-8%

Seagrass

-92

27

-63± 28

-30± 16

-160

-5

sand; LOI 0.5-1.0%

Arenicola

55± 77

-92± 51

-132± 40

-99

-78

sand; LOI 0.5-1.0%

Seagrass

-85± 63

-96± 37

-65± 37

-160

-157

mud to sand;

MPB-bare

Intertidal -2± 48

-55± 46
Intertidal

18~94

-806~1761

-790~1797

OM: 3.2-9.0%

* Methods: 1 = Incubated core, 2 = Benthic chambers and 3 = Bell-jar. ** Nd= not determined
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2.3 Techniques for benthic process measurements in aquatic systems

2.3.1 Techniques for the benthic metabolism measurements
Numerous reviews have reported on the techniques for measuring the benthic
metabolism (production and/or respiration rates) in estuarine and other aquatic
ecosystems (Beardall and Light, 1994; Underwood and Kromkamp, 1999). Some
commonly used methods include the O 2 (Anderson et al., 1986) or TCO 2 (Berelson et
al., 1998; Hammond et al., 1999) exchange or flux method,

14

C fixation technique

(Darley et al., 1976) and oxygen microelectrode technique (Revsbech and Jorgensen,
1986). Recently, Webster et al. (2002) reported a computation method based on
measured sediment Chlorophyll-a concentrations and light-dependent models.

1) The oxygen or TCO 2 exchange method
The oxygen exchange method is the simplest technique for estimating benthic
metabolism rates. In brief, it involves determining the changes in O 2 concentrations in
water overlying the sediment over a specific time period under light and dark treatments
in intact sediment cores under laboratory or in situ conditions. The gross primary
production is then calculated from the difference between the light (net primary
production) and dark fluxes (dark respiration) (Dalsgaard et al., 2000). However, the O 2
exchange method has some potential problems or sources of errors: 1) the rate of
respiration and chemical oxidation may not be the same in the light as in the dark
(Revsbech and Jorgensen, 1981); and 2) it cannot measure the anaerobic respiration
(Anderson et al., 1986).

In the TCO 2 exchange method, TCO 2 and alkalinity fluxes instead of O 2 fluxes are used
for estimating the benthic primary production and respiration rates. It has been
suggested that the TCO 2 flux method has two major advantages compared with the O 2
flux method: 1) it covers both aerobic and anaerobic mineralization since both yield
CO 2 as the ultimate oxidation product of carbon; 2) the mass transfer relationships in
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the benthic food web are preferentially expressed in terms of carbon (Anderson et al.,
1986).

Knox (1986) stated that because of the complexity of benthic community structure in
estuarine ecosystems (e.g., different primary producers), holistic approaches to the
measurements of community metabolism as a whole have been increasingly utilized.
Therefore, the O 2 and/or TCO 2 fluxes methods have been used to study benthic
metabolism in many shallow coastal European systems under the Nitrogen Cycling in
Estuaries (NICE) project (Dalsgaard et al., 2000), and in several Australian estuaries
(Berelson et al., 1996; Eyre and Ferguson, 2002; Ferguson, 2002; Cook, 2003).

2)

14

C fixation technique

Using the 14C incorporation technique, the benthic primary production is measured by
determining the light and dark HCO 3 - fixation of intact cores with trace amounts of
radioactively labeled bicarbonate added to the water overlying the sediment (Revsbech
and Jorgensen, 1981; Cook, 2003). The HCO 3 - fixation method has several advantages
over oxygen methods; for example, oxygenic and anoxygenic photosynthesis are both
quantitatively included in the measurement (Revsbech and Jorgensen, 1981). A
potential problem or limitation of this method is the uneven diffusion of H14CO 3 throughout the sediment core (Beardall and Light, 1994). It has been suggested that
this problem may be overcome using the slurry technique, but, with slurries the
existing microorganisms and the integrity of the cores are destroyed (Underwood and
Kromkamp, 1999).

3) Oxygen microelectrode technique
The oxygen microelectrode technique was developed by Revsbech and Jorgensen
(1986), and it has been used for measuring microbial photosynthesis and respiration in
a variety of sediments and algal mats (Underwood and Kromkamp, 1999). For this
method, the depth profiles of gross photosynthesis are obtained from the rates of
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decrease in O 2 concentration during the first few seconds after darking the sediment,
and net rate of photosynthesis of photic zone is calculated from the O 2 concentration
gradients measured at a steady-state, while the respiration can be calculated from the
differences between the gross and net primary production (Glud et al., 1992). The
advantages of the oxygen microelectrode technique over the traditional gas exchange
or

14

C-isotope methods are: 1) it has high degree of spatial and temporal resolutions,

which is useful for examining small-scale distribution of photosynthetic activity and
characteristics within sediments (Beardall and Light, 1994); and 2) the method is
nondestructive, and repetitive measurements can be made on the same cluster of
microalgae (Revsbech and Jorgensen, 1986). However, this technique also has its
limitations; for example, the construction of a complete photosynthesis profile curve is
time consuming; scaling up the measurements in microenvironments to larger areal
rates is contentious (Underwood and Kromkamp, 1999).

4) Computation method
Recently, Webster et al. (2002) introduced a computation method to calculate/estimate
the benthic primary production in shallow estuarine systems (e.g., Lake Illawarra)
based on a mathematical formation of the relationship between photosynthesis and
light (i.e., light-dependent models), assuming that only chlorophyll concentrations (i.e.,
sediment Chl-a) and the available light limit the rate of photosynthesis. Though this
novel methodology has an advantage of being free of the scale limitations of cores and
benthic chamber, it has some potential limitations: 1) it is difficult to accurately
measure the surface sediment Chl-a concentrations; and 2) it can only be used to
estimate the benthic primary production for MPB, not for other benthic primary
producers such as seagrass and macroalgae in estuarine systems.

2.3.2

Techniques for the determination of nutrient fluxes between sediment

and water column
The important role of benthic sediment-water interactions in nitrogen cycling has led to
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a number of techniques being developed to measure benthic nitrogen fluxes in
estuarine and coastal ecosystems. The principal methods of estimating benthic fluxes
include pore water profiles (Hammond et al., 1999; Webster et al., 2002),
sediment-core incubations (Risgaard-Petersen and Ottosen, 2000; Welsh et al., 2000)
and in situ benthic chambers or bell jars (Davey, 1994; Berelson et al., 1998;
Hammond et al., 1999; Clavero et al., 2000).
1) Nutrient profiles
Vertical fluxes of solutes (nitrogen) diffusing between the sediment and overlying
waters can be calculated from Fick’s First Law of Diffusion: Js = -φ Ds (∂C/∂x) x=0
(Please refer to Section 3.5.2 for details). The major controls on diffusive fluxes are the
sediment porosity (φ), whole sediment diffusion coefficient (Ds) and vertical
concentration gradient at the sediment-water interface (∂C/∂x) x=0 (Berner, 1980).

The concentration gradient can be obtained and calculated from the pore water
chemistry within the sediment cores (nutrient profiles) using conventional techniques
including in situ multiple sipper and coring/centrifugation (cm scale) (Udy and
Dennison, 1996; Kuwae et al., 1998), and a high-resolution microelectrode (mm scale)
(Mortimer et al., 1999). The whole-sediment diffusion coefficient can be estimated
using the molecular diffusion coefficient after temperature correction and tortuosity
(Krom and Berner, 1980; Boudreau, 1996; Webster et al., 2002). Furthermore, it has
been suggested that the molecular coefficient may be enhanced by physical (current
and wave actions) and biological (bioturbation or bioirrigation) effects, which can be
studied or modeled by: 1) estimating the advective fluxes from laboratory tracer
experiments, and 2) comparing the calculated diffusive flux and directly measured
fluxes using the incubated cores, benthic chamber or bell jar, which can integrate the
diffusive and advective transport of pore-water by means of bioturbation or
bioirrigation processes (McCaffrey, 1980; Nicholson et al., 1999).
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2) Incubated cores

The incubated core technique requires the recovery of intact or undisturbed cores,
which

can either be incubated in the laboratory in a batch mode or in a continuous

flow-through system under in situ conditions (Elderfield et al., 1981). Due to the
heterogeneous benthic environment in aquatic systems, high variabilities (imprecision)
in flux measurements using incubated cores have often been reported in previous
studies (Berelson et al., 1998; Eyre & Ferguson, 2002; Qu et al., 2003). Therefore,
attention must be paid to the representativeness of the sediment types, e.g., on the basis
of the median grain size, and a minimum of triplicate cores and parallel benthic flux
measurements are often required in order to adequately describe benthic community
processes at sites in shallow estuaries (Kelderman, 1999; Dalsgaard et al., 2000;
Ferguson, 2002). This method is relatively cheaper and less complex compared with
the in situ benthic chamber technique, and incubation or experimental conditions can
be easily regulated; thus this technique is often used to investigate the effects of
environmental variables (temperature, light, pH, redox potential and resuspension) on
nutrient fluxes (Kelderman 1999).

3) Benthic chambers

Various forms of benthic chambers (rigid or flexible) have been used for in situ benthic
nutrient flux measurements. During the incubations, the changes of some
physico-chemical parameters relevant to nutrient fluxes in the overlying water column
(e.g., pH, DO and temperature) can be monitored or recorded. Therefore, this
technique is very useful for interdisciplinary research (e.g., microbiology, biology and
chemistry), especially for benthic community studies, as it can provide information on
primary production, microbial processes and sediment-water interactions (Kelderman,
1999). For example, in situ profiles of nutrients, diel and seasonal variations in nutrient
fluxes, and the growth of filamentous algae (Cladophors sericea) were determined in a
shallow Danish bay using incubation chambers by Thybo-Christesen et al. (1993), who
suggested that the benthic chamber method is also suitable for monitoring and studying
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the environmental effects of algal mats. In addition, the results from chamber
experiments have been proved to be very close representations of the natural fluxes by
many experiments (Berelson et al., 1996). However, perturbation cannot be completely
avoided during the chamber landing and operation, and some problems that need to be
overcome for successful application of this technique have been identified, including: 1)
disturbance by the chamber emplacement; 2) sealing of the chamber; 3) mixing of
chamber waters; and, 4) pressure gradients from waves and correction for stirring
effects (Ford and Webster, 1997).

4) Comparison of different techniques for flux measurements

Numerous studies have been conducted to compare nutrient fluxes measured using the
incubated cores and benthic chamber methods simultaneously, and results have
generally been similar. For example, Kemp et al. (1992) found that the rates
determined from in situ chamber measurements were not significantly different
(P<0.05) from contemporaneous rates obtained using intact cores for the
sediment-water fluxes of O 2 and NH 4 + in Chesapeake Bay (Table 2.4). Good
agreement between the laboratory (box cores) and field measurements (benthic
chamber) of oxygen uptake rates in an organic rich coastal system of Cape Lookout
Bight (USA) was also observed by Chanton and Martens (1987) (Table 2.4). In
addition, the work reported by Elderfield et al. (1981) on the methodology of
determining nutrients in near-shore sediments in Narragansett Bay (USA) showed that
consistent results were obtained from incubated-core experiments (both static and
flow-through) in the laboratory and in situ bell jar experiments (Table 2.4).

Moreover, Elderfield et al (1981) found that the measured fluxes agreed well with
diffusive fluxes calculated from the nutrient pore water profiles (Table 2.4). However,
numerous other comparison studies have shown that the measured nutrient fluxes often
exceeded the calculated diffusive fluxes, especially at sites with a vigorous
macroinfauna. For instance, the diffusive flux obtained from the ammonium profile
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explained only 22% of the solute flux directly measured using incubated cores in the
dark in Banzu intertidal sand-flat (Japan) (Kuwae et al., 1998), indicating that the
exchange flux rate may be enhanced by bioturbation or excretion by macrofauna.
Similarly, large flux enhancements (the ratio of measured fluxes to calculated diffusive
fluxes), varying between 2.0 and 20 were observed in the transition zone of the
Potomac River Estuary (USA), which were attributed to the macrofaunal irrigation
(Callender and Hammond, 1982).
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Table 2.4 Summary of benthic inorganic N and P flux rates as measured by different methods. Numbers in parentheses are mean values.
Study Area

Country Water
USA

USA

Tokyo Bay

USA

Japan

-37±11

163±29

Incubated cores

May-86

-41±2

238±34

Benthic chamber

May-86

-48±8

331±56

Incubated cores

Aug-86

-51±8

340±35

8

Puck Bay, Baltic Sea

µM m h µM m h
-2

-1

-2

-1

Aug-86
1981-1983

-123~-60

Box cores in the lab

1981-1983

Intertidal
3~12

Poland 0-60

-1

Benthic Chamber

6

<1.5

-2

Benthic chamber

Tansition zone
Palmones River Estuary Spain

-1

-137~-110

-47±2
Potomac River Estuary USA

(Kemp et al., 1992)

9~18

Lagoon
Narragansett Bay

References

µM m h

(Station 2)

Cape Lookout Bight

Study Period

depth (m) mM m d

-2

Chesapeake Bay

NH 4 + dark NOx dark o-P dark Methods

O 2 dark

(Chanton and Martens, 1987)

345±208

135±92

Bell-jars in situ

Summer 1975 & 76 (Elderfield et al., 1981)

458±125

54±29

Box core-batch mode

Summer1977

392

29

Flow-through mode

Summer 1977

383

108

Average measured flux Summer 1975-77

329±129

83±42

Diffusive+advective flux Summer 1977

25.1

5.7

Porewater profile

Sep-97

115±10

24±10

Incubated cores

Sep-97

338±67

21±4

Benthic chamber

Aug-79

29±3

3±1

Porewater profile

Aug-79

Benthic chamber

July 96-July 97

5-7 (6)

Porewater profile

July 96-July 97

4-43 (17)

Benthic chamber

1987

0-59(21)

Porewater profile

1991

-87~-62

133-399

(-72)

(227)

(Kuwae et al., 1998)
(Callender and Hammond, 1982)
(Clavero et al., 2000)

(Bolalek and Graca, 1996)
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2.3.3 Techniques for denitrification measurements
A number of methods have been developed for measuring denitrification in sediments,
including: 1) C 2 H 2 inhibition technique (Malone et al., 1998); 2) N 2 flux methods
(Seitzinger et al., 1980); 3) N 2 /Ar method (Kana et al., 1994; Eyre et al., 2002); 4) 15N
tracer method including isotope pairing (IP) technique (Nishio et al., 1983; Nielsen,
1992); 5) C and N stoichiometry (Berelson et al., 1996); and, 6) mass balance approach
(van-Luijn et al., 1996). Several review papers have addressed experimental approaches
for measuring denitrification rates in aquatic systems (Knowles, 1982; Seitzinger, 1988;
Seitzinger et al., 1993; Cornwell et al., 1999; Steingruber et al., 2001).

1) Acetylene inhibition technique (AIT)
The acetylene inhibition technique is the simplest and most commonly used method to
measure denitrification. It involves using acetylene to inhibit the reduction of N 2 O to
N 2 in the denitrification process, and the rate of N 2 O accumulation is measured by
electron capture (EC) gas chromatography and used to quantify the rate of
denitrification (Malone et al., 1998):
C2H2

NO 3  NO 2  NO  N 2 O  N2
blocked

However, several limitations have been identified for the C 2 H 2 inhibition technique. For
example, the acetylene treatment may not block the N 2 O transformation to N 2
completely, when NO 3 - concentrations are low with a high C-to-NO 3 - ratio, or hydrogen
sulfide is present (Malone et al., 1998; Cornwell et al., 1999). In addition, at the
concentration of acetylene, which is necessary to block N 2 O-reductase (5-10%, v/v),
nitrification will also be blocked (0.01%, v/v). Therefore, this technique can only
measure the denitrification of NO 3 - from water column, and may underestimate
denitrification, especially when nitrification is the main source of NO 2 - or NO 3 - for
denitrification (Stevens and Laughlin, 2001).
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2) Direct estimates of N 2 production
This technique directly measures the rates of the denitrification end product (N 2 )
production in a bell jar (Kaplan et al., 1979) or a gas-tight glass chamber (Seitzinger et
al., 1980) in intact or undisturbed sediment cores incubated at near ambient field
conditions of O 2 and nitrate. It can simultaneously measure the sediment-water fluxes
of nutrients, O 2 , TCO 2 and net organic N mineralization rates together with N 2 fluxes
from the same cores and no inhabitant such as acetylene is required (Seitzinger, 1993).
One disadvantage is that it requires long pre-incubations to deplete the background N 2
concentrations in the pore waters, to be able to detect increases in N 2 concentration due
to production by denitrification (Seitzinger, 1987). In addition, contamination of
chambers or samples by atmospheric N 2 may be a problem with this technique
(Seitzinger, 1988).

3) N 2 /Ar method
Because it is difficult to measure small changes in dissolved N 2 associated with
denitrification in sediments by directly measuring absolute N 2 concentrations, a new
technique was developed to overcome this shortcoming based on the accurate
measurements of N 2 /Ar ratios using a membrane inlet mass spectrometer (MIMS)
(Kana et al., 1994). The basic assumption is that Ar concentrations remain constant
during incubation, so temperature change and gas bubble formations (e.g., O 2 ) should
be avoided. Recently the method has been modified by Eyre et al. (2002) and a better
sensitivity and precision of the measured N 2 /Ar ratios has been achieved (up to %CV
<0.01) by using: 1) a copper reduction column heated to 600°C to remove all the O 2
from the sample before MIMS analysis; and 2) a water bath (±0.01°C) to stabilize
sample temperature in the waterline upstream of the membrane (Eyre and Ferguson,
2002).

The N 2 /Ar technique has the advantage of no N 2 background removal requirement and
it has the ability to measure N 2 fluxes in unperturbed cores with high temporal and
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spatial (substrate-level) resolutions (Kana et al., 1998). However, this method only
measures the net N 2 fluxes or net denitrification rate (denitrification-N 2 fixation) (Eyre
et al., 2002).

4)

15

N tracer method

Using the 15N tracer method, denitrification of NO 3 - from water column is measured in
a set of cores incubated with

N enriched NO 3 -, while denitrification of NO 3 - from

15

nitrification in sediments (coupled nitrification-denitrification) is measured in another
set of

NH 4 + enriched cores. The total denitrification can be calculated as the sum of

15

the activities in the two set cores with different overlying water treatments (Nishio et al.,
1983; Blackburn and Sorensen, 1988). However, the artificially elevated ammonium
concentrations in the overlying water and/or questionable assumptions about the
N-isotope ratios in the NH 4 + and NO 3 - pools of the active layers may lead to inaccurate
estimates of nitrification and coupled nitrification-denitrification (Rysgaard et al., 1993;
Seitzinger et al., 1993).

Nielsen (1992) developed a new

15

N tracer method (isotope pairing technique), which

can quantify the denitrification rates based on the NO 3 - from water column and
sediments with minimal altering in situ conditions, and was supposed to overcome some
of the shortcomings or limitations of the classic 15N technique. In brief, labeled 15NO 3 was added to the water of sediment cores and mixed with natural 14NO 3 - and the cores
were incubated for a few hours in the dark and/or light conditions. Then the
concentration and labeling of the

15

N labeled N 2 isotopes (14N15N and

15

N15N) were

measured using a GC-MS. Assuming random association of the uniformly mixed
and

15

N

14

N in the denitrification zone, the total in situ denitrification (formation of

unlabeled

14

N14N) could be calculated. When the

N atom% of NO 3 - is known, the

15

denitrification of NO 3 - supplied from the water column can be quantified, and the
coupled nitrification-denitrification was calculated as the difference (Risgaard-Petersen
and Rysgaard, 1995; Rysgaard et al., 1996). The isotope pairing technique has been
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proven as a powerful tool in studying denitrification in most aquatic environments, but
this technique may underestimate coupled nitrification-denitrification rates when micro
sites exist, especially deep in the rhizosphere of macrophytes which is isolated from the
added 15NO 3 - in the water column and sediment surface.

5) Stoichiometric method
This approach is based on the assumption that any mineralized N not released as DIN
form was denitrified and the difference between the observed and predicted DIN fluxes
is due to net denitrification (Berelson et al., 1996). The measured DIN fluxes were the
sum of measured NH 4 + and NO 3 -+NO 2 - fluxes. Predicted DIN fluxes are estimated
based on the measurements of the benthic inorganic C or O 2 fluxes and the C:N ratio of
organic matter (Seitzinger and Giblin, 1996; Cornwell et al., 1999). The approach has
the advantage in the integration of benthic community processes, but it has some
limitations: 1) the high imprecision or uncertainty in DIC and/or DIN fluxes may lead to
inaccurate

estimates

of

denitrification

rates;

2)

other

pathways,

including

immobilization into microbial biomass or incorporation into higher trophic levels, also
account for the DIN removal in the sediments of the system, which may lead to
overestimation of denitrification (Ferguson, 2002).

6) Mass balance
The nitrogen mass balance approach is commonly applied to an entire study area or
system, and denitrification rate is calculated as: input-output-storage (i.e., the residual
term of the total N balance) (Risgaard-Petersen et al., 1999). The denitrification rate
estimated using this approach is often a good indication of a yearly average
denitrification activity rate for the whole-system, but it may have imprecision problems
due to the errors associated with measurements of other terms in the budgets, and no
temporal (diel and seasonal) and spatial variations of denitrification activity in a system
can be obtained (van-Luijn et al., 1996; Cornwell et al., 1999).
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Comparison of the different techniques
As discussed above, each method has its advantages, but also some potential problems
and/or limitations. A brief summary is given in Table 2.5. Numerous studies have been
reported on the comparison of sediment denitrification rates measured using different
methods for the same estuary, lake or other aquatic ecosystems, and it has been found
that the results are not always comparable. For example, a simultaneous measurement of
benthic denitrification in sediments of the shallow Lake Nuldernauw was conducted,
with the isotope pairing technique and the N 2 flux method using a batch incubation
system (van-Luijn et al., 1996). The rates obtained using the N 2 flux technique
exceeded the rates obtained from the IP technique by a factor of 2.7 (Figure 2.4a), but
were in agreement with the mass balance data. It was concluded that the N 2 flux method
gives a realistic value of denitrification, while the IP method underestimates the coupled
nitrification-denitrification as the assumption of uniform mixing between the
added

15

NO 3 - and

NO 3 - formed in the sediment cannot be fulfilled when micro sites

14

exist.

However, in another comparison experiment conducted by Risgaard-Petersen et al.
(1998), no significant difference was found between the denitrification rates in a
freshwater sediment obtained by the N 2 flux and isotope pairing method using in a
continuous flow-through system (151±4 µmol m-2 h-1 and 149±4µmol m-2 h-1,
respectively) (Figure 2.4b). Therefore, Risgaard-Petersen et al. (1998) suggested that
both methods should measure the true sediment denitrification activities if the
assumptions or experimental requirements for each method can be met. The much larger
denitrification rate obtained by N 2 flux than the isotope pairing method in van-Luijn et
al.’s study (Figure 2.4a) was explained by the stimulation of denitrification activity
during the much longer incubation time and smaller water column using the batch
incubation system.
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Table 2.5 Summary of the advantages and disadvantages of different techniques for denitrification measurements
Methods

Advantages

Disadvantages

Reference

C2H2

1) Rapid, sensitive and inexpensive

1) Incomplete blockage of N 2 O reduction to N 2 ;

(Malone et al., 1998;

2) Inhibition of nitrification by C 2 H 2 ;

Tuominen et al., 1998;

3) Reversal of the blockage of N 2 O reductase by sulfide;

Herbert, 1999)

inhibition

4) Underestimate of denitrification as it can not measure Dn
Direct N 2

1)

Direct N 2 measurements; 2) No inhibitors requirement; 3)

Minimal perturbation to the sediment system (incubation on

1) Long pre-incubation;

(Lohse et al., 1996)

2) Sensitive to contamination with atmospheric nitrogen gas

undisturbed sediments, under ambient concentrations of O 2 , NO 3 and ammonium)
N2/Ar ratio

1) High precision; 2) Small sample size (<10 ml); 3) Short-time

1) Expensive – MIMS instrument required; 2) Gas disequilibria

(<12 hrs) incubation and no N 2 background removal requirement

from changing temperature and bubble formation; 3) Only

(Eyre et al., 2002)

measure net denitrification
15

N tracer

1) Source of the nitrate being denitrified can be identified;

1) Underestimation of coupled nitrification-denitrification rates

2) Overall activity of several nitrogen transformations in the

when micro sites exist (e.g., in rooted macrophyte beds).

(Nielsen, 1992)

sediment can be obtained simultaneously
Stoichiometry

1) Integration of benthic community processes

1) Inaccurate estimates of denitrification rates due to high
imprecision or uncertainty in DIC and/or DIN fluxes

(Seitzinger and Giblin,
1996; Ferguson, 2002)

2) Overestimation of denitrification when other pathways may
also account for the DIN removal in the sediments of the
system.
Mass Balance

1) Good indication of yearly average denitrification activity for
a whole-system

1) Imprecise due to errors associated with measurements of

(van-Luijn et al., 1996)

other terms in the budgets;
2) No temporal and spatial variations of denitrification activity
in a system can be obtained
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Several other studies have also compared the measured denitrification rates with the
estimated rates using the mass balance approach. For instance, the average annual
denitrification rate was 6 t N yr-1 for a small shallow estuary (Norsminde Fjord,
Denmark) measured by the isotope pairing technique, which compared well with the
rates calculated from the mass balance (8 t N yr-1) (Figure 2.4c) (Nielsen et al., 1995). In
contrast, Risgaard-Petersen et al. (1999) found that denitrification rates in a small
shallow soft bottom lake in Denmark measured using the isotope pairing technique in
the laboratory were <30% of those estimated from the mass balance of the lake (Figure
2.4d). This may be because the laboratory incubation system failed to simulate factors
such as wave forces that control the in situ activity, as the in situ measurements of
denitrification rates in flexible enclosures installed in the field exceeded laboratory
generated rates by a factor of 6-26 (Risgaard-Petersen et al. 1999).
Comparing the acetylene inhibition method and other techniques, several authors
concluded that the acetylene inhibition technique underestimates the benthic
denitrification. For example, Lohse et al. (1996) carried out a comparative experiment
in which denitrification rates in continental shelf sediments of the North Sea were
measured with the acetylene inhibition and isotope pairing techniques. The results
showed that the rates measured by AIT were always lower than those obtained by the IP
technique, indicting that AIT may underestimate the true denitrification rate (Figure
2.4e). Similar results were reported by Seitzinger et al. (1993), who measured
denitrification rates in aquatic sediments simultaneously using three methods (AIT, N 2
flux and

15

N isotope tracer). It was found that AIT detected only half of the

denitrification rates based nitrate diffusion from the overlying water, and after
correcting the 50% efficiency of acetylene inhibition, similar rates of denitrification
(200 µmol m-2 h-1) due to nitrate from water column were obtained by both AIT and N 2
flux methods (Figure 2.4f). In addition, AIT failed to measure any coupled
nitrification-denitrification, due to the inhibition of nitrification by acetylene, while the
N 2 flux and

15

N tracer experiments showed high and similar rates of denitrification
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based on nitrate from nitrification in sediments.
Recently, Eyre et al. (2002) compared the N 2 /Ar and isotope pairing methods for
denitrification measurements in Arhus Bay (Denmark) in short-term bath experiments.
The denitrification rates measured by the original N 2 /Ar method (without any correction
for O 2 in the samples) (Kana et al., 1994) (92±13 µmol m-2 h-1) were significantly
higher and more variable than the rates measured by the isotope pairing method (32±2
µmol m-2 h-1) (Figure 2.4g). However, the modified N 2 /Ar technique of Eyre (2002), as
described previously, gave less variable and comparable rates, to the IP technique (19±1
µmol m-2 h-1), and the small difference in denitrification rates measured by the two
techniques may be explained the N-fixation activities. This is because the N 2 /Ar
technique measures the net denitrification activity, while the isotope pairing technique
measures total denitrification rates. Berelson et al. (1996) estimated denitrification
activities in the sediments of Port Phillip Bay (Australia) using the stoichiometric
approach, and the results were in line with direct measurements using the N 2 /Ar
technique (Figure 2.4h).
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Figure 2.4 Comparison of denitrification rates in aquatic sediments obtained by different
techniques. a) The N 2 flux, isotope pairing (IP) and mass balance (MB) (van-Luijn et al., 1996).
b) The N 2 flux and IP (Risgaard-Petersen et al., 1998). c) MB and IP (Nielsen et al., 1995). d)
MB and IP (Risgaard-Petersen et al., 1999). e) Acetylene inhibition technique (AIT) and IP
(Lohse et al., 1996). f) AIT, 15N isotope tracer and the N 2 flux method (Seitzinger et al., 1993). g)
N 2 /Ar (with and without O 2 removal) and IP (Eyre et al., 2002). h) N 2 /Ar and stoichiometry
(Berelson et al., 1996).
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2.4 Conclusions and the study context
In recognition of the important role of nutrients, especially nitrogen, in limiting
productivity and the process of eutrophication in marine and estuarine ecosystems,
during recent decades, intensive research efforts have been undertaken to study various
nitrogen transformations in these environments, and to develop or improve new
experimental techniques and approaches (e.g., the use of stable isotope tracer techniques
for denitrification measurements) (Carpenter and Capone, 1983; Risgaard-Petersen and
Rysgaard, 1995; Cornwell et al., 1999). This has led to a better understanding of the
biogeochemical nitrogen cycling processes, and the underlying causes or mechanisms of
coastal eutrophication, especially in northern hemisphere systems, as demonstrated by a
large number of publications in recent years.

In reviewing these recent publications, however, it has been found that some areas of
nitrogen cycling studies or some components of the nitrogen cycle in estuarine and
coastal ecosystems are less well understood. Firstly, there are few comparative sediment
biogeochemical studies of shallow coastal lagoons with different dominant primary
producers (i.e., MPB, seagrasses or macroalgae) or at different eutrophication stages
(Eyre and Ferguson, 2002). Dalsgaard et al. (2000) stated that the sediments of shallow
waters are often inhibited by different benthic primary producers, which have the
capacity to control the sediment nitrogen cycling. Therefore, one of the major aims of
the NICE project was to investigate the role of benthic primary producers on the
sediment nitrogen cycle. Secondly, very limited systematic and comprehensive work has
been carried out on benthic nutrient cycling processes in estuarine and coastal
ecosystems, thus the scales of both temporal (diel and seasonal) and spatial variability
of the benthic biogeochemical processes, as well as the interactions between carbon and
nitrogen cycles are still poorly understood (Denis et al., 2001; Cook, 2003). For
example, in many studies, only a few parameters or processes have been examined at
very limited numbers of sampling sites, and traditionally the benthic sediment-water
nutrient exchanges have been studied in darkened cores or chambers in shallow waters,
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which may exclude the influence of photosynthetic organisms (Sundback et al., 1991).

Only a few studies have been conducted on internal nitrogen cycling in Australian
estuaries or coastal ecosystems. Among these studies are Berelson et al. (1996) on the
biogeochemistry of the seafloor of Port Philip Bay, Victoria (e.g, benthic nitrogen fluxes
and sediment denitrification), Eyre and Ferguson (2002) on the comparison of carbon
production and decomposition, benthic nutrient fluxes and denitrification in four
shallow warm-temperate lagoons in the east coast of Australian, Ferguson (2002) on
benthic metabolism and nitrogen fluxes and water qualities in three shallow sub-trophic
estuaries of varied trophic status in northern NSW, and Cook (2003) on the carbon and
nitrogen cycling on intertidal mudflats in a temperate estuary, south east Tasmania.

For Lake Illawarra, a number of studies on nutrient dynamics have been conducted in
the past two decades, but several writers have noted that information on internal nutrient,
especially nitrogen, recycling mechanisms for Lake Illawarra is still lacking (Ellis et al.,
1977; LIA, 1995; Miller, 1998; Kuster, 2000; Sherman et al., 2000). Some present gaps
of research have been identified and detailed in the Introduction (Section 1.3). Therefore,
a systematic and comprehensive study of internal nitrogen cycling in Lake Illawarra will
be conducted in this project using both biogeochemical modeling (i.e., LOICZ
modelling) and experimental approaches, to identify and understand the important
biogeochemical nitrogen recycling processes (e.g., benthic nitrogen fluxes and
denitrification), the interactions with the carbon recycling processes (e.g., benthic
metabolism), and how the environmental and biological variables (e.g., sediment types,
sedimentary organic matter quality, bioturbation, light, temperature, mixing effects,
different primary producers) influence these benthic processes and their temporal and
spatial variations. Furthermore, for comparison reasons, the methodologies of sampling,
analysis and calculations used in this study will closely follow those used in the NICE
project (Nitrogen Cycling in Estuaries - EU research programme) (Dalsgaard et al.,
2000) and in recent nutrient cycling studies in shallow Australian estuaries (Berelson et
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al., 1998; Light and Beardall, 2001; Eyre and Ferguson, 2002; Ferguson, 2002; Cook,
2003). These will be described in the next chapter (Chapter 3: Materials and Methods).
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Chapter 3

Materials and Methods
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3.1 Introduction
This chapter describes the sites where fieldwork was carried out, sample collection
procedures, and the range of experimental and analytical techniques used in this study.
3.2 Sampling sites
Samples of sediments were collected from five sites in three locations (east, centre and
west of the lake) in Lake Illawarra. Site 1 (S 1 ) was located on the shallow sandy flats
(about 35 cm deep) near the eastern shore at the Nicolle Road (Primbee) Station, where
the sediments were unvegetated. Site 2 (S 2 ) was situated in an extensive seagrass
meadow (mainly Ruppia megacarpa) along eastern Lake Illawarra. Site 3 (S 3 ) was in
the central basin of the lake (about 3 m deep), where the sediment was mainly mud.
While samples from Sites 1, 2 and 3 were collected in different seasons (January 2002 January 2003), sediments from Sites 4 and 5 (S 4 & S 5 ) were only collected in summer
(Jan.) 2003, and they were located at the mouth of Mullet Creek near the western shore.
Sediments from Site 4 were unvegetated, and sediments from Site 5 (S 5 ) were covered
by Zostera capricorni seagrass (Figure 3.1).
Port

••

••

S4 S5

S3•

S1 S2

(Seagrass

Figure 3.1 Lake Illawarra, showing locations of sampling stations and composition of
bottom sediments (S 1 = Site 1, S 2 = Site 2, S 3 = Site3，S 4 =Site4 and S 5 = site5) (adapted
from Webster et al., 2002)
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3.3 Collection of samples
Intact sediment cores were collected using a specifically designed corer with Plexiglas
tubes (350 mm long and 70 mm wide), which were inserted directly into the sediment.
The cores were sealed with a spherical valve and withdrawn from the surrounding
sediment (Figure 3.2). Care was taken to preserve sediment structure during sampling
and transport to the laboratory. In order to obtain a sufficient O 2 and nutrient reservoir，
a 200 mm high water column was left above the sediment core (Risgaard-Petersen &
Rysgaard, 1995; Qu et al., 2003).

Figure 3.2 Sediment corer and transportation cooler box

For each sampling site, 12-16 cores were stored vertically in a transportation cooler box
(Figure 3.2) and returned to the laboratory within 4 hours. Two sets of three cores were
collected for incubation flux measurements. One set of three cores was used for the pore
water extraction in the laboratory and thus for diffusive nutrient flux calculations. Three
additional cores were taken for analysis of total organic carbon (TOC), total nitrogen
(TN) and particle size for the surface sediments. In addition, in the field, water samples
for nutrients and alkalinity were filtered through a 0.45 µm cellulose acetate filter, into
30 mL polyethylene sample bottles and 12 mL gas-tight glass vials (Exetainer, Labco,
UK).

Some physico-chemical variables such as temperature (°C), O 2 (mg L-1 and %
saturation), salinity (‰) and pH were measured in the field on each sampling day at
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mid-morning, using a Yeo-Kal Intelligent Water Quality Analyzer (Model 611). Light
intensity (µmol m-2 s-1) was also measured using a quantum radiometer (LI-1400-2π
with LI-192SA Underwater Quantum Sensor, Li-Cor, USA) at the top and bottom of the
water column at each sampling site.

3.4 Batch incubation experimental system for the benthic flux and denitrification
measurements
A batch incubation system for benthic flux and denitrification measurements was
established in a laboratory. The system had controls for different environmental
variables including temperature, dissolved oxygen, stirring speed and light intensity
(Figure 3.3).

light
water in

running water tray

out

replacement
reservoir

syringe

O2 probe

pH probe
12 V
motor

outlet port
nylon
net

inlet port

Stir bar

magnet
sediment

Figure 3.3 Schematic diagram of the batch incubation system for benthic flux measurement
(Modified from Rysgaard (1995) and Ferguson (2002))

The system consisted of four small incubation tanks. Each tank could incubate eight
sediments cores. All the small tanks were placed into a large tank, which was filled with
tap water and the temperature was maintained using a temperature controller (Colora
Tauchkuhler, Germany). Two power heads were placed in the large tank to ensure
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mixing of water, thus maintaining an even distribution of temperature in the tank
(Figure 3.4). Metal halide lamps (e.g., Sunmaster, 400 WATT) were used as the light
source. Cooling was provided by circulating tap water through a Plexiglas tray
positioned between the light source and cores to absorb the heat produced by the metal
halide lamp. Light intensity was controlled by adjusting the distance between the light
source and cores, and using shade cloth when a light intensity less than 50 µmol m-2 s-1
was needed.

A Teflon-coated stirring magnet was placed about 50 mm above the sediment surface.
The small stirring bars inside the cores were driven by a large external magnet rotating
to ensure a homogenous mixing of the water in the cores (Rysgaard et al., 1996) (Figure
3.3). The correct oxygen concentration was maintained by bubbling with air, which
passed through an NH 4 + trap (500 mL de-ionised water).

During the incubation, dissolved oxygen concentrations and pH was monitored and
recorded via a port on the (air-tight) lids using DO and pH probes. Samples for
alkalinity, dissolved nutrients and N 2 /Ar were withdrawn via a separate port, and
replacement water (site water in the incubation tank) allowed to flow into the cores by
gravity.

Figure 3.4 Photo of the whole batch incubation system
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3.5 Flux measurements
3.5.1 Sediment-core incubations
Benthic fluxes were measured using incubation cores and techniques described in
Dalsgaard et al. (2000). Briefly, after being transported back to the laboratory, the
sediment cores were placed in an open tank filled with air-saturated lake water and
maintained at in situ (field) temperatures overnight for the experiments the following
morning. The storage (lake) water (about 100 L) was aerated by bubbling with air,
which had passed through an NH 4 + trap. The stirring rate was adjusted to just below the
threshold for resuspension (about 60 rpm). Each core was supplied with a nylon net to
avoid the interference between the magnet and seagrass leaves (Figure 3.3).

Cores were equilibrated for at least 12 h before flux determinations. Measurements of
fluxes across the sediment-water interface were initiated by placing transparent
polycarbonate lids on the sediment incubation columns. Three replicate cores were
incubated under either light or dark (double wrapped in aluminium foil) conditions for 1
to 5 hours, depending on the O 2 consumption/production rates. As a general rule, the
duration of the incubation did not result in more than a 20% alternation of the initial O 2
concentration in the water overlying the sediment (Risgaard-Petersen et al., 1995; Qu et
al., 2003). Within this period the O 2 concentration changes are approximately linear
which has been verified by our preliminary studies. Water samples were collected from
the water column at regular time intervals during the incubation period. At each
sampling time, dissolved oxygen and pH were measured directly via a port in the lids
(Figure 3.3). Samples for alkalinity and dissolved nutrients were withdrawn using a
syringe via a separate port and filtered through a 0.45 µm cellulose acetate filter into 12
mL gas-tight vials (Exetainer, Labco, UK) and 30 mL polyethylene vials, respectively.
Samples for alkalinity were immediately refrigerated at 4°C and nutrient samples were
frozen at -20°C.

Fluxes (F) of TCO 2 , O 2 , NH 4 +, NO 2 -+NO 3 -, o-P and alkalinity across the
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sediment-water interface were calculated as:
F=(α×V1)/A

(3.1)

where α is the slope of regression line obtained by plotting the concentration of relevant
species as a function of incubation time, V1 is the volume of the water column (L), and
A is the sediment surface area (m2).

3.5.2 Flux measurement using (nutrient) pore water profiles
After being transported back to the laboratory, one set of sediments was extruded from
the cores and sliced into 2 cm segments in a N 2 glove box. The samples were
centrifuged to extract the pore water (5000 rpm, 20 min), which was then passed
through 0.45 µm cellulose acetate filters into 30 mL polyethylene vials. Pore water
samples were frozen until the day of analysis.

Fluxes of solutes diffusing from sediments into overlying water were calculated from
Fick’s First Law of Diffusion (Barbanti et al., 1995):
Js = -φ Ds (∂C/∂x) x=0

(3.2)

where Js is flux of a solute with concentration C at depth x (mmol m-2 h-1); φ is the
porosity of the sediment (dimensionless); (∂C/∂x) x=0 is the concentration gradient at the
sediment-water interface (mmol L-1 m-1); Ds is whole sediment diffusion coefficient
(m-2 s-1) and was estimated using the molecular diffusion coefficient (D 0 ) after
temperature correction and tortuosity (Φ) (Krom & Berner, 1980; Boudreau, 1996;
Webster & Ford, 2002):
Ds= D 0 /(1- ln(φ2))

(3.3)

The porosity of the sediment was determined as:
Porosity φ = (ww- dw)/vol

(3.4)

Where ww is the wet weight of sediment sample; vol is the volume of sample (=ww/d)
and dry weight (dw) was determined after drying the sediment at 105°C until constant
weight (Dalsgaard et al., 2000).
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3.5.3 Flux measurement using in situ pore water extractor
At Sites 1, 2, 4 and 5 pore water samples were extracted from the top 2 cm of sediments
using an in situ pore water extractor (sipper) constructed of 16 mm PVC tubes with an
inner 10 µm mesh screen (Udy & Dennison, 1996). In the field, the pore water and
overlying water samples were filtered through a 0.45 µm cellulose acetate filter, into 30
mL polyethylene sample bottles, and inorganic nutrient concentrations in these samples
were analyzed for diffusive flux calculations using the equations 3.2-3.4.

3.6 Denitrification measurements
3.6.1 N2/Ar method (Eyre et al., 2002)
Sediment samples, together with lids, stoppers, replacement water lines and other
applied materials were pre-incubated in the in-situ water reservoir (small tanks) to avoid
the introduction of any new surfaces for Ar and N 2 absorption and desorption. Then the
cores were incubated as described for nutrient flux measurements. Water samples for
N 2 /Ar were collected in triplicate at the start and every 0.5 to 1 h (i.e., 3 to 5 point time
series). To minimize the introduction of bubbles, N 2 /Ar samples were collected by
allowing water to flow, driven by a gravity-feed reservoir head, directly into 7 mL gas
vials with gas-tight glass stoppers filled to overflowing. The replacement water was
kept at the same temperature as the sediment cores. N 2 samples were poisoned with 20
µl of 5% HgCl 2 and stored by submerging the vials in in-situ water. One blank core
(control) was pre-incubated, incubated and sampled as above.

Denitrification was estimated by directly measuring N 2 fluxes obtained from N 2 /Ar
ratios using the method and instrumentation of Eyre et al. (2002). Gases samples were
detected with a Balzers QMS422 quadrupole mass spectrometer, and a water bath
(±0.01°C) was used to stabilize sample temperature in the waterline upstream of the
membrane. The effect of oxygen in the sample on the N 2 signal was removed by
directing the gas samples through a copper reduction column heated to 600 °C.
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N 2 fluxes were calculated by linear regression of the concentration data, corrected for
the addition of replaced water and changes in the blank, as a function of incubation time,
core water volume, and surface area.

3.6.2 Isotope pairing method (Risgaard-Petersen & Rysgaard, 1995; Dalsgaard et
al. 2000)
In the laboratory, the sediment cores were pre-incubated as described above. The

15

N

experiment was initiated by adding 15NO 3 - to the reservoir to a final concentration of at
least 20% of the O 2 concentration and a final enrichment of at least 30 atom% in the
NO 3 - pool (i.e., at least 30 µM

NO 3 -). The water in each sediment core was then

15

replaced with water from the reservoir using a syringe to obtain a uniform mixing of the
added isotope in all cores. After the water had equilibrated with the sediment pore water
for about 30 minutes, initial samples from the water column were taken. Then the cores
were sealed with polycarbonate lids (including sample ports and Teflon stir bars
suspended abut 5 cm above the sediment surface) and incubated as described above.

Samples to be analyzed for the NO 3 - concentration and 15N enrichment (i.e., the relative
abundance of

NO 3 - in the NO 3 - pool) were taken from the water column with a

15

syringe and frozen in 25 mL vials. Samples for 15N analysis of N 2 were collected from
both the water column and pore water at regular time intervals during the incubation
period. The latter was accomplished by carefully mixing the sediment and water column
with a glass stick after adding 1 mL ZnCl 2 (50% w/v). When the stirring was completed,
the cores were left for a short period (<2 min) to allow the coarser sediment particles to
settle out. A sample was taken from the upper part of the water column where almost no
sediment particles were left. Water samples and sediment-water suspension samples for
N 2 isotope analysis were preserved in gas-tight vials with 250 µL ZnCl 2 (50%, w/v),
and analyzed using a Balzers QMS422 quadrupole mass spectrometer.
Production rates of 15N isotopes were calculated as follows:
P15Nx =

(Csed-Cini)(φVsed+V2)+(Cwater-Cini)(V1-V2)

(3.5)

tA
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where p15N x is the production rate of the relevant isotope (14N15N or 15N15N), C sed and
C water are the concentrations of the isotope in the sediment-water suspension and the
water column, respectively. C ini is the initial concentration of the isotope, V sed is the
volume of the sediment core, φ is the sediment porosity, V 1 and V 2 are the volumes of
the water column before and after sample collection respectively, t is the incubation
time and A is the surface area. Rates of denitrification per m2 were estimated from the
equations derived by Nielsen (1992):
D 15 = p(14N15N+2p15N15N)
14

p( N N) ×D
15
2p(15N15N)
are the rates of denitrification of

D14 =
Where D 15 and D 14

(3.6)

15

(3.7)

NO 3 - and

15

14

NO 3 - respectively,

p(14N15N) and p(15N15N) are the production rates of the two 15N-labelled N 2 species.

The in-situ denitrification rates of denitrification of NO 3 - supplied from the water
column (Dw) were calculated from D 15 and 15N atom% of NO 3 - in the column:
Dw =

15

100
N atom%NO3-

The relative abundance of

15

×D15 – D15

(3.8)

NO 3 - in the column was calculated from the NO 3 -

concentrations before and after addition of 15 NO 3 -:
15

N atom% of NO3- =

[NO3-]after - [NO3-]before
[NO3-]after

(3.9)

Coupled nitrification and denitrification (Dn) was calculated as the difference:
D n = D 14 - D w

(3.10)

All rates were expressed as mmol N m-2 h-1.

3.7 Effects of environmental variables on benthic metabolism and nitrogen fluxes
in Lake Illawarra
3.7.1 Photosynthetic-Irradiance (P-I) experiments
Collection of samples
Sediment cores were collected in September 2002 at five different water depths along a
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transect from the central basin of the lake (Site 1, about 3 m deep), to the Nicolle Road
(Primbee) Station near the eastern shore (Sites 5 and 6, about 0.2 m deep) (Figure 3.5).
Sediments at Sites 1 to 5 were unvegetated, except for a cover of benthic microalgae;
while sediments at Site 6 (S 6 ) were vegetated by Ruppia megacarpa seagrass. It is one
of the most commonly identified seagrass species in Lake Illawarra and it occupies
approximately 30% of the eastern weed beds as a dense meadow in water 40-60 cm
deep (West et al., 1985; King , 1988). In addition, sediments at Sites 2-6 were
considered as sandy, while sediment at Site 1 was mainly mud and rich in organic
matter (>2%), and on the sediment surface a brown floc layer (benthic microalgae) was
observed.

S1• S1•

Port Kembla

S2•

Pacific Ocean

S1•

(Seagrass bed)

S4• S5S6
S3•

Windang Peninsula

••

Figure 3.5 Lake Illawarra showing locations of sampling stations for P-I experiments
(map adapted from Webster et al., 2002)
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Six sediment cores were collected from each site and returned to the laboratory within 4
hours and stored at in situ (field) temperature overnight for the P-I determination the
following morning. One set of three cores was used for P-I incubation measurements.
Three additional cores were taken for analysis of TOC, TN and grain size of the surface
sediments. In addition, before sediment core collection at each sampling site,
temperature (°C), O 2 (mg L-1 and %), salinity (‰) and pH were measured for the
bottom water (10 - 20 cm above sediments) at mid-morning using a Yeo-Kal 611
Intelligent Water Quality Analyzer. Photosynthetic photon flux density (PPFD) was
measured using a quantum radiometer (LI-1400-2π with LI-192SA Underwater
Quantum Sensor, Li-Cor, USA). Three consecutive 10s integrated readings were taken
just below the water surface and above the sediment to calculate the light extinction
coefficient (K d ).

Measurements of photosynthetic characteristics using incubated cores
Benthic microalgal and seagrass photosynthesis were measured using the sediment core
incubation techniques as described in Section 3.5. Three replicate cores were incubated
under either dark (double wrapped in aluminium foil) or light (different intensities)
conditions. Metal halide lamps (Sunmaster, 400 watt) were used as the light source. The
irradiances needed to assess photosynthetic-irradiance relationships (0，10，25，50，
120，280，410，450，590 µmol m-2 s-1) were obtained by adjusting the distance between
the light sources and cores, and using a series of neutral shade cloths. Photosynthetic
active radiation (PAR) was measured with a quantum radiometer (Li-cor, USA). Stirring
rate was adjusted to just below the threshold for resuspension. The starting irradiance of
the experiment was zero PPFD, and PPFD was then increased to the next level (i.e.,
from 0 to 590 µmol m-2 s-1). During the incubation period at each PPFD, dissolved
oxygen concentrations were recorded at regular time intervals via a port on the (air-tight)
lids using a YSI DO probe for the calculation of O 2 fluxes (primary production and
respiration) (Light & Beardall, 2001). On completion of the P-I incubation, surface
sediments in all the cores were sampled for the chlorophyll a (Chl-a) determination.
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P-I curves and their characteristic calculations
For each core, a P-I curve was constructed by fitting the data to a rectangular hyperbola
model using the following equation (Henley, 1993):
P= PmaxB [1-exp(-

αB×I
)]
P max B

(3.11)

where P max B is the light saturated gross photosynthetic capacity after being normalized
to sediment Chl-a concentrations，and was determined by averaging points in the
light-saturated portion of the P vs. I curve; αB is the sub-saturated photosynthetic
efficiency, the rate of photosynthesis per unit biomass per unit of incident irradiance,
which was obtained by calculating the initial linear slope of the curve; I k is the light
saturation onset parameter, the value of I k corresponding to the point of interaction
between the extrapolated linear part of the curve and the horizontal line at P max B.
Therefore, it was subsequently calculated from the P max B/αB and is used as an index of
photoacclimation (Menendez et al., 2002).

3.7.2 Effects of stirring and temperature on benthic community respiration and
nitrogen fluxes
In December 2002, sediment cores were collected from the unvegetated and vegetated
sites near the eastern shore (Sites 5 and 6 in Figure 3.5). The benthic community
respiration (O 2 fluxes) and dark ammonium release rates for both seagrass beds and
bare sediments were measured in the dark in the cores with stirring (60 rpm) and
without stirring (0 rpm). In addition, in order to study the effects of temperature on the
benthic community respiration and nitrogen release in Lake Illawarra, the dark oxygen
and ammonium flux rates in the seagrass beds were measured at three different
temperatures (19, 22 and 25 ºC), adjusted/controlled using a temperature controller
(Colora Tauchkuhler, Germany). The flux rates were measured using the sediment-core
incubation techniques as described in Section 3.5.
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3.8 Chemical Analyses
3.8.1 Nutrient analysis
All nutrient samples were kept in a freezer at -20 °C, and analyzed within 3 months of
sampling. Concentrations of NO 2 -+NO 3 -, NH 4 + and o-P were determined on a nutrient
Auto-analyzer (Lachat Quick 8000) following standard colourmetric methods (Lachat,
1994) in the laboratory of the NSW Environmental Protection Authority at Lidcombe.
Ammonium concentrations were measured by the hypochlorite/phenolate method. NO 2 and NO 3 - were determined using sulphanilamide derivatisation of NO 2 -; NO 3 - was
determined as NO 2 - after cadmium reduction to NO 2 -; and o-P was measured using the
ascorbic acid method.

3.8.2 Analysis of N2/Ar and isotopic composition of nitrogen species
The N 2 /Ar and the isotopic composition of nitrogen species were analyzed on a Balzers
QMS422 quadrupole mass spectrometer in the laboratory of Centre for Coastal
Management at Southern Cross University, Lismore.

3.8.3 Chlorophyll in water, sediments and plant tissues
Chlorophyll

in

water

samples

-

Modified

APHA

10200H

Chlorophyll

(Spectrophotometer Method
Water samples were collected in triplicate into sampling bottles (1 L) in the field,
wrapped in aluminium foil and stored in a cooler box. After collection, a known volume
of sample was filtered as soon as possible through a GF/C filter using running tap water
suction. Several drops of 1% MgCO 3 were added (to prevent acidity on the filter) to the
water sample as it was being filtered. The filters were drawn dry, folded and placed in
25 mL centrifuge tubes and 25 mL of 90% acetone was added. Then the tubes were
wrapped in foil, and immediately after filtration, left overnight in a fridge * (Bae et al.,
2000).

*

It should be noted that cold acetone does not extract chlorophyll completely from some plants including

some green algae and cyanobacteria.
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The centrifuge tubes were taken out of fridge and placed in a cupboard (in the dark) to
warm up to room temperature. The samples were then centrifuged for approximately 20
minutes at 5000 rpm. Following centrifugation, the supernatant was decanted into a 10
cm quartz cuvette and the absorption at 750 and 665 nm was measured using a
spectrophotometer (Hettich Universal-30F, Japan). Samples were then acidified with 0.1
mL of 0.1 mol/L HCl. The acidified extract was gently agitated and the absorption at
750 and 665 nm was measured 90 s after acidification. Chlorophyll a concentrations
were calculated as follows:
Chl a =

A×K×[(665b-750b)-(665a-750a)]×v1

(3.12)

v2×l

Where:
Chl a = chlorophyll a (µg chl a l-1)
A = absorption coefficient of chlorophyll a, 11.0
K= factor to equate the reduction in absorbancy to initial chlorophyll
concentration, 2.43
665 b = the extinction at 665 nm before acidification
665 a = the extinction at 665 nm after acidification
750 b = the extinction at 750 nm before acidification
750 a = the extinction at 750 nm after acidification
v1 = volume of acetone extract (ml)
v2 = volume of sample (l)
l = path length of cuvette (cm)

Chlorophyll in sediment samples - Modified from Dalsgaard (2000)
Surface sediments (top 2 mm) were collected from all the cores used for flux
measurements. Pigments in sediments were extracted using 90% acetone in a centrifuge
tube, and a series of extractions was carried out if high pigment concentrations were
present in the samples. The contents of the centrifuge tubes were thoroughly mixed to
ensure that all the sediment comes in contact with the acetone. The samples were left in
a fridge (4°C) for 24 hours. Samples were agitated thoroughly for a second time during
this period to aid extraction of the pigments. Immediately prior to analysis, samples
were centrifuged for 20 minutes at 5000 rpm to ensure an absorption at 750 nm less
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than 0.005. The supernatant was decanted into a 1-cm glass cuvette and then the
extinction at 665 nm and 750 nm was measured before and after adding two drops of
10% HCl. Chlorophyll a concentrations were calculated as follows:
Chl a =

A×K×[(665b-750b)-(665a-750a)]×v

(3.13)

a×l

Where:
Chl a = chlorophyll a (µg chl a m-2)
A = absorption coefficient of chlorophyll a, 11.0
K= factor to equate the reduction in absorbancy to initial chlorophyll
concentration, 2.43
665 b = the extinction at 665 nm before acidification
665 a = the extinction at 665 nm after acidification
750 b = the extinction at 750 nm before acidification
750 a = the extinction at 750 nm after acidification
v = volume of acetone extract (ml)
a = area samples (m2)
l = path length of cuvette (cm)
Chlorophyll in seagrasses
The seagrass leaf tissue was manually cleaned of any attached epiphytes, and the wet
weight of the tissue was measured. A series of extractions of plant pigments was carried
out in a centrifuge tube containing 15 mL N,N-dimethylformamide (DMF). The tubes
were wrapped in aluminum foil and placed in a refrigerator (4°C) for 24 hours, prior to
spectrophotometric determination (Ralph, 1998). Absorption wavelengths used for
pigment determinations were 647 and 664 nm, and all readings were corrected for
turbidity scattering by subtracting the 750 nm absorbance. Pigment concentrations were
calculated using the extinction coefficient equations of Inskeep and Bloom (1985). Only
total Chlorophyll concentration (Chlorophyll a + Chlorophyll b) was considered in the
analysis, which was calculated as follows:
Chl a = 12.70 (A 664 -A 750 )-2.79(A 647 - A 750 )

(3.14)

Chl b = 20.70(A 647 -A 750 )- 4.62(A 664 -A 750 )

(3.15)

Total Chl = 17.90(A 647 -A 750 ) + 8.08(A 664 -A 750 )

(3.16)
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3.8.4 Alkalinity and carbon dioxide (TCO2) (Ferguson, 2002; K Grasshoff et al.,
1983)
Alkalinity was determined in the laboratory within a week using Gran titrations (Stumm
and Morgan, 1996; Grasshoff et al., 1999) via a Metrohm auto-titrator (718
STAT-Titrino, Switzerland). Ten mL of sample was transferred into a titration vessel
containing a Teflon-coasted magnet-stirring bar. Immediately prior to running samples,
the pH probe was calibrated at the titration temperature using three high accuracy
standard pH buffers of 4, 7 and 10, which spanned the pH of the titration. HCl (0.010
mol/L) was used as titrant, which was made up using a stock solution of HCl (1.000
mol/L) (Volumetric solution, Univol). A computerized set endpoint titration (SET)
method for alkalinity measurement was developed using Metrohm 718 Stat-Titrino, so
the 1st equivalence volume (i.e., phenolphthalein value, @pH 8.20), 2nd equivalence
volume (i.e., methyl orange value, @ pH 4.30) and total alkalinity (Alk t ) can be
accurately determined and calculated for a small sample of water.

Total carbonate (TCO 2 ) was subsequently calculated using the dissolution constants of
carbonic acid and boric acid in seawater from alkalinity, salinity, temperature and pH
measured at the time of sampling according to equations given by Almgren et al.,
(1983):
TCO 2 = [Alk t (1+[H+]/K B )-B t ]f 1 /f 2

(3.17)

where TCO 2 =Total carbonate；f 1 = 1+ [H+]/K 2 +[H+]2/K 1 K 2 ；f 2 = (2+[H+]/ K 2 )/(1+
[H+]/K B )；K 1 = 1st dissociation constant of carbonic acid；K 2 = 2nd dissociation
constant of carbonic acid；K B = dissociation constant of boric acid；B t = Total borate

Samples from each core were run in the same sequence (order) that they were taken (i.e.,
incubation time series). This can minimize error in flux calculation due to instrument
drift. The rates of alkalinity flux were calculated using equation 3.1.
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3.8.5 Additional variables
Grain size analysis
The grain size distribution of sediments (top 10 cm) was determined by dry sieving
using mesh size of 500, 250, 125 and 63 µm. Result was expressed as dry mass of
material retained by each mesh size as a percentage of total dry mass.

Biomass of different primary producers
Seagrass and algae on each core were cleaned, and seagrass was separated into leaves
and root-rhizome, and subsequently dried to constant weight at 70°C. The microalgae
were assigned to the main taxonomic groups (diatoms, dinoflagellats, etc.), but only
qualitative inspections of samples were undertaken to identify the most abundant
species present. The chlorophyll content of surface sediments was determined as an
indication of the biomass of benthic algae (Christensen et al., 1990; Revsbech, 1989).

Infauna densities (Dalsgaard et al., 2000)
On all cores used for flux and denitrification measurements, the infauna density was
determined. The whole core was sieved using a sieve with 500 µm mesh. Sieving was
carried out using a continuous flow of water. Infauna retained in the sieve were removed
by tweezers, and the wet weight of each group was determined.

3.9 Statistical analysis
In this thesis, the spatial and temporal variations (between-site, season or diel
differences) in the measured/calculated physico-chemical and biological variables were
assessed using analysis of variance (ANOVA) and/or the Student’s t-test at 95%
probability level. Multi-comparisons of means were made using the Fisher LSD test
(Least Significant Difference) (NCSS 2000 Statistical System for Windows) (Hintze,
1998). The Principal Component Analysis (PCA) analysis was conducted using
Statistica 4.5 for Windows (StatSoft, Inc. 1993).

68

Chapter 4

Examination of nutrient budgets for Lake Illawarra using
LOICZ modeling based on recent water quality data
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4.1 Introduction
Coastal estuaries and other coastal ecosystems are considered to be very important
environments, and often receive large amounts of nutrients from sewage and terrestrial
effluent (mainly anthropogenic) that cause eutrophication (Bartoli et al., 1996; Kamer et
al., 2001). To sustainably manage any environment it is essential to understand that
environment and its processes. Modelling is a useful tool to help understand the
processes and functioning of an ecosystem, and to predict possible outcomes of changes
to the ecosystem. Biogeochemical modelling is now seen as an essential component of
most studies of coastal waters (Murray and Parslow, 1998). There are many published
nutrient budgets utilizing modelling for temperate shallow ecosystems (Eyre and
Ferguson, 2002) and some Australian examples include studies of Brisbane
River-Moreton Bay in Queensland (Eyre and McKee, 2002) and Port Philip Bay in
Melbourne (Murray and Parslow, 1998).

Recent advances in marine biogeochemical modelling have been achieved through a
combination of local applied studies and international research programs such as the
Joint Global Ocean Flux Study (JGOFS) and the Land-Ocean Interactions in the Coastal
Zone (LOICZ). LOICZ has recently developed a simple, but effective, biogeochemical
modelling system. The LOICZ budgets can indicate the biogeochemical functioning of
an estuary, and thus help assist understanding the dominant natural processes within the
system, which is the basis to developing cost-effective management strategies.

Nutrient budgets in Lake Illawarra were examined using LOICZ procedures by Miller
(1998), but the data used for the budget calculations were obtained from different
sources such as LIA, DLWC, Sydney Water Corporation, Wollongong City Council,
Pacific Power, University of Wollongong, and several consultancy reports. As a
consequence, a number of problems were identified with the data used in the model,
which included: 1) inconsistent reporting of parameters measured; 2) spasmodic
collection of data, both temporally and spatially; 3) much dry weather data, few
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representative data for wet weather; 4) raw data not included in reports and thus not able
to be scrutinized; 5) methodology often not included, so comparison of data was
difficult; and 6) some data in obscure documents, often difficult to access (Miller,
1998).

The objectives of the present study were to update water, salinity and nutrient budgets
for Lake Illawarra, using the LOICZ modeling method based on more recent and
reliable water quality data, and to confirm the conclusions from previous LOICZ
modeling results about several features of Lake Illawarra. These features can be
summarized as: 1) Lake Illawarra has an internal source for phosphorus and carbon; 2)
the lake is a sink for nitrogen, and is a net denitrifying system; and, 3) the lake is
generally a heterotrophic environment. Another objective of this study was to identify
the biogeochemical processes which are worthy of a more detailed study.

4.2. Materials and Methods
4.2.1 Study area - box model boundary
Lake Illawarra is a typical shallow barrier lagoon, that is 7 km long and 5 km wide. The
system has a surface area of 35 km2, a volume of 6.3 × 107 m3 and an average depth of
1.9 m. A narrow and shallow channel joins the lake to the ocean near Windang Island in
the central eastern section of the lake, which permits little flushing (Davey, 1994)
(Figure 4.1). The recent construction of entrance training works should result in the lake
remaining open more frequently (Sherman et al., 2000).

The region is classified as a temperate coastal environment, with temperatures
moderated by the ocean. The average rainfall is about 1100 mm yr-1 and evaporation is
about 1040 mm yr-1 in this region (Miller, 1998). The salinity of the lake ranges from 16
g/L to 50 g/L depending on the rainfall and the rate of evaporation (Ellis et al., 1977).
The lake is considered eutrophic and nitrogen limited. Most commonly, the nutrients of
the lake are brought into system from anthropogenic sources, and the high nutrient
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concentrations cause excessive growth of seagrass and occurrence of algal blooms
(Davey, 1994; LIA, 1995). A detailed description of the lake was given in Section 1.2.
S1• S1•

Port Kembla
S1•

S4•

• S6

• S5
• S7

(Seagrass bed)

S3•

Pacific Ocean

• S9

Windang Peninsula

S2•

• S8

Figure 4.1 Lake water locations of Pacific Power (1996-2000).
Map is adopted from Webster et al. (2002)

4.2.2 Box model analysis
Nutrient budgets were calculated using the methods described by Gordon et al. (1996).
Briefly, the LOICZ procedure is a simple box model and the calculations are based on
mass balance equations, where outputs are equalized by inputs, within defined
geographical areas, over a defined period (http://www.nl/loicz/modelnod.htm). Firstly
boundaries of the system of interest were defined; then the conservative element
budgets (i.e., water and salt) were used to estimate the water exchange in the system;
nutrient budgets were also developed, and departure of the non-conservative element
budgets (i.e., DIP & DIN) from conservative behavior was a measure of the “system
biogeochemical fluxes”. Non-conservative flux of dissolved inorganic phosphorus,
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scaled by an estimate of the carbon:phosphorus ratio of the reacting material, was used
to estimate primary production minus respiration (p-r); and mismatch from ‘Redfield
expectation’ for DIP and DIN flux was assumed proportional to nitrogen fixation minus
denitrification (nfix-denit).

The water quality data inputs into the LOICZ models in this study were recorded by
Pacific Power at 9 sites in the lake on a monthly basis, from November 1996 to
September 2000. The location of these sampling sites is shown in Figure 4.1; while the
data used for the LOICZ budget calculations by Miller (1998) were obtained from
different sources (see Section 4.1). In addition, LIA (1995) created nutrient budgets for
Lake Illawarra using a different approach to LOICZ and the water quality data used for
budget calculations were collected by Pacific Power at approximately monthly intervals
between July 1981 and June 1983, as well as between July 1987 and March 1991.

4.3. Results and discussion
4.3.1 Water quality and seasonal variations
The water quality in Lake Illawarra showed obvious seasonal variations (Table 4.1). The
lake had an annual average temperature of 18.32 °C during the sampling period, with
the highest water temperature in summer, and the lowest temperature in winter. The
annual average salinity of the lake was 30.62 ppt, but the salinity was much higher in
summer and autumn than that in spring and winter. This may be due to the higher
evaporation rates in summer and autumn as the rainfall level in the area is found to be
generally consistent throughout the year (Hean and Nanson, 1985; Miller, 1998). The
Chl-a concentrations varied from 7.91 µg/L in summer to 2.53 µg/L in winter, indicating
a higher phytoplankton biomass in summer when the temperature was high and a low
phytoplankton growth rates at low temperature in winter. The highest Chl-a
concentration may explain the much lower Secchi depth (0.76 m) in summer than in
other seasons (>1.0 m). In general, the Secchi depths were very low for such low
chlorophyll concentrations and indicated other forms of light absorption in the lake. In
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addition, the dissolved oxygen concentrations in the lake rarely declined below 90% of
oxygen solubility, with the highest level in winter and lowest in summer.
Table 4.1 Water quality data summary for Lake Illawarra from 11/1996 to 9/2000
(Pacific Power, personal communication, 2001)
Salinity
(ppt)
28.38

pH

Spring

Temp
(°C)
18.98

7.97

Secchi
depth (m)
1.09

DO
(mg/L)
7.88

DO
(%)
100.1

Chl-a
µg/L
4.93

DIP
µM/L
0.80

DIN
µM/L
5.23

Summer

23.35

32.57

7.91

0.76

6.84

97.3

7.91

2.84

2.58

Autumn

18.06

32.30

7.90

1.17

7.89

100.9

5.70

2.13

3.87

Winter

13.89

29.25

7.92

1.14

9.30

105.2

2.53

0.75

6.79

Annual
Average

18.32

30.62

7.93

1.04

7.98

100.9

5.27

1.55

4.36

The dissolved inorganic phosphorus (DIP) concentrations were two times higher in
summer and autumn than those in winter and spring. The nutrient loading and internal
cycling processes in the lake may contribute to this pattern. LIA (1995) has stated that
the release of nutrients from sediments is the major supplier to the water column in
Lake Illawarra. It has been found that there was a substantial diel variation in dissolved
oxygen concentrations with high rates of photosynthesis during the day, followed by
high respiration rates at night (nocturnal O 2 deficiency), especially in shallow littoral
zones where large algal crops often occur in late summer and autumn. Under such
conditions, the release of phosphorus from sediments (trapped in oxidized iron
compounds) to the water column can occur, and denitrification may be enhanced (Elliss,
1980; Depers et al., 1994). On the other hand, dissolved inorganic nitrogen (DIN)
concentrations were generally lower in summer and autumn than those in spring and
winter, and this may be caused by higher denitrification rates (anaerobic processes) in
summer and autumn. In addition, the dissolved N: P ratios suggested strong nitrogen
limitation for primary production, with values generally below 10 throughout the year
and below 5 in summer and autumn.

Below, the water, salinity and nutrient budgets have been examined using LOICZ
modeling, which can synthesize the data and give insight into the dominant
biogeochemical processes within the system.
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4.3.2 Water and salinity budgets
Figure 4.2 illustrates the annual averaged steady-state water and salt budgets. Typically,
it is most useful to consider these two budgets together. Rainfall is estimated at
39×106 m3 yr-1 and evaporation is estimated at -36×106 m3 yr-1, so the atmospheric
budget (V p -V E = 3×106 m3 yr-1) is considered to be insignificant to the water budget
compared with freshwater catchment runoff (86×106 m3 yr-1). Groundwater discharge is
assumed to be zero (no accurate data are available). Therefore, the residual flow was
calculated to be -89×106 m3 yr-1 (negative result indicates flow from the estuary to the
ocean). The hydraulic residence time of the system is given by the volume divided by
this residual flow - about 258 days.
Precipitation
Vp=39×106 m3 yr-1

Evaporation
VE=-36×106 m3 yr-1

Catchment runoff
6

3

-1

VQ=86×10 m yr

“River”

Residual flow
2

A = 35 km
Vsys=63 × 106 m3
“Estuary”

Precipitation
0

Catchment runoff
0
“River”

VR=-89×106m3 yr-1

“Sea”

Evaporation
0
VRSR=-2928×106 m3 yr-1

Ssys = 30.5 ppt
τ = 33 days
“Estuary”

S0=35.3 ppt
“Sea”
Vx×(Vo-Ssys)=2928 m3 yr-1

Figure 4.2 Annual averaged water (upper) and salinity (lower) budgets
in Lake Illawarra

The annual averaged salinity for Lake Illawarra was 30.5 ppt. The residual flow (V R )
delivers salt out of the system advectively, while mixing (V x ) transports salt into the
system. The salinity of the residual flow is taken to the average of the estuary and ocean
salinity (that is, 32.9 ppt), so the advective salt delivery is about 2928 ×106 m3 yr-1. Thus
the total exchange time for the system is the lake volume divided by the sum of V R +V x :
about 33 days.
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The exchange time estimated by Miller (1998) was about 56 days, who used a salinity
of 26.7 ppt for the system. The exchange time is affected not only by the entrance
conditions but also by the salinity of the system. The closer the lake water salinity is to
ocean salinity the lower the exchange time, and this has also been demonstrated by the
salinity sensitivity analysis in Miller’s study. However, the salinity values used for
Miller’s budget calculations were recorded at only one site (near Tallawarra Power
Station, on the western side). This may not be representative of the salinities in Lake
Illawarra in general, and the salinity data were old (from 1957 to 1965) and, therefore,
may not to be relevant to current the salinity of the lake and used for examining the
water and salinity budgets.

4.3.3 Inorganic nutrient budgets
Annual averaged inorganic nutrient budgets are presented in Figure 4.3. The results
showed that the catchment runoff was the main external source or inputs for dissolved
inorganic phosphorus (DIP) and dissolved inorganic nitrogen (DIN), while outward
transport occurred via residual and mixing flow. The outflow exceeded the inflow for
DIP, indicating an internal source of dissolved inorganic phosphorus contributing
435×103 mol year-1 (∆DIP). It was of the same magnitude as that estimated by Miller
(1998), which was 260×103 mol year-1, but much higher than the value calculated by
LIA (1995), which was 48×103 mol year-1 (Table 4.2).
Table 4.2 LOICZ modeling budget results of this study and comparison with LIA (1995)
and Miller (1998) nutrient budgets

System Salinity (S sys ) (ppt)
Exchange Time (τ) (days)
DIP syst (mol/m3)
∆DIP (mol/yr)
DIN syst (mmol/m3)
∆DIN (mol/yr)
Nfix-denit (mmol m-2 d-1)
p-r (mmol m-2 d-1)

LIA (1995)

Miller (1998)

Qu (2000)

33.0
N/A
1.87× 10-3
+48×103
2.6
-929×103
-0.18
-1.0

26.7
56
1.89× 10-3
+260×103
2.4
- 4196×103
-0.65
-2.2

30.5
33
1.55 × 10-3
+435 ×103
4.4
- 3003 ×103
-0.79
-3.7
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Precipitation
Evaporation
3
DIPatm=30×10 mol/yr 0
VRDIPR
DIPR=3.1 mmol/m3
“River”

VQDINQ

3

DIPsys=1.55 mmol/m

∆DIP=435×10 mol/yr

-90×103 mol/yr

3

267×103 mol/yr

“Estuary”

Vx(DIPo-DIPsys)

DIPo=0.48 mmol/m3

“Sea”

3

-643×10 mol/yr

Precipitation
DINatm=1317×103mol/yr

Evaporation
0
VRDINR

DINR=35 mmol/m3
“River”

VQDINQ

3

DINsy s=4.36 mmol/m

∆DIN=-3003×10 mol/yr
3

3010×103 mol/yr

“Estuary”

-310×103 mol/yr

DINo=2.7 mmol/m3
Vx(DINo-DINsys)
“Sea”
-1014×103 mol/yr

Figure 4.3 Annual averaged DIP (upper) and DIN (lower) budgets in Lake Illawarra.

On the other hand, the outward flux is much lower than the influx of nitrogen by
catchment and precipitation. Therefore, there must be a sink for DIN in the system
sequestering 3003×103 mol year-1 (∆DIN). The ∆DIN value was between the values
estimated by Miller (1998) and LIA (1995), which were 4196 ×103 and 929 ×103 mol
yr-1, respectively. This discrepancy of ∆DIN between different modellings appeared to
be the result of different dissolved nutrient (nitrogen) concentrations for the lake used in
the budget calculations. The DIN (nitrate + ammonium) concentration of the system
used in this model was 4.4 mmol m-3. This was almost two times higher than that
reported by LIA (1995) and Miller (1998), which was 2.6 and 2.4 mmol m-3,
respectively. This is in line with previous findings that available nutrient levels of Lake
Illawarra in general have increased (Ferguson et al., 1995). However, as mentioned in
Miller’s study (1998), the information on nitrogen in the lake system is not so readily
available, and the data (DIN concentrations) were considered a limiting factor in the
model because of the limited number of data and lack of full quality control information
in the original documents. On the contrary, the DIN concentrations used in this study
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were more recent and reliable as they were measured in 9 different locations in Lake
Illawarra over a relatively long time period (from 1996 to 2000).

4.3.4 Stoichiometric calculations of aspects of net system metabolism
The rates of nonconservative DIP and DIN fluxes can be used to estimate the apparent
rates of nitrogen fixation minus denitrification (nfix-denit) and primary production
minus respiration (p-r) in this system, and, thus to determine whether the system was
net nitrifying or denitrifying, heterotrophic or autotrophic.

Stoichiometric estimates were based on the molar C:N:P ratio of material likely to be
reacting in the system. It is assumed that this material is planktonic, with a Redfield
C:N:P molar ratio of 106:16:1. An estimate of nitrogen fixation minus denitrification
(nfix-denit) is established as the difference between observed and expected ∆DIN,
where the expected ∆DIN is ∆DIP multiplied by the N:P ratio of 16. As a result, ∆DIN
is expected to be 0.55 mmol m-2 d-1; while the observed ∆DIN is -0.24 mmol m-2 d-1, so
(nfix-denit) is -0.78 mmol m-2 d-1. However, in Lake Illawarra the main primary
producers include phytoplankton (diatoms), seagrass (Zostera and Ruppia) and
macroalgae (Webster et al., 2002; Qu et al., 2003). When the N:P ratio (27:1) for
seagrass was used, a greater rate of denitrification of -1.16 mmol m-2 d-1 was obtained.
Therefore, the Lake Illawarra was a net denitrifying system with a relatively modest rate
of net denitrification, and is well within the range of denitrification rates summarized in
Table 2.2 (Section 2.2.4) for shallow coastal marine systems in Australia. In addition,
the results were comparable with Miller’s modelling results (nfix-denit = -0.65 mmol
m-2 d-1), but higher than that suggested by LIA (1995), assuming rates as measured by
Galbally and Freney (1982) (0.18 mmol m-2 d-1).

Net organic metabolism, or (p-r), was calculated on the assumption that 1) ∆DIP is
dominated by decomposition of organic matter, 2) the redox-mediated desorption or
adsorption of DIP to sediments (or inorganic particles) is not significant, and 3) loss of
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DIP is due to the uptake by primary producers. ∆DIP multiplied by the C:P ratio of the
reacting organic matter becomes an estimate of (p-r). If the reacting organic matter has a
composition near that of plankton, then (p-r) = -106 × (4.35 × 105) mol yr-1 = -4.61x107
mol yr-1. This is equivalent to a rate of about -3.61 mmol m-2 d-1. Although this was
slightly higher than those estimated by Miller (1998) and LIA (1995), which were -2.2
and -1.0 mmol m-2 d-1, all the results indicated that the system was net heterotrophic.

4.3.5 LOICZ seasonal budgets
The seasonal budgets were also calculated to determine if any seasonal trends were
evident in the system, and the results were shown in Table 4.3. From the table, it can be
found that the exchange time of Lake Illawarra was much longer in spring and winter
than that in summer and autumn. This may be explained by the higher salinity observed
in summer and autumn due to the higher evaporation rates.

Table 4.3 LOICZ seasonal budgets for Lake Illawarra
Exchange DIP sys ∆DIP×103 DIN sys ∆DIN×103
nfix-denit
p-r
-3
-1
-3
-1
-2 -1
time (day) (mM m ) (mol yr ) (mM m ) (mol yr ) (mmol m d ) (mmol m-2 d-1)
Spring

50

0.80

-79

5.23

-2800

-0.12

0.66

Summer

22

2.84

+2160

2.58

-4260

-3.04

-17.96

Autumn

17

2.13

+1860

3.87

-3320

-2.59

-15.43

Winter

43

0.75

-54

6.79

-1500

-0.05

0.45

Average of
seasonal budgets

33

1.63

+973

4.62

-2970

-1.45

-8.07

Annual averaged
budgets

33

-3003

-0.78

-3.61

+435

Lake Illawarra was found to be a source for dissolved inorganic phosphorus (DIP) in
summer and autumn, while in spring and winter the system switched to a sink of DIP,
but ∆DIP values were close to 0. Phosphorus is often trapped in oxidized iron
compounds in sediments and may be released into overlying water under favorable
conditions (Lavery and McComb, 1991). In Lake Illawarra, due to the decay of organic
matter (shaded seagrass leaves) in summer and autumn, the sediments in the lake tend to
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be anaerobic, which will lead to anoxic release of P from oxidized iron compounds.
Because of the enhanced (heterotrophic) anaerobic respiration in summer and autumn,
the system tends to be a heterotrophic, and this was supported by the negative (p-r)
values (Table 4.3). The positive net ecosystem metabolism (NEM) values in winter and
spring indicated that the system became slightly net autotrophic, but at a rate near 0.

The balance for DIN and the (nfix-denit) results indicated that the lake was a DIN sink
and net denitrifying throughout the year with greater rates in summer and autumn than
spring and winter (Table 4.3). The seasonal N budgets were also calculated by Miller
(1998). Because there was not enough reliable data to be able to justify the division into
seasons, levels of nitrogen in the system, in the ocean and in the runoff were taken as
constant all year around in her study. However, in reality this is not the case, dissolved
inorganic nitrogen in the lake has been found at higher levels in winter and autumn as
shown in Table 4.3. In addition, from Table 4.3, it can be seen that when the seasonal
budgets were averaged, they were in general comparable with the annual (averaged)
budget.

4.4. Conclusions
In summary, the nutrient budgets for Lake Illawarra were examined using more recent
and reliable water quality data. The annual budget results indicated that although the
flux rates and net system metabolism values have changed, the system was still found to
perform in the same overall manner as the previous LOICZ budget estimated by Miller
(1998): 1) The lake is a net source for phosphorus and sink for nitrogen; 2) the lake is
nitrogen limited and net denitrifying system; 3) the lake is a net heterotrophic system.

The seasonal variations in nutrient budgets of the lake were also investigated. The
results indicated that the lake may shift from a source for phosphorus and carbon in
summer and autumn to a sink in winter and spring, but the ∆DIP and ∆DIC were close
to 0, while the sink of DIN and net denitrification were reduced over the winter and
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spring, with peak levels in summer and autumn.

From this study, some critical information gaps concerning the nutrient status of Lake
Illawarra were identified, which have been addressed in subsequent chapters of this
thesis, namely:
1) Measurements of benthic nutrient fluxes with emphasis on nitrogen, as the system
appears to be nitrogen limited;
2) Measurements of denitrification rates, as the system is a net denitrifying system and
no direct denitrification measurements have been conducted for this lake;
3) Measurements of benthic metabolism using TCO 2 and O 2 fluxes, as the system was
a net heterotrophic system; the carbon and oxygen stoichiometry can give some
insight into the type of the organic matter undergoing heterotrophic respiration and
decomposition pathways;
4) Seasonal and spatial variations of the above measurements, as the evident seasonal
trends were found from the LOICZ seasonal budgets.
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Chapter 5

Organic matter and benthic metabolism in
Lake Illawarra
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5.1 Introduction
When organic matter (carbon) settles on a lake or estuarine bottom, it may be
permanently buried in sediments or it may become involved in a sequence of
degradation reactions that remove the carbon from the sediment system by oxidation to
CO 2 . These processes or reactions are mediated by chemical or microbial activities, and
usually occur in a well ordered and spatially segregated sequence determined by the
Gibbs Free Energy yield (Davey, 1994). Oxygen, the most powerful oxidant, is
consumed first, followed by nitrate and nitrite, manganese oxyhydroxides, iron
oxyhydroxides, sulfate, and finally oxygen bound in organic matter (Froelich et al.,
1979). The net effect of all these processes is to cause the release of formerly
solid-associated nutrients into the pore waters, from which they can either diffuse
towards areas with lower nutrient concentrations (e.g., the overlying water) or be
scavenged from solution through adsorption and precipitation (Barbanti et al., 1995).
Therefore, when attempting to understand estuarine foodwebs and nutrient cycling, it is
important to study the nature (quantity and quality) of organic matter supply and
mineralization (Alongi, 1998).

The sediment organic matter pool in an estuarine ecosystem is commonly the net result
of a variety of different inputs, which include pelagic and microphytobenthos (MPB),
macrophytes (i.e., seagrasses), macroalgae and allochthonous material (Ferguson, 2002).
Sediment TOC, TN and C/N ratios are useful proxies for studying the sources and
quality of sedimentary organic matter. For example, the C/N molar ratio for plankton is
about 6.6 (Redfield ratio), albeit this may vary according to the ambient inorganic
nitrogen concentrations and growth rates (Lancelot and Billen, 1985). Plankton often
represent a significant source of labile material in estuaries, as they decompose quickly
due to the high nutrient, low fibre content and low C/N ratio (Enriquez et al., 1993; Eyre
and Ferguson, 2002). On the other hand, the C/N ratio for higher plants is about 14-26
and can even exceed 30; and these plant materials contain a substantial percentage of
refractory organic compounds (Wang et al., 1990; Qu et al., 1998)
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The rates and pathways of organic matter mineralization are of primary interest in
understanding ecosystem functioning and disturbances caused by eutrophication
(Ferguson, 2002). The method most commonly used in determining benthic community
metabolism (organic matter mineralization) is the measurement of oxygen consumption
(i.e., the flux of oxygen from water into sediments), and/or the production of total
inorganic C (TCO 2 ) (i.e., the release of TCO 2 from the sediment to the overlying water)
(Anderson et al., 1986; Berelson et al., 1998). Forja et al. (1994) suggested that the
stoichiometry of O 2 , TCO 2 , alkalinity and nutrient fluxes provide a good indictor for
estimating the contribution of principle metabolic (both aerobic and anaerobic)
pathways to the degradation of organic matter in the sediment.

The main objectives of the work reported in this chapter were to: (1) study the sources
and nature of sediment organic matter at 5 sites of Lake Illawarra; 2) study the seasonal
and spatial variations of O 2 , TCO 2 and alkalinity fluxes of the lake and evaluate the
influence of different primary produces (seagrass, MPB and macroalgae) on the benthic
metabolism; and, (3) investigate the diagenetic reactions and processes that are of
importance in recycling and burial of nutrients in this lake. All methods used in this
chapter have been described in Sections 3.4, 3.5 and 3.8.

5.2 Results
5.2.1. Sediment grain size analysis
The results of sediment grain size analysis are shown in Table 5.1. The sediments in the
shallow parts of Lake Illawarra (Sites 1, 2, 4 and 5, < 50 cm deep) were considered as
very sandy, since the coarse sand fractions (>250 µm) were > 70%; while Site 3, which
was located in the deep central basin of the lake (about 3 m deep), had much less coarse
sand (18%), but a comparably high fraction of fine silt and clay (<125 µm) (66%).
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Table 5.1 Sediment grain size compositions in percentage at five sample sites in Lake
Illawarra (See Figure 3.1 in Section 3.2 for locations)
Site 1

Site 2

Site 3

Site 4

Site 5

% Coarse Sand

81.8

78.8

18.0

80.2

74.2

% Fine sand

17.3

18.9

19.0

14.2

27.1

% Clay and silt

0.9

2.3

66.0

5.6

8.8

These results are similar to previous findings for the sediment grain size distribution in
Lake Illawarra (Depers et al., 1994). It has been suggested that areas with water depths
less than 1 m are mostly sand (mud <10%), due to wind induced wave currents
preventing finer silt particles from settling in these locations. The sediments on the
eastern side of the lake were mainly marine calcareous-quartz sand brought into the lake
via the tidal inlet channel, while those on the western side of the lake were mainly
quartz-lithic sand, supplied to the lake by some rivers such as Mullet Creek and
Macquarie Rivulet (Depers et al., 1994; WBM, 2003).

5.2.2 Carbon, nitrogen and C/N ratios in surface sediments and plant (seagrass and
macroalgae) tissues
Mean annual water content (WC%), total organic carbon (TOC) and total nitrogen (TN)
contents in the surface sediments at the five sites in Lake Illawarra are shown in Figure
5.1. TOC ranged from 0.35% at Site 1 to 2.70% at Site 3, while TN ranged from 0.05%
at Site 1 to 0.29% at Site 3. The WC% showed a similar pattern to that of TOC and TN
contents, with the highest content occurring at Site 3 (ANOVA, P<0.05). This seems
logical because of the high water retention capacity of the organic particulate material
(Pardo et al., 1990; Qu and Kelderman, 2001). The C/N ratios (molar ratio) ranged from
10.8 at Site 3 to 19.7 at Site 5, with the seagrass beds (Sites 2 and 5) displaying higher
C/N ratios than the adjacent unvegetated sediments, though the differences were not
always significant.
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Figure 5.1 Mean annual water content (WC %), total organic carbon (TOC), total
nitrogen (TN), and C/N ratios in surface sediments at five sites in Lake Illawarra. Error
bars are standard errors (SE).
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TOC and TN contents in seagrass Ruppia (from Site 2) and Zostera (from Site 5) tissues
were also measured (Table 5.2). The seagrass tissues were divided into leaves and
rhizomes. The results showed that the mean annual TOC and TN content of Ruppia
leaves was 34.3% and 2.8% respectively, and C/N ratio was 14.8, while the Ruppia
rhizomes showed relatively lower TOC and TN contents (28.0% and 1.7%,
respectively), but higher C/N ratio (20.1) (ANOVA, P<0.05). Similarly, Zostera leaves
had higher TOC and TN contents, and lower C/N ratio than their rhizomes. However, in
general, Ruppia tissues contained more N, and had lower C/N ratios than Zostera
(ANOVA, P<0.05). In addition, the TOC, TN and C/N ratios for macroalgae
(Chaetomorpha) collected from Site 2 were 27.9%, 2.3% and 14.2% respectively. Our
results were generally comparable with those reported by Kuster (2000), who measured
the TOC and TN contents of seagrass and macroalgae tissues at similar locations
(Nicolle Road and Mullet Creek stations) in 2000.

Table 5.2 Total organic carbon, total nitrogen contents and C/N ratios of seagrass
(Ruppia) and macroalgae (Chaetomorpha) from Site 2 and seagrass (Zostera) from Site
5. Numbers in parentheses are standard errors (SE) (N = 3-9)
TOC (%)

TN (%)

C/N (molar)

Ruppia-leaves (Site 2)

34.3 (0.4)

2.8 (0.2)

14.8 (0.9)

Ruppia-Rhizome (Site 2)

28.0 (0.7)

1.7 (0.1)

20.1 (1.5)

Chaetomorpha (Site 2)

27.9 (0.2)

2.3(0.1)

14.2 (0.4)

Zostera-leaves (Site 5)

33.2 (0.5)

2.1 (0.1)

18.9 (1.0)

Zostera-Rhizome (Site 5)

30.6 (1.2)

1.3 (0.0)

28.0 (2.1)
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5.2.3 Surface sediment chlorophyll levels
Though seasonally variable, Chl-a was found in the top 2 mm of all the sediment types
(Figure 5.2), indicating that these sediments all contained some benthic microalgae.
Therefore, sediments at each site in this study should be considered as a
plant-MPB-sediment mixture. Chl-a concentrations at Site 1 showed only small
variation in 2002 (12.5 - 15.7 mg m-2). However, a markedly higher concentration (23.5
mg m-2) was found in the summer (January) of 2003, though this was not statistically
significant (ANOVA, P > 0.05). The sediment Chl-a concentrations at Site 2, ranged
from 6.12 mg m-2 in winter to 13.3 in summer 2002. Chl-a concentrations at Site 3 were
generally low, ranging from 1.10 mg m-2 in autumn to 3.45 mg m-2 in summer 2002.
Two-factor (3 Sites and 5 Seasons) ANOVA analysis suggested that Chl-a
concentrations were lower in seagrass beds (Site 2, average 10.1 mg m-2) than those in
adjacent unvegetated sediments (Site 1, average 16.7 mg m-2) (P<0.05), which may be
due to shading effect of seagrass leaves. The lowest sediment Chl-a concentrations
(average 2.32 mg m-2) were found at Site 3, which may be the consequence of the light
limitation for the MPB in the centre of the lake (about 3 m deep) (P<0.01).

In addition, in summer 2003, surface sediment Chl-a concentrations were also measured
at Sites 4 and 5 (Figure 5.2). It can be seen that the bare sediments (Site 4) displayed a
relatively higher mean Chl-a concentration (39.1 mg m-2) than the seagrass beds (Site 5,
28.4 mg m-2), though again this difference was not significant (ANOVA, P>0.05).
However, the sediment Chl-a concentrations at both sites were significantly higher than
those at Sites 1-3 in summer 2003 (Post Hoc LSD Multiple Comparison Tests, P<0.01).
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Figure 5.2 Chlorophyll-a concentrations in surface sediments at five sites in Lake
Illawarra in different seasons. Error bars are standard errors (SE).
89

5.2.4 Microalgae in surface sediments
The microalgae on the surface sediments were identified under the microscope (Figure
5.3). Site 3 was located in the deep central basin of the lake, and benthic microalgae
community was dominated by benthic diatoms (Nitzschia longissima, Navicula distans
and Pleurosigma normanii). The microalgae at Site 1 consisted mainly of diatoms
(Pleurosigma normanii, Thalassionema frauenfeldii, Thalssionema nitzschioides and
Navicula sp.) and dinoflagellates (Prorocentrum mexicanu and Gymnodinium sp.).
Microalgae at Site 4 also consisted of diatoms (Nitzschia sp, Amphora sp, Navicula sp,
Amphiprora sp and Pleurosigm sp). These observations generally support the findings
for MPB populations in many shallow marine and estuarine habitats world-wide, which
have suggested that diatoms are usually the most abundant components of MPB
populations, and the most common genera include Naciculam Nitzchia and Amphiprora
(Beardall and Light, 1994).
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Site 1
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Figure 5.3 Microalgae in surface sediments observed at Sites 1, 3 and 4 of Lake
Illawarra in 2002.
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5.2.5 Dissolved oxygen and carbon dioxide fluxes
Nicolle Stations (Sites 1 and 2) and Central Station (Site 3)
In general, diel variations in the O 2 fluxes were observed at these three sites, with O 2
uptake in the dark and production or reduced uptake in the light (Figures 5.4, 5.5 and
5.6). At Site 1, sediment respiration rates in the dark showed only small seasonal
variations in 2002, ranging from -0.76 mmol m-2 h-1 O 2 (1.95 mmol m-2 h-1 TCO 2 ) in
autumn to -1.05 mmol m-2 h-1 O 2 (1.33 mmol m-2 h-1 TCO 2 ) in spring (Figure 5.4).
However, a significantly higher rate occurred in summer 2003 (-6.26 mmol m-2 h-1 O2 or
10.87 mmol m-2 h-1 TCO 2 ) (ANOVA, P<0.01). It was noticed that the dark TCO 2 fluxes
were about 30 to 150% higher than the dark O 2 fluxes, and the community respiration
quotient (CRQ = TCO 2 /O 2 ) ranged between 1.27 and 2.57, with an average of 1.85.

In the light, O 2 effluxes and TCO 2 uptake at Site 1 were found throughout the year of
2002, with no significant seasonal variations (ANOVA, P>0.05), but a light O 2 uptake
(-3.29 mmol m-2 h-1 O 2 ) and TCO 2 efflux (4.56 mmol m-2 h-1 TCO 2 ) were found during
the summer of 2003. Very low net O 2 or TCO 2 fluxes (uptake or release) were observed
in 2002, indicating a nearly balanced system, but a high net O 2 uptake (-4.78 mmol m-2
h-1) and TCO 2 efflux (7.72 mmol m-2 h-1) rate were found in summer 2003, suggesting
more carbon was respired than produced at the time of sampling. Rates of gross primary
productivity were calculated from the difference between light and dark O 2 or TCO 2
fluxes, varying from 1.31 mmol m-2 h-1 O 2 (-2.39 mmol m-2 h-1 TCO 2 ) in autumn to 1.94
mmol m-2 h-1 O 2 (-2.08 mmol m-2 h-1 TCO 2 ) in spring 2002, and a significantly higher
rate (2.97 mmol m-2 h-1 O 2 or -6.31 mmol m-2 h-1 TCO 2 ) was found in the summer of
2003 (ANOVA, P<0.05). In addition, the TCO 2 uptake was higher than that of the gross
primary production measured by O 2 fluxes, and the community production quotient
(CPQ = O 2 production/TCO 2 uptake) for gross primary production ranged between 0.55
and 0.93, with an average of 0.66.
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Figure 5.4 Summary of dark, light and net fluxes of O2, TCO2 and alkalinity fluxes and oxygen and carbon productivity measured during
summer (Sum02), autumn (Aut), spring (Spr) 2002 and summer 2003 (Sum03) at Site 1. Error bars are SE.
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Figure 5.5 Summary of dark, light and net fluxes of O2, TCO2 and alkalinity fluxes and oxygen and carbon productivity measured during
summer (Sum02), autumn (Aut), winter (Win), spring (Spr) 2002 and summer 2003 (Sum03) at Site 2. Error bars are SE.
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Figure 5.6 Summary of dark, light and net fluxes of O2, TCO2 and alkalinity fluxes and oxygen and carbon productivity measured during
summer (Sum02), autumn (Aut), winter (Win), spring (Spr) 2002 and summer 2003 (Sum03) at Site 3. Error bars are SE.
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For the site within the seagrass beds (Site 2), a dark O 2 uptake and CO 2 effluxes were
observed during all seasons, with the highest rates occurring in spring 2002 (-8.51 mmol
m-2 h-1 O 2 or 17.41 mmol m-2 h-1 TCO 2 ) and lowest in winter 2002 (-1.14 mmol m-2
h-1 O 2 or 0.84 mmol m-2 h-1 TCO 2 ) (Figure 5.5). In the light condition, seagrass beds
showed O 2 effluxes and TCO 2 uptake throughout the year of 2002, with the highest rate
occurring in spring 2002 (6.34 mmol m-2 h-1 of O 2 and -6.68 mmol m-2 h-1 of TCO 2 )
(ANOVA, P<0.05). However, a light O 2 uptake and TCO 2 efflux were found in summer
2003. The net O 2 uptake and TCO 2 effluxes were observed in the all seasons, except in
winter 2002 when a net flux rate close to 0 was found. The gross primary productivity
ranged from 2.33 mmol m-2 h-1 of O 2 (1.67 mmol m-2 h-1 of TCO 2 ) in winter, up to
14.85 mmol m-2 h-1 of O 2 (24.10 mmol m-2 h-1 of TCO 2 ) in spring 2002. This may be
explained by the very low biomass of seagrass (Ruppia) shoots and macroalgae
(Chaetomorpha) in winter, and high biomass in spring 2002 (Figure 5.7), which is
typical of the situation found when field sampling of seagrass has been carried out
(Brock, 1982). However, very low biomass of seagrass was also observed in summer
2003 due to a severe drought, which led to a low gross primary production (3.05 mmol
m-2 h-1 of O 2 or 1.66 mmol m-2 h-1 of TCO 2 ). The community production quotient (CPQ)
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for gross primary production ranged between 0.60 and 1.84, with an average of 1.04.
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Figure 5.7 Biomass of seagrass (Ruppia) shoots and rhizomes and macroalgae
(Chaetomorpha linum) measured during summer 2002 (Sum 02), autumn (Aut), winter
(Win), spring (Spr) 2002 and summer 2003 (Sum 03) at Site 2. Error bars are SE.
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Sediment respiration rates at Site 3 ranged between -0.51 mmol m-2 h-1 O 2 (0.85 mmol
m-2 h-1 TCO 2 ) during winter and -1.89 mmol m-2 h-1 O 2 (5.64 mmol m-2 h-1 TCO 2 )
during autumn 2002 (Figure 5.6). The CRQ ranged between 0.82 and 3.0, averaging
1.90. The net O 2 fluxes ranged from 0.00 mmol m-2 h-1 O 2 (0.19 mmol m-2 h-1 TCO 2 )
during winter to -1.69 mmol m-2 h-1 O 2 (3.61 mmol m-2 h-1 TCO 2 ) in autumn. The gross
productivity was generally low, ranging from 0.19 mmol m-2 h-1 O 2 (-0.33 mmol m-2 h-1
TCO 2 ) in summer 2002 to 1.19 mmol m-2 h-1 O 2 (-0.79 mmol m-2 h-1 TCO 2 ) in spring
2002. The average CPQ at this site was 0.71.

Two-way ANOVA analysis suggested significant spatial variations of the gross primary
production over an annual cycle, with the highest production occurring at Site 2
(seagrass beds), and lowest in the deep part of the lake (Site 3) (Fisher LSD Post-hoc
analysis, P<0.05). Temporal (seasonal) variations were also found, and there was a
general trend of highest production in spring or summer, and lowest production in
winter or autumn.

Mullet Creek Station (Sites 4 and 5)
Figure 5.8 shows the measured O 2 , TCO 2 and alkalinity fluxes in summer 2003 at Sites
4 and 5. The sediment respiration rates were -3.63 mmol m-2 h-1 O 2 (7.93 mmol m-2 h-1
TCO 2 ) and -6.95 mmol m-2 h-1 O 2 (14.21 mmol m-2 h-1 TCO 2 ) at Sites 4 and 5, and
CRQ was 2.18 and 2.04, respectively. In the light, a lower and highly variable O 2
uptake or TCO 2 efflux was observed at both sites. The net O 2 flux was -1.96 mmol m-2
h-1 O 2 (5.26 mmol m-2 h-1 TCO 2 ) at Site 4, and -3.83 mmol m-2 h-1 O 2 (8.02 mmol m-2
h-1 TCO 2 ) at Site 5. The gross productivity was 3.35 mmol m-2 h-1 O 2 (-5.34 mmol m-2
h-1 TCO 2 ) at Site 4, and 6.24 mmol m-2 h-1 O 2 (-12.38 mmol m-2 h-1 TCO 2 ) at Site 5,
and CPQ was 0.63 and 0.50 at Sites 4 and 5, respectively.

In addition, the alkalinity fluxes at all sampling sites also displayed a diel variation with
effluxes in the dark and reduced effluxes or uptake in the light. They generally showed a
similar pattern to that of TCO 2 fluxes, but the values were relatively smaller.
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Figure 5.8 Summary of dark, light and net fluxes of O2, TCO2 and alkalinity fluxes and oxygen and carbon productivity measured during
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summer 2003 at Sites 4 and 5. Error bars are SE.

5.3. Discussion
5.3.1 Sources of sedimentary organic matter
In this study, seagrass beds (Sites 2 and 5) showed relatively higher TOC and lower TN
contents in surface sediments, thus higher C/N ratios (18.8 and 19.7 at Sites 2 and 5),
than the adjacent unvegetated sediments (Sites 1 and 4), though the differences were not
significant. The sediment C/N ratios at Sites 2 and 5 generally reflected the C/N ratios
of the seagrass (Ruppia and Zostera) tissues (Table 5.2), indicating that sedimentary
organic materials are mainly from seagrass.

On the other hand, the lower sediment C/N ratios found for bare sediments at Sites 1
and 4 (11.1 and 14.6, respectively), indicated the possible contribution of microalgae to
the sedimentary organic matter pool. However, the C/N ratios were higher than the
expected Redfield ratio (6.6). This may be explained by: 1) bacterial degradation
processes, as they may drive the C/N ratio of algal detritus from near Redfield to
approximately 10 (Pedersen et al., 1999); or 2) the influence of terrestrial detritus input
from rivers such as Mullet Creek at Site 4, which indeed showed a relatively higher C/N
ratio than other unvegetated sites (Sites 1 and 3).

Functional Chl-a concentration in surface sediments is often used to represent the living
MPB biomass. In this study, the biomass of MPB in the lake was in the range of
1.1–39.1 mg Chl-a m-2 (mean 20 mg Chl-a m-2), which falls within the range for MPB
in shallow coastal ecosystems reported elsewhere in the literature. For instance,
Beardall and Light (1994) reviewed the MPB biomass in shallow intertidal estuarine
habitats (most data are from latitude 32°S to 57°N), and Chl-a concentrations ranged
from 0.23 to 324 mg Chl-a m-2 (mean 57 mg Chl-a m-2). In Port Phillip Bay, Australia,
the MPB biomass was estimated to be in the range 0-50 mg Chl-a m-2 (mean 19 mg m-2).
However, the Chl-a levels determined in this study, were relatively lower than
previously reported in Lake Illawarra. For example, Webster et al. (2002) reported a
mean of 45 mg Chl-a m-2. This may be due to the different sediment stratum depth (10
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mm) used for Chl-a extractions by Webster et al. (2002).

Spatial variations of MPB biomass in Lake Illawarra were also observed, with the
highest values occurring in the shallow sandy sites and lowest values occurring in the
central deep muddy basin of the lake (ANOVA, P<0.01). Many studies on MPB
distribution in estuarine systems have also shown that the MPB biomass tended to
decrease with the increasing water depth, possibly due to light limitations (Beardall et
al., 1997).

Furthermore, assuming a carbon to Chl-a a ratio of 50 (de-Jonge, 1980), we can
estimate the contribution of living MPB to the sedimentary carbon pool. The
contributions were found to be higher in the shallow unvegetated beds (21% and 19% at
Sites 1 and 4), compared with those in the adjacent seagrass beds (9% and 13% at Sites
2 and 5) (ANOVA, P<0.05). The MPB living in the low productive deep basin of the
lake only contributed about 1%. These values were comparable with estimations from
other shallow estuarine systems (Kristensen et al., 1997; Ferguson, 2002). However, if
the total Chl-a (Chl-a + pheophytin) is used for the conversions, the percent
contributions could be much higher, especially at Site 3. This is because the surface
sediments in the central basin of the lake were found to have much higher pheophytin
concentrations (or lower functional Chl-a to total Chl-a ratios) than the shallow sandy
sites (Sites 1 and 2) (suggested by preliminary studies/experiments, data not shown).

The organic matter in estuarine sediments is commonly the net result of different inputs,
including pelagic, micro-phytobenthos (MPB), seagrass, macroalgae and allochthonous
materials (Ferguson, 2002). Based on the proxies of TOC, TN, C/N and Chl-a, however,
we are not able to further discuss or estimate the contribution of each source to the
sedimentary organic matter pool, as more information such as, stable isotope ratio
analysis is needed (Cook, 2003).
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5.3.2 Annual benthic primary production and trophic status
Table 5.3 summarizes the annual mean rates of primary production and respiration for
different sections and/or different primary producers of the lake. These figures are
obviously coarse estimates, based on limited sampling in some sections of the lake. In
this study, TCO 2 fluxes were used to estimate production instead of O 2 fluxes , as carbon
dioxide fluxes provide a more complete measure of benthic metabolism, and the mass
transfer relationships in the benthic food web are preferably expressed in terms of
carbon (Anderson et al., 1986).

Table 5.3 Estimated annual averaged rates of primary production and respiration using TCO 2
fluxes (mg C m-2 d-1) and annual primary production (tons carbon yr-1) of different sections of
Lake Illawarra (deep and shallow unvegetated beds and seagrass beds) and comparison with the
pelagic production
Section of Lake

Estimated Area
2

Production
-2

Respiration

(mg C m d )

(mg C m d )

(TC year-1)

Shallow unvegetated (<1.5 m)

5.4 (15%)

624

1704

1,235

Deep unvegetated (>1.5m)

21.7 (62%)

207

607

1,637

Total unvegetated beds

27 (77%)

Seagrass beds

7.9 (23%)

Total - benthic

35 (100%)

Total Pelagic

35

-2

Annual production

(Km )

*

-1

-1

2871
1560

3259

4,476
7347

1000*

14000**

* Since surveys began 1976, the area covered by seagrass has ranged from 5.1 to 10.7 km2, a mean value
of 7.9 km2 was used in this study.
* *Personal communication with Samantha Wellman (2003, University of Newcastle)

It can be seen that the seagrass beds showed a markedly higher production rate (1560
mg C m-2 d-1) than the unvegetated beds, and the production rate in shallow unvegetated
beds (624 mg C m-2 d-1) was about three times as high as that in the deep part of the lake
(207 mg C m-2 d-1). These production rates were comparable with literature values. For
example, it has been reported that benthic microalgal primary production in sediments,
not vegetated by macrophytes, is typically ca. 100-340 g C m-2 yr-1 (270-930 mg C m-2
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d-1) in many estuarine systems (Rizzo et al., 1996). The pelagic production rate was
estimated to be between the rates in seagrass and unvegetated sediments, which was
about 1000 mg C m-2 d-1 (Samantha Wellman, 2003, personal communication).

On an annual basis, the production in deep unvegetated beds was estimated to be 1637
tonnes of carbon per year, which was higher than the shallow beds production (1235
tonnes yr-1). This may be because much of the lake is more than 1.5 m deep. Although
seagrass beds only cover 23% of the lake area (7.9 km2), they contributed more to the
production of the lake than unvegetated beds due to their very high production rate. The
total benthic production was estimated to about half of the pelagic production.
Therefore, the benthic microalgae and seagrass play a significant role in terms of
primary production in Lake Illawarra.

In addition, multiple regression analysis indicated that among the sediment variables,
Chl-a was the only significant variable in explaining the variability of the production in
the unvegetated beds; while the production in the seagrass beds was controlled by the
biomass of seagrass and/or macroalgae (Figure 5.7). On the other hand, sediment C/N
ratios controlled 60% of the variations in respiration (dark TCO 2 fluxes).

The respiratory load within the sediments exceeded the annual gross photosynthetic
rates, indicating that the lake was net heterotrophic on an annual basis (Table 5.3). The
trophic status (i.e., photoautotrophic versus heterotrophy) of a system can affect a
number of ecologically important functions such as sediment stability, water quality and
nutrient cycling processes (Rizzo et al., 1996). Therefore, the trophic status of the lake,
and its temporal and seasonal variations were studied. Firstly, the benthic trophic state
index (BTSI) developed by Rizzo et al (1996) was used to assess the trophic status
(Figure 5.9a). The BTSI (0, 1, 2 or 3) uses data from short-term metabolic
measurements (based on the hourly rates of maximum net community production NCP max and community respiration-CR) to classify sallow sediments. From Figure 5.9a,
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it can be seen that sediments at Site 1 were generally net autotrophic to highly
autotrophic (on the boundary of BTSI 2 and 3 region), and Site 2 sediments may be
classified as net autotrophic (close to highly autotrophic in winter) throughout year
2002. However, both sites appeared to be net heterotrophic (BTSI 1) during summer
2003, and were clustered together with Sites 4 and 5 (which were also sampled in
summer 2003). Site 3 sediments were classified as net heterotrophic, except in winter
2002, when the system appeared to be net autotrophic.

Net O 2 /TCO 2 fluxes and P/R ratios are more traditional approaches to providing an
indication of net daily benthic community metabolism and trophic status of sediments
(Eyre and Ferguson, 2002). For example, net O 2 uptake or CO 2 effluxes often indicate
that the system is heterotrophic, while net O 2 effluxes or CO 2 uptake may indicate that
the system is autotrophic (Ferguson, 2002). For P/R ratios, when the ratio is >1, the
sediments are net autotrophic and more carbon is produced than is respired; when the
P/R ratio is < 1, the sediments are the heterotrophic and more carbon is respired than is
produced; and when P/R = 1, respiration and production are balanced. However, P/R
ratios should be extrapolated from 24-h incubations, as short-term incubations may give
misleading estimates due to variability over the photoperiod and/or night (Shaffer, 1984;
Rizzo et al., 1996; Cook, 2003). In this study, a significant relationship was found
between net O 2 fluxes and P/R ratios (P<0.05) (Figure 5.9 b). The results showed that
Site 1, classified as net autotrophic to highly autotrophic using BTSI, would be
considered as a balanced system or slightly autotrophic system using P/R ratios (≈1) in
2002. However, in the dry summer of 2003, Site 1 was considered heterotrophic using
both approaches. Sediments at Sites 2 and 3, both with a classification of highly
autotrophic in winter 2002 using BTSI, are classified as slightly autotrophic using P/R
ratios. Sediments at Site 3 were heterotrophic in the other seasons studied according to
all the approaches, as the rates of oxygen evolution in the light were less than dark
consumption rates, with P/R ratios <1. However, Site 2, classified as net autotrophic
using BTSI in spring, summer and autumn in 2002, was heterotrophic using P/R ratios.
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Finally, all the sites (Sites 1-5) were net-respiratory according to different approaches
during summer 2003, indicating they were decomposing more organic carbon than they
were producing.

In summary, the trophic status was evaluated using 3 different indexes for Lake
Illawarra, which led to similar trophic classifications in general (slightly different on
several occasions, especially at Site 2), and the same patterns of spatial and temporal
variations. For example, it has been found that the coarse sandy sediments in the
shallow areas tended to be more autotrophic than the deep muddy sediments in the
central part of the lake. Similar results were observed in other studies on the spatial
variations of trophic status for shallow water sediment habitats; for instance, Rizzo et al.
(1996) suggested that the finer sediments had higher OM contents, which represent an
additional

system

capacity to

support

sediment

oxygen

uptake

based

on

nonautochthonous production. Temporally, autotrophy declined from winter to summer,
especially in the dry summer of 2003, when all sites appeared as highly heterotrophic.
Overall, the lake was heterotrophic on an annual basis, as the total community carbon
respiration exceeded production (Table 5.3). This may be explained by the
allochthonous carbon input to the lake, which could account for the high respiration
rates. Alternatively, as stated by Neubauer et al. (2000), this may be due to high
autotrophic production in 1 year which might not be completely decomposed, thus
leading to an imbalance between production and respiration in the following year, if
gross community production and total community respiration vary annually and are out
of phase.
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Figure 5.9 a) A plot of net community production (NCP) and community respiration
(CR) measured over the study period at five Sites in Lake Illawarra, and the
classification of trophic status based on benthic trophic state index (BTSI) developed by
Rizzo et al. (1996). Error bars represent SE. b) A plot of net O 2 fluxes and P/R ratios
estimated for five sampling sites over the study period in Lake Illawarra, and the
classification of trophic status based on both approaches. For details please refer to the
text.
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5.3.3 Carbon and oxygen stoichiometry
5.3.3.1 Dark O2 and TCO2 stoichiometry
It has been found that the ratio between TCO 2 production and O 2 consumption under
aerobic respiration depends on the types of organic matter undergoing decomposition
and the end products, and the TCO 2 : O 2 dark fluxes ratio would vary between
approximately 0.63 to 1.08 (Anderson et al., 1986).

However, anaerobic respiration processes (such as sulfate reduction) and/or calcium
carbonate dissolution will drive the TCO 2 : O 2 ratio higher (Berelson et al., 1996). In
this study, a plot of dark TCO 2 fluxes versus O 2 fluxes (Figure 5.10a) indicated that the
TCO 2 effluxes often exceeded O 2 consumption (i.e., TCO 2 /O 2 ratios for most
samples/points were above 1.08), suggesting either a dominance of anaerobic
respiration processes or calcium carbonate dissolution. The high TCO 2 :O 2 molar ratio
may be explained using the stoichiometry of the dark TCO 2 , O 2 , alkalinity and nutrient
fluxes, as they can give some insight into the type of organic matter undergoing
heterotrophic respiration (diagenesis) and the decomposition (reaction) pathways in
different plant-sediment systems (Eyre and Ferguson, 2002). Hammond et al (1999) also
stated that benthic chambers or incubated cores reflect the net stoichiometry of all
reactions occurring within the sediments, as these techniques integrate benthic
community processes/reactions, and the net outcome of these sediment reactions is
translated into benthic fluxes. It is necessary to identify which fluxes are produced by
which reactions, in order to develop stoichiometric relationships by constructing an
alkalinity balance (Berelson et al., 1998). The methods used to break down the
alkalinity fluxes into various components, thus facilitating understanding of carbon
diagenesis have been discussed in detail by Berelson et al. (1996; 1998) and Hammond
et al. (1996). It is believed that alkalinity may be produced through: (1) net ammonium
release; (2) net denitrification; (3) net sulfate reduction; and (4) net carbonate
dissolution.
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Figure 5.10 a) Dark O2 fluxes versus dark TCO2 fluxes; b) Dark O2 fluxes versus
dark TCO2 fluxes after correction for CaCO3 dissolution; c) Dark O2 fluxes versus
TCO2 fluxes after correction for sulfate reduction for 5 sites of Lake Illawarra over
the study period. Errors bars are SE for replicate measurements (n=3)
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In this study, the contribution of processes (1) and (2) was first determined (corrected)
by adding the nitrate and subtracting the ammonium flux. The residual alkalinity flux
(corrected alkalinity, Alkcorr) is accounted for by either process (3) and/or (4). As no
pyrite accumulation rates or Ca2+ fluxes were measured, it is not possible to determine
the exact contribution of processes (3) and (4) to the Alkcorr. However, the upper limit
of both processes can be estimated using the methods (i.e., calcium carbonate
dissolution and sulfate reduction models) developed by Berelson et al. (1996) and
Hammond et al. (1996).

Calcium carbonate dissolution and sulfate reduction scenarios:
CO 2 + CaCO 3 + H 2 O ⇔ Ca2+ + 2HCO 3 1.5C org + 2.5NH 3 + 8SO 4 2- + 4Fe(OH) 3 + H 2 O ⇔ 4FeS 2 +11.5HCO 3 - + 3.5CO 3 2- +2.5NH 4 +

The CaCO 3 dissolution model accounts for Alkcorr as derived from the CaCO 3
dissolution and the maximum dissolution of CaCO 3 is taken as 1/2 of the Alkcorr flux,
given two units of alkalinity per mole of CaCO 3 dissolved (Berelson et al., 1998). When
the dark TCO 2 fluxes corrected for CaCO 3 dissolution were plotted against O 2 dark
fluxes (Figure 5.10b), the data/points fell close to the expected range (0.63 to 1.08).
This indicated that CaCO 3 dissolution may be driving the alkalinity in these sediments
(Cook, 2003). According to the CaCO 3 dissolution model, the average CaCO 3
dissolution rate in Lake Illawarra is estimated to be 1.2 mmol m–2 h-1, as the average
alkalinity flux is about 2.4 meq m-2 h-1 (Figures 5.4-5.8). This means that approximately
10.1×107 g carbonate shell material is lost per day in this lake (with an area of 35 km2).
This result is reasonable as the carbonate contents measured by Depers et al. (1994) for
eight sediments cores from different sites in Lake Illawarra were high, ranging from
10% to 30.2%, with a mean value of 17.3%. WCC (1976) found that most of the
carbonate percentage in the sediments exists as either shell fragments in the sand sheets
or as whole shells (Notospisula sp.) in the muddier sediments. Notospisula sp. was
always found dead with both valves intact. This was also observed in the present study,
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and the reason is uncertain.

However, the CaCO 3 dissolution model assumes that the NH 4 + produced during organic
matter degradation remains unoxidized. In reality, however, at least part of the
ammonium will be oxidized by oxygen (Berelson et al., 1996). Therefore, a second
model (sulfate reduction) was considered in this study. The sulfate reduction model
accounts for all the corrected alkalinity flux as derived from sulfate reduction, and the
upper limit on the amount of carbon oxidized by sulfate is given as 0.82×Alkcorr; this
stoichiometry assumes that the reaction of sulfate with organic matter in the presence of
Fe(OH) 3 (Berelson et al., 1998). From the plot of sulfate reduction corrected dark TCO2
fluxes versus dark O 2 fluxes (Figure 5.10c), it can be seen that an alkalinity correction
using the sulfate reduction model brings the TCO 2 :O 2 much closer to the expected
range than using the CaCO 3 dissolution model. Therefore, the sulfate reduction model is
favoured. It has been found that sulfate reduction is typically the predominant process
responsible for the mineralization of organic carbon in anaerobic marine sediments
(Jorgensen and Sorensen, 1985; Yoon and Benner, 1992; Seitzinger and Giblin, 1996)
and generally accounts for 5-50% of the total mineralization of organic matter in
shallow coastal sediments (Berelson et al., 1996). In this study, the calculation results
using the sulfate reduction model indicated that sulfate reduction could account for
0.5-72% of the carbon oxidized. However, the difference in estimated total carbon
oxidized for this lake using the two models was small, with an average value of 12%. In
fact, it is unlikely that either of the extreme scenarios presented here is correct, and
more likely that both processes occur to varying degrees as reported in other
marine/estuarine systems (Barbanti et al., 1995; Nicholson et al., 1996; Hammond et al.,
1999).

According to both models, the part of the TCO 2 not attributed to carbonate dissolution
or sulfate reduction must be due to organic degradation/oxygen uptake. We noticed that
after the alkalinity correction and applying both models, there were still excess TCO 2
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effluxes that could not be explained by the alkalinity data for some samples, which still
had TCO 2 :O 2 molar ratios above the expected range. Hammond et al (1999) have
provided several possible explanations for the existence of alkalinity-free sources for
TCO 2 . For example, oxygen supplied by irrigation could oxidize Fe2+ or sedimentary
sulfides, which consumes alkalinity and O 2 ; DOC may consume protons during the
alkalinity titration and cause the calculated TCO 2 to be too large. In addition, both
models assume that the oxidized organic matter consists of only carbohydrates (CH 2 O).
However, the organic matter may consist of other groups such as lipids (CH 2 ), proteins
(NHCH 2 CO) and phosphate groups (CHPO 4 M). It has been reported that the TCO 2 :O 2
ratio is sensitive to the composition of the organic carbon (Anderson et al., 1986).

5.3.3.2 Light O2 and TCO2 stoichiometry
It has been reported that production quotient (PQ) (O 2 production/CO 2 uptake) for
benthic producers varies from 1:1 (assuming ammonium as the nitrogen source) to 1.6:1
(assuming nitrate as the nitrogen source) (Valiela, 1995). From Figure 5.11a, it can be
seen that PQ values for most samples/sites in this lake were less than 1. This may be due
the limitation of measuring gross sediment production using direct fluxes (Cook, 2003).
Eyre and Ferguson (2002) also state that the extrapolation of respiration rates measured
in the dark to the light period is the major problem in estimating benthic production
from the TCO 2 and/or O 2 flux. This is because O 2 production may modify the dark O 2
consumption and TCO 2 production rates through: 1) photorespiration; 2) enhanced
bacterial respiration (due to release of DOC from phototrophs); 3) enhanced nitrification;
and 4) changes in sulfate reduction and CaCO 3 dissolution.

Since the changes in nitrification, sulfate reduction and CaCO 3 dissolution will result in
a change in alkalinity flux, it is possible to correct these changes in O 2 consumption and
TCO 2 production from dark to light (Eyre and Ferguson, 2002). As with the dark O 2
and TCO 2 stoichiometry, the alkalinity fluxes (dark and light) were first corrected by
adding NO 3 - flux and subtracting NH 4 + flux, and the gross alkalinity fluxes (Alk corrG )
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Figure 5.11 a) Gross light O2 fluxes versus gross light TCO2 fluxes; b) Gross light O2 fluxes
versus gross light TCO2 fluxes after correction for CaCO3 precipitation; c) Gross light O2
fluxes after correction for FeS oxidation versus gross light TCO2 fluxes for 5 sites of111
Lake
Illawarra over the study period. Errors bars are SE for replicate measurements (n=3)

calculated from the difference between light and dark alkalinity fluxes (Cook, 2003).
Again, two scenarios/models were considered here, with the AlkcorrG being attributable
to either 1) carbonate precipitation, and the TCO 2 fluxes were corrected as TCO 2 corr =
TCO 2 - (0.5*Alkcorr); or 2) the oxidation of FeS 2 , and the O 2 fluxes was corrected as
TO 2 corr = O 2 - (0.92*Alkcorr) (Fenchel & Glud, 2000; Cook, 2003).

From Figure 5.11 (b, c), it can be seen that after correction for CaCO 3 precipitation, the
data fell closer to the expected line (1:1 to 1.6:1), but PQ values for most samples were
still less than 1. However, after correction for sulfide re-oxidation, most points fell
within or much closer to the expected range. It seems that the discrepancy between
measured O 2 and TCO 2 is more likely caused by the re-oxidation of reduced sulfides
within the sediments during illumination. Similar results have been observed by Cook
(2003) in Huon Estuary, a temperate Australian estuary. Revsbech et al. (1980) stated
that oscillation in benthic redox conditions caused by a reduction in O 2 penetration
towards the end of the night, may favor an increase in sulfate reduction rates resulting in
a build up of reduced species which are substantially oxidized during the day when
photosynthetic oxygen production proceeds.

5.4. Summary
In summary, TOC, TN, Chl-a concentrations and grain size of surface sediments were
measured at five sites of Lake Illawarra. The unvegetated sediments showed lower C/N
ratios (with the lowest value occurring in the deep organic-rich muddy site) than the
seagrass (Ruppia or Zostera) beds, which may be due to the contribution of microalgae
(mainly diatoms) to the sedimentary organic matter pool. This was also supported by the
detection of microalgae pigments in the bare sediments.

Benthic metabolism was also investigated at these sites to compare the characteristics of
diagenesis and benthic biogeochemical processes for different primary producers and/or
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sediment types. On an annual basis, seagrass beds exhibited the highest gross primary
productivity and the lowest rates occurred in the deep central basin of the lake. Seasonal
variations were also found, and there was a general trend of highest production in spring
or summer, and lowest production in winter or autumn.

The O 2 production rate was found generally lower than the CO 2 uptake rate, leading to
CPQ <1. It is suggested that the discrepancy between measured O 2 and TCO 2 fluxes
may be caused by the re-oxidation of reduced sulfides within the sediments during
illumination. In the dark, TCO 2 effluxes exceeded O 2 consumption, which may be
explained by either calcium carbonate dissolution or sulfate reduction model, but the
sulfate reduction is favored.

Trophic status was evaluated using BTSI, net O 2 fluxes and P/R ratios for Lake
Illawarra, indicating that overall the lake was a net heterotrophic system though some
spatial and seasonal variations were observed. Although the data should be interpreted
cautiously, because of limited sampling sites and/or short-term variability, which may
mask seasonal patterns (Rizzo et al., 1996), these results generally supported the LOICZ
conclusions presented in Chapter 4.
Further commentary on aspects of the metabolism will be given in Chapter 8.
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Chapter 6
Benthic Nitrogen Fluxes and Denitrification in
Lake Illawarra
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6.1. Introduction
Nutrients can enter estuarine and other coastal ecosystems in varying amounts and forms,
and may be deposited and accumulated in the sediments under conditions of low water
movement (Davey, 1994). Moreover, in situations of changing physico-chemical
environments and/or by microbial activities, the nutrients may be released from the
benthic system into overlying water (Klump and Martens, 1981). Nitrogen is generally
considered as the key element limiting primary production in most coastal waters, and
the benthic sediment-water nitrogen flux is an important factor or process in controlling
the concentration of inorganic nitrogen species in shallow waters (Blackburn and
Henriksen, 1983). Jensen et al. (1990) suggested that sediment nitrogen (release) could
contribute significantly (30-100%) to the nitrogen requirement of the primary production
in coastal areas.

In shallow coastal environments, nutrient recycling and primary production are
partitioned among organisms in planktonic (e.g., phytoplankton and macroalgae) and
benthic (e.g., microphytobenthos (MPB) and seagrasses) habitats (Chen et al., 2000). It is
well known, that in shallow estuaries (lagoons), increased nutrient loadings often cause a
shift in the composition of primary producers (i.e., stimulating the growth of
fast-growing macro and micro-algae, and suppressing benthic rooted plants) (Duarte,
1995). This may introduce large diel variations in O2 concentrations, changes in the
redox conditions of surface sediments and thus changes in nutrient cycling processes.
For example, benthic microalgae and seagrass may enhance denitrification by
oxygenating the surface sediment layers, or inhibit denitrification by competing with
bacteria (nitrifiers) for inorganic-N, depending on the nitrogen concentrations in the
water column (Rysgaard et al., 1996). In addition, Welsh et al. (2000) have demonstrated
that, in contrast to MPB and other marine macrophytes, seagrasses can obtain nutrients
from both the water column and the sediment, as they possess an extensive root and
rhizome system.
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On the other hand, macroalgae may reduce denitrification by: 1) physically separating
the denitrifiers from the water-column nitrate; 2) efficient assimilation of nitrate; and 3)
suppression of nitrification through anoxia below the algal mats (Krause-Jensen et al.,
1996; Eyre and Ferguson, 2002). The deposition and decomposition of these macroalgal
blooms may enhance the benthic NH4+ and o-P release, stimulating further algal or
phytoplankton production, and resulting in sediment anoxic, which will affect living
organisms in both the sediment and overlying water (Raffaelli et al., 1998). Therefore, a
detailed study of nutrient (N) dynamics in both vegetated and unvegetated sediments is
essential for the sustainable management of these vulnerable ecosystems (Harris, 1977;
Yassini & Clarke, 1986; Ford & Webster, 1997; Welsh, 2000; Kuster, 2000).

A number of nutrient studies have been conducted in Lake Illawarra in the past three
decades, focusing on water column nutrient models and sediment nutrient regimes
(Sherman et al., 2000). However, information on benthic nitrogen cycling processes is
limited. For example, no measurements of denitrification in the sediments for this
estuary exist, and denitrification is likely to be a major sink for dissolved inorganic
nitrogen in the lake (Sherman et al., 2000). No attempt has been made in the past to
quantify inter- and intra-seasonal variations of nutrient fluxes in Lake Illawarra, and to
compare the benthic nutrient fluxes in sediments with different primary producers in this
lake. For details, please refer to Section 1.3.

The primary purposes of the work reported in this chapter were to: 1) study the temporal
(diel and seasonal) and spatial variations of the nutrient benthic fluxes at five sites in the
lake; 2) compare calculated diffusive nutrient fluxes and measured fluxes using
sediment-core incubations, and evaluate the possible effects of benthic faunal activity
and physical processes on benthic nutrient fluxes; 3) study the temporal (diel and
seasonal) and spatial variations of denitrification using isotope pairing and N2/Ar
techniques; 4) evaluate the influence of different primary producers (seagrass, MPB and
macroalgae) and/or different sediment types (mud and sand) on the benthic processes.
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The results have been interpreted with an emphasis on nitrogen cycling because Lake
Illawarra is considered a nitrogen-limited system (Sherman et al., 2000). The methods
used are described in Sections 3.4 – 3.6.

6.2. Results
6.2.1 Water column characteristics
Figure 6.1 summarizes dissolved inorganic nutrient concentrations and other relevant
chemical and physical variables in the water column measured during each survey from
January 2002 to January 2003 at Sites 1, 2 and 3 (Figure 3.1 in Section 3.2). Sites 1 and 2
were very shallow (<50 cm) and Site 3 was relatively deep (about 300 cm). The water
temperature and salinity showed little spatial variation, but temporally, they tended to be
the lowest in winter and the highest in summer, especially in the dry summer (January) of
2003, when a salinity of about 40 ppt was recorded. Dissolved oxygen (DO)
concentrations generally showed supersaturation (>100%) at Sites 1 and 2, except in
summer. Seagrass beds (Site 2), however, showed marked seasonal variations, with an
extremely high DO level (11.9 mg/L or 166.3 % saturation) occurring in Spring 2002,
when a large macroalgae and seagrass biomass was recorded (Figure 5.6). The DO
values at Site 3 were relatively low and less variable (81.6 to 100.9%), though a weak
winter peak was observed. pH showed a similar pattern to that of DO, with an average
value of about 8.0. Ammonium concentrations at Sites 1 and 2 were relatively constant
ranging from 10 to 30 µg/L, with the exception of a markedly high concentration found
in winter (64 and 40 µg/L for Sites 1 and 2, respectively).

NO3-+NO2- concentrations were generally lower than NH4+ at Sites 1 and 2 (except in
spring), and tended to increase from summer to spring. At Site 3, nitrogen concentrations
(NH4+ and NO3-+NO2-) were lower than those at Sites 1 and 2. The o-P concentrations at
Sites 1 and 2 were higher in winter and lower in summer, while the opposite trend
occurred at Site 3 with higher concentrations in summer and lower concentrations in
117

winter and spring, and the o-P concentrations at Site 3 (average 74 µg/L) were markedly
higher than those at Sites 1 and 2 (22 and 26 µg/L, respectively). The Chl-a
concentrations generally followed the pattern of nutrient concentrations in the water
column, and Site 3 (average 8.8 mg m-3) showed higher concentrations than Sites 1 and 2
(2.4 and 3.2 mg m-3 respectively).

In summer 2003, the water quality was also measured at Sites 4 and 5 (Figure 6.2). These
two sites showed relatively lower salinity (about 32 ppt), and higher nutrient
concentrations compared with those measured at Sites 1, 2 and 3. This may reflect the
influence of freshwater inputs carrying large amount of nutrients to the lake from Mullet
Creek, as Patterson & Partners (1997) suggested that Mullet Creek generates the highest
nitrogen and phosphorus load into Lake Illawarra, when compared to other
sub-catchments. In addition, the N/P molar ratios for dissolved nutrients did not closely
approach the Redfield ratio of 16 during the study period at any sampling sites in Lake
Illawarra, indicating a heavily nitrogen limited system.
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Figure 6.1 Nutrient concentrations and other physical and chemical variables of the
water column at Sites 1, 2 and 3 during summer (Sum02), autumn (Aut), winter (Win),
Spring (Spr) 2002 and summer 2003 (Sum03).
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6.2.2 Nutrient fluxes
6.2.2.1 Nutrient fluxes at Nicolle Stations (Sites 1 & 2) and Central Station (Site 3)
In general, nutrient fluxes measured using the sediment-core incubation method showed
diel variations at these three sites, with lower flux out of the sediments (release), or
enhanced uptake by the sediments, during the light period (Figures 6.3 and 6.4). For
example, at Site 1, the dark NH4+ fluxes varied from -13 µmol m-2 h-1 in summer to 10
µmol m-2 h-1 in spring 2002, and a significantly higher efflux rate (191 µmol m-2 h-1)
occurred in the dry summer 2003 (ANOVA, P<0.01) (Figure 6.3). During the light
incubations, the NH4+ fluxes were reduced, ranging from -13 µmol m-2 h-1 in summer
2002, to 3.0 µmol m-2 h-1 in summer 2003. A net uptake for ammonium in summer and
autumn was observed in 2002, and a net release (highly variable) occurred in spring 2002
and summer 2003 (7 and 97 µmol m-2 h-1, respectively).

Dark NO3-+NO2- effluxes were observed at all seasons in 2002, with the highest, and
highly variable efflux in summer 2002 (mean 91 µmol m-2 h-1) and lowest flux rate in
autumn (32 µmol m-2 h-1); however, a low uptake occurred in summer 2003 (-4 µmol m-2
h-1) (Figure 6.3). During the light incubations, the NO3-+NO2- effluxes were reduced to 9
µmol m-2 h-1 in autumn 2002, while in other seasons the fluxes were directed into
sediments ranging from -14 to -2 µmol m-2 h-1. Net NO3-+NO2- release rates tended to
decrease from summer to spring 2002, but the differences were not significant, and a net
uptake for NO3-+NO2- occurred in summer 2003. In addition, the dark and net dissolved
inorganic nitrogen (DIN) fluxes were directed from sediments into the water column, but
the fluxes were dominated by NO3-+NO2- fluxes in 2002 and by ammonium fluxes in
summer 2003. During the light incubations, slight DIN uptakes were observed during all
sampling periods (Figure 6.3).

For seagrass beds (Site 2), ammonium was released from sediments in the dark at
generally low rates in autumn, winter and spring 2002 (ranging from 1 to 14 µmol m-2
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h-1), but at a significantly higher rate in summer 2002 (295 µmol m-2 h-1) (P<0.05)
(Figure 6.3), while in the dry summer 2003, ammonium was taken up in the dark at a rate
of -34 µmol m-2 h-1. In the light, the ammonium efflux was reduced to 60 µmol m-2 h-1 in
summer and 3 µmol m-2 h-1 in autumn 2002, and the flux tended towards sediment
uptakes afterwards. The pattern of net ammonium fluxes was similar to that of the dark
fluxes, but the magnitudes were relatively smaller. The NO3-+NO2- fluxes were generally
low, with the exception of significantly larger uptakes recorded in both dark and light
conditions in spring 2002. DIN displayed large seasonal variations with large effluxes in
summer 2002 dominated by ammonium fluxes, large uptakes dominated by NO3-+NO2fluxes in spring 2002, and a nearly balanced flux in autumn 2002.

Benthic fluxes of DIN at Site 3 were dominated by ammonium effluxes in summer and
autumn 2002, with enhanced releases in the dark (Figure 6.3). The significantly larger
(P<0.05) DIN efflux rates in autumn 2002, coincided with the highest O2 uptake or TCO2
efflux observed during that period (Figure 5.6). In contrast, the DIN flux was dominated
by NO3-+NO2-- uptakes in winter 2002, when a net O2 production (release) occurred
(Figure 5.6), while the nitrogen fluxes in other seasons were generally low.

Two-way ANOVA analysis suggested significant seasonal variations of the total
dissolved inorganic nitrogen fluxes (dark, light and net), with the highest release rate
occurring in autumn 2002, and the lowest release or highest uptake rate in spring 2002
(Fisher LSD Post-doc Analysis, P<0.05). On an annual basis, spatial variations were also
found, with a net DIN release occurring in unvegetated sediments (Sites 1 and 3) and a
net uptake in seagrass beds (Site 2).
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Figure 6.3 Dark, light and net fluxes of NH4+, NO3- +NO2-and DIN measured during summer (Sum02), autumn (Aut), winter (Win),
spring (Spr) 2002 and summer 2003 (Sum03) at Sites 1, 2 and 3. Error bars are SE.
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6.2.2.2 Nutrient fluxes at Mullet Creek Stations (Sites 4 and 5)
Figure 6.4 summarizes the measured benthic fluxes of nitrogen at Sites 4 and 5 during
summer 2003. Ammonium effluxes were observed in both dark and light conditions, and
were similar in magnitude at these two sites. Site 4 showed a dark NO3-+NO2- efflux and
light uptake, while Site 5 showed NO3-+NO2- uptakes in both dark and light conditions,
and the rates tended to be greater in the light, but the difference was not significant (P>
0.05). Net NO3-+NO2- fluxes were directed into sediments (-5 and -24 µmol m-2 h-1 at
Sites 4 and 5, respectively). DIN dark effluxes were 53 µmol m-2 h-1 at Site 4, and 11
µmol m-2 h-1 at Site 5. In the light, DIN was taken up by the sediments at both sites, with
rates of -18 and -21 µmol m-2 h-1 for Sites 4 and 5, respectively. As a result, a net DIN
efflux was found at Site 4 (17 µmol m-2 h-1) and a net DIN uptake occurred at Site 5 (-5
µmol m-2 h-1). A similar pattern was found on the eastern side of the lake, where a net
DIN uptake in seagrass beds (Site 2) and a net DIN release in the adjacent unvegetated
sediments (Site 1) were observed during summer 2003 (Figure 6.3).
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6.2.2.3 Comparison of sediment-core incubation and diffusive flux measurements
At Sites 1 and 2 in January (summer) and August (winter) 2002, pore water was
extracted in the field using an in situ pore water extractor (sipper), and in the laboratory
by a centrifugation method, and the nutrient fluxes (NH4+) were calculated using the
Fick’s diffusion equation. The results indicated that there was no significant difference
between the magnitudes of the (diffusive) nutrient fluxes estimated using these two
techniques (P> 0.05) (Figure 6.5), but at Site 2 the diffusive fluxes were found to be
significantly lower than the measured dark nutrient fluxes using sediment-core
incubations, especially in summer (P< 0.05). However, at Station 3, the diffusive fluxes
and incubated core fluxes were of similar magnitude in summer and winter.
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Figure 6.5 Fluxes of NH4+ estimated using the pore water profiles obtained by
centrifugation in the laboratory (Fp), in situ pore water extractor (Fe), and measured
fluxes (Fm) using sediment-core incubations in summer and winter at Sites 1, 2 and 3.
N.D. = Not Determined. Error bars are SE.
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6.2.3 Denitrification
6.2.3.1 Isotope pairing (IP) method
Test incubations for the IP assay Assumptions
A test incubation using different

15

NO3- concentrations was conducted to check the

assumptions underlying the isotope pairing technique. From Figure 6.6, it can be seen
that the rates of denitrification based on the added 15NO3- (D15) increased linearly with
the increase of

15

NO3- concentration from 35 µM to 80 µM in the water column,

indicating that the denitrification rate followed first order kinetics. On the other hand, the
rates of denitrification based on the natural 14NO3- (D14) remained constant (Figure 6.6),
indicating that 1) the formation of 14N15N pairs was saturated; and thus 2) the addition of
15

NO3- did not alter in situ denitrification (Tuominen et al., 1999).
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nitrification-denitrification based on NO3- from nitrification in the sediments (Dn) were
measured during August 2002 and January 2003 at the study sites (except Site 4), and the
results are shown in Figure 6.7. In general, the rates of total denitrification (D14 =
Dw+Dn) in both light and dark conditions were slightly higher in spring and winter than
those in summer, but the differences were not significant (P> 0.05). In the dark, D14
ranged from 4 µmol m-2 h-1 at Site 1 in summer to 15 µmol m-2 h-1 at Site 3 in Spring,
with an average of 9 µmol m-2 h-1, while in the light, D14 ranged from 5 µmol m-2 h-1 at
Site 1 in summer to 17 µmol m-2 h-1 at Site 3 in Spring, with an average of 11 µmol m-2
h-1. Dn always dominated the D14, and the percentage of Dn tended to be higher in the
light-incubated cores than in dark-incubated cores in winter and spring. In addition, the
percentage of Dn in the dark increased from 60% in winter, to 68% in spring up to 92%
in summer; while in the light it increased from 74% in winter, to 84% in spring up to
89% in summer. Spatially, in winter, the total denitrification rate was highest at Site 2,
and in spring and summer the highest rate occurred at Site 3, but the differences were
only significant during summer (P< 0.05).

6.2.3.2 N2/Ar method
The denitrification rates at Sites 2 and 3 were also measured using the N2/Ar technique
during August 2002 and January 2003 (Figure 6.7). The dark denitrification activities at
Site 2 measured by the N2/Ar method were markedly higher (>3 times) and more
variable than those measured using the IP technique; while in the light the denitrification
rates measured using the N2/Ar method were slightly lower (except in summer) than
those obtained using the IP technique, but the differences were not significant (P> 0.05).
On the other hand, at Site 3, the denitrification rates measured using these two methods
were of similar magnitude, but the rates measured using the N2/Ar method were much
more variable, especially during light incubations (Figure 6.7).
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Figure 6.7 The measured total denitrification (D14), coupled nitrification and
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technique at Sites 1, 2, 3 and 5 during winter, spring and summer, and measured net
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spring and summer. Error bars are Standard Deviation (STD).
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6.3. Discussion
6.3.1 Dark carbon and nitrogen stoichiometry
It is common to include assumptions about the organic matter controlling benthic
reactions, when studying the relationship between benthic metabolism (TCO2 fluxes)
and dissolved inorganic nitrogen DIN (NH4++NO2-+NO3-) fluxes (Berelson et al., 1998).
For example, if the organic matter is primarily marine phyto-detritus, the ratio between
TCO2 fluxes and DIN fluxes in the dark theoretically should be around 106:16 (6.6:1,
Redfield Ratio), and if it is primarily seagrass, the ratio should be about 27:1 (Eyre and
Ferguson, 2002).
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Figure 6.8 Annual averaged dark dissolved inorganic nitrogen (DIN) fluxes versus C:N
ratios of surface sediments at Sites 1 to 5 in Lake Illawarra. All measurements were
carried out in triplicate and error bars are the SE for 1 (Sites 4 and 5) or 5 experiments
(seasons) (Sites 1, 2 and 3, n=15).

In this study, the relationship between the annual averaged C/N ratios of surface
sediments at Sites 1 to 5 and DIN dark fluxes was investigated (Figure 6.8). We observed
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a negative correlation between the fluxes of dark DIN and C/N ratios, suggesting the
dependence of nitrogen generation on the quality or source of organic matter in the
sediment (Boynton and Kemp, 1985; Clavero et al., 2000). The DIN fluxes in seagrass
beds (Sites 2 and 5) tended to be lower than the unvegetated sediments (Sites 1, 3 and 4).
This may be explained by the low nitrogen content of decomposing organic matter and
efficient recycling within the plant-sediment system (Hansen et al., 2000; Eyre and
Ferguson, 2002).

The dark TCO2 fluxes versus dark DIN fluxes were then plotted (Figure 6.9a), which
showed that most points fell above the theoretical ratios. Considering that part of the
TCO2 fluxes may be attributed to carbonate dissolution or sulfate reduction as discussed
in Chapter 5, alkalinity-corrected dark TCO2 fluxes (total organic carbon oxidized rates
Cox) were plotted against DIN fluxes (Figure 6.9b). Only one sample from Site 3 and two
samples from Site 2 were found to be consistent with the expected ratios, but the dark
TCO2:DIN ratios for the remaining samples were still higher than the expected
stoichiometry. It has been proposed that denitrification accounts for the DIN deficit
relative to TCO2 fluxes in the dark (Berelson et al., 1998). However, the plot of dark
TCO2 fluxes, after correction, against dark inorganic nitrogen (DIN+N2) fluxes (Figure
6.9c) suggested that the denitrification rates were insufficient to account for the ‘missing’
N fluxes, especially at higher respiration rates. Therefore, there must be other pathways
accounting for the DIN removal in the sediments of the system. One interpretation is that
it may be caused by the dark uptake by benthic microalgae and possibly other plants (i.e.,
seagrass or macroalgae). For instance, Rysgaard et al. (1993) observed that benthic
microalgae can assimilate NO3- and NH4+ at high rates up to 60 hours after the sediment
has been darkened. Indeed, on several occasions, DIN uptakes during the dark
incubations were observed in this study, especially at Sites 2 and 3. Alternatively, the
shortfalls in DIN relative to respiration could be explained by the removal of nitrogen
due to immobilization into microbial biomass or dissolved organic nitrogen (DON)
effluxes (Hammond et al., 1999; Ferguson, 2002).
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Figure 6.9 a) Dark DIN (NH4++NO2-+NO3-) fluxes versus dark TCO2 fluxes; b) Dark
DIN fluxes versus alkalinity-corrected dark TCO2 fluxes (organic carbon oxidation rates
Cox); c) Dark DIN + N2 fluxes versus alkalinity-corrected dark TCO2 (Organic carbon
oxidation-Cox) fluxes for 5 sites of Lake Illawarra over the study period. Errors bars are
SE for replicate measurements (n=3).
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6.3.2 Stoichiometry of light fluxes - influence of benthic production on benthic
fluxes
The light DIN fluxes versus oxygen production rates were also plotted to study the
influence of benthic production on benthic fluxes (Figure 6.10). It can be seen that the
ratios of light DIN fluxes to benthic production for most samples were generally below
the expected stoichiometric ratios (1:6.6 for MPB and 1:27 for seagrass). This suggests
that the system was nitrogen limited throughout the year. However, benthic production
was observed with DIN effluxes instead of uptakes in the light on two occasions at Sites
2 and 3. For Site 3, this may be due to the high heterotrophic (mineralization) activity at
the time of sampling, which supplied the nitrogen requirements of the benthic microalgal
community, resulting in nitrogen release during light incubations (Rizzo et al., 1992). For
Site 2, it suggests that seagrasses were obtaining nutrients more from sediments than the
water column at the time of sampling (Eyre and Ferguson, 2002).
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Figure 6.10 Light dissolved inorganic nitrogen DIN (NH4++NO2-+NO3-) fluxes (uptake)
versus O2 production for 5 sites of Lake Illawarra over the study period. Errors bars are
SE for replicate measurements (n=3).
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6.3.3 Annual averaged nitrogen fluxes and nitrogen budget
Figure 6.11 summarizes the annual average dark, light and net fluxes of NH4+,
NO3-+NO2- and DIN at five sites in Lake Illawarra. In general, nutrient fluxes showed
diel variations, with an efflux (release) in the dark and uptake or reduced efflux in the
light. The DIN fluxes in the dark were directed from the sediments towards the water
column at all five sites and dominated by the NH4+ fluxes. In the light, all sites showed a
DIN uptake (except Site 3), and the highest rate occurring at Site 2 was coincident with
the highest O2 production in the light (Figure 5.5).

In addition, bare sediments displayed a net DIN release. Similarly, a net DIN release in
this lake from unvegetated sediments was observed using the in-situ incubation chamber
(Davey, 1994) and pore-water profile (Webster et al., 2002). On the other hand, seagrass
beds showed a net DIN uptake, which was dominated by the NO3-+NO2- fluxes. These
observations are consistent with previous studies of seagrass beds (Risgaard-Petersen et
al., 1998; Welsh et al., 2000), which suggested that the assimilation of inorganic N by the
seagrasses and their associated epiphytes had a major influence on overall DIN fluxes.
Additionally, our previous study on the influence of seagrass and macroalgae on nutrient
fluxes in seagrass meadows (Site 2) showed that DIN effluxes in the cores incubated
with algae and seagrasses were significantly lower (or shifting to a DIN sink) compared
with the cores incubated without algae. The results suggested that the dense filamentous
algal mats (algal blooms) might also act as a filter reducing the flux of nutrients to the
water column and this effect was most efficient during periods of net growth
(Krause-Jensen, et al., 1996). Furthermore, this regulation of DIN fluxes by the
assimilatory capacity of plants in this study was reflected by the seasonal variations in
the magnitude of fluxes, since the highest DIN uptakes coincided with the highest
standing crop of seagrass (Ruppia megacarpa) and macroalgae (Chaetomorpha linum)
and the highest levels of community production in spring 2002 (Figures 5.5, 5.7 and 6.3).
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In Table 6.1 the total N flux budgets including measured DIN fluxes (annual average),
predicted N and missing N fluxes in the dark condition at the five stations are
summarized. Measured DIN fluxes were the sum of measured of NH4+ and NO3-+ NO2fluxes. Predicted N fluxes were calculated as TCO2/(C:N) of organic matter. This N flux
may appear as nitrate, nitrite, ammonium or N2. The missing N flux is the difference
between the measured and predicted N fluxes. If the missing N flux is attributable to
denitrification and the production of N2, then the expected N2 fluxes (net denitrification)
in the dark can be predicted/calculated as the missing N flux divided by 2 (Nmissing flux/2).
In the same way, the light N2 and net N2 fluxes were estimated (Table 6.1).

Table 6.1 Nitrogen budget. All units are µmol m-2 h-1
Station

DIN

Cox

C:N

Predicated
Fn

1

88

2

24

3
4
5

96
53
11

Ave (1-3)

69

Ave (1-5)

64

3895
8426
2108
7935
14207
4810
5650

11.1
18.8
10.8
14.5
19.7
13.6
13.9

351
447
195
544
720
331
405

N

Expected

missing Dark N2 flux

264
423
98
491
709
262
342

132
212
49
246
354
131
171

Expected

Expected

light N2 flux

net N2 flux

30

81
117
27
172
206
75
90

22
5
98
57
19
25

The results indicated that the dark N2 fluxes ranged from 49 µmol m-2 h-1 at Site 3 to 354
µmol m-2 h-1 at Site 5, with an average of 171 µmol m-2 h-1 (131 µmol m-2 h-1 for Sites 1 to
3). However, reduced N2 fluxes were observed in the light with an average value of 25
µmol m-2 h-1 for Sites 1 to 5 (19 µmol m-2 h-1 for Sites 1 to 3). The net fluxes ranged from
27 µmol m-2 h-1 at Site 3 to 206 µmol m-2 h-1at Site 5, and the average net N2 flux for the
five sites was 90 µmol m-2 h-1 (75 µmol m-2 h-1 for Sites 1 to 3), and it was of the same
magnitude as that estimated using LOICZ budget models in this lake (33-50 µmol m-2
h-1). For details please see Section 4.3.4.
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6.3.4 Comparison of calculated diffusive flux and measured fluxes
From Figure 6.5, it can be seen that there was no significant difference (P> 0.05) between
the magnitudes of (diffusive) nutrient fluxes estimated at Sites 1 and 2 using an in situ
pore water extractor or centrifuging techniques, though the first technique has not been
widely used. However, at Site 2, the NH4+ fluxes estimated using incubated cores were
significantly higher than the diffusive fluxes (P< 0.05). It has been found that advective
processes may far outweigh diffusional processes when the sediments are highly
permeable or particularly coarse. The transfer process may be further enhanced by the
movement/action of benthic micro- and macro-fauna (Ford and Webster, 1997). In fact, a
relatively high abundance/density of benthic animals was found at these shallow and
coarse sand sediments in this lake, especially in vegetated sediments, as seagrass
meadows can provide habitat or substrate for the biota (Jernakoff & Nielsen, 1998).
Depers et al. (1994) also claim that the fauna depend on seagrass and bacteria for food
and shelter, and in Lake Illawarra, Zostera beds had the greatest diversity of
macrobenthos such as polychate worms, and Ruppia beds had the greatest abundances,
while the lowest diversity and abundance of polychate worms were recorded in the
muddy sediments in the central basin. In addition, the high temperature (about 25°C in
this study) in summer may enhance the benthic infaunal activity, and thus the benthic
fluxes. The enhancement of benthic infaunal activity with increasing temperature, and
the importance of benthic infauna to the sedimentary nutrient recycling processes is
noted in a number of studies (Callender and Hammond, 1982; Nicholson and Longmore,
1999). This is supported by the results in this study, where a much higher enrichment
factor (ratio between the measured incubated core flux and calculated diffusive flux) was
found in summer (30) than that in winter (2.7).

At Site 3, however, the measured and calculated (diffusive) fluxes were of similar
magnitude (Figure 6.5), and the enhancement factors for NH4+ fluxes were 1.7 and 0.7
for summer and winter, respectively. This may be due to the unfavourable conditions
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(both physical processes and benthic infaunal activity) for the enhancement of pore
water/overlying water exchange at Site 3; these are: (1) the sediments in the central basin
are composed of fine particles and hence would be less susceptible to hydrodynamically
induced flow; (2) Lake Illawarra has a low tidal fluctuation and low current flow; (3) the
density and abundance of benthic infauna were very low (Huettel et al., 1992; Berelson
et al., 1999).

In addition, the results are compared with the nutrient flux rates previously measured in
summer in this lake by other researchers using different techniques (Davey, 1994;
Webster and Ford, 2002). For example, in December 1997 (average temperature was
24.6°C), the ammonium diffusive flux was calculated by Webster and Ford (2002) using
pore water profiles at two sites of the lake. An average ammonium flux from sediments
of 20 µmol m-2 h-1 was estimated, which is consistent with the mean diffusive NH4+ flux
calculated in this study (17 µmol m-2 h-1) during summer (about 24.5°C) (Figure 6.5). In
February 1994 (average temperature was 22.8°C), measurements made by in situ
incubation chambers at four sites in the lake showed (Davey, 1994) that NH4+ was
released from sediments at an average rate 180 µmol m-2 h-1 – about the same magnitude
as the fluxes measured using incubated cores (average rate was 116 µmol m-2 h-1) (Figure
6.5). This agreement between in situ benthic chamber and incubated core measurements
for nutrient and mineral fluxes has also been observed in other studies (Elderfield et al.,
1981; Bender et al., 1989). It should be noted, however, that such comparability between
different techniques for flux measurements is not always found, because: 1) the
heterogeneous benthic environment in aquatic systems; 2) quite different resolution and
time scales that various methods operate on; 3) the effects of temperature on different
biochemical processes, and thus on the sediment-water flux rates (Fisher et al., 1982;
Berelson et al., 1998; Eyre and Ferguson, 2002; Webster et al., 2002). Barbanti et al.
(1995) also state that collected (flux) data vary depending on the methods used, the
uneven spatial distribution, and the seasonal differences. This makes it difficult to
compare fluxes, except for considerations at basin scales and in overall budgeting.
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6.3.5 Denitrification
In this study, the isotope pairing assay results showed that the total denitrification (D14)
rates were generally low in Lake Illawarra, but comparable with those in other coastal
marine systems (see Table 2.2 in Section 2.2.4). D14 was dominated by the coupled
nitrification-denitrification (Dn), accounting for about 80% of total denitrification, and
this may be due to the generally low NO3- concentrations in the overlying water in this
lake. The result is in accord with many studies, which found that at lower water column
NO3- concentrations, coupled nitrification-denitrification constitutes a greater fraction of
the total denitrification rates (Conley et al., 1997). Lower denitrification rates in summer
have often been observed in coastal sediments, perhaps due to: 1) seasonal declines in O2
penetration into sediments arising from increased temperature or organic inputs or from
decreased macro-faunal activity, leading to the inhibition of nitrification (and,
consequently denitrification) (Conley et al., 1997; Sundback et al., 2000); 2) enhanced N
competition with MPB or macrophytes in an N-limited situation, as this is the season
when the benthic primary producer activity is increasing (Kemp et al., 1990).

Spatially, no significant differences of denitrification rates were found between seagrass
beds and bare sediments in this study. Similarly, Risggard-Petersen et al (2000) observed
that denitrification activity in seagrass vegetated sediments was similar to the activity in
unvegetated sediments in two temperate Zostera marina beds in Denmark. Nevertheless,
other studies report higher rates in shallow sediments covered with seagrass or other
macrophytes than in nonvegetated areas (Iizumi et al., 1980; Christensen and Sorensen,
1986). Therefore, the influence of rooted macrophytes on denitrification may be system
and/or seagrass species specific, depending on the relative balance between two effects:
1) the potential stimulation of nitrification due to root O2 excretion; and 2) the
competition between the seagrass (roots) and nitrifying and denitrifying bacteria for
inorganic-N (Welsh et al., 2000). In addition, denitrification rates were higher for the
muddy sediments (Site 3) than for the sandy sediments (Site 1). This may be explained
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by, e.g., better availability of carbon and nutrients in the muddy sediment (Sundback et
al., 2000). Indeed the sedimentary carbon content in the surface sediments was > 5 times
higher at Site 3 than Site 1 (Figure 5.1).

During winter and spring when inorganic nitrogen (NH4+ and NO3-) was present in the
water column in relatively high concentrations, Dn was higher in the light than that in the
dark, indicating that benthic photosynthesis (O2 production) stimulated nitrification, thus
denitrification. However, the differences between light and dark were not always
significant in this study, e.g., at Site 3, which may be due to the relatively lower biomass
and activities of benthic microalgae (as judged from the very low Chl-a concentrations
and O2 production shown in Figure 5.2 and 5.6). In contrast, the pattern was less evident
or even reversed during summer. This indicated that in warmer weather/season when the
nitrogen availability was low, the competition between bacteria (nitrifiers) and benthic
microalgae or seagrass (roots) for inorganic-N had a greater influence on rates of coupled
nitrification-denitrification than the potential stimulation of nitrification by microalgae
oxygenation or seagrass root O2 excretion during periods of illumination (Rysgaard et al.,
1995). The result in this study is in agreement with the previous studies of sediment
denitrification, which found that there may be both diel and seasonal variations in the
effect of benthic microalgae and seagrasses on the coupling between nitrification and
denitrification in estuarine sediments (Rysgaard et al., 1995; Sundback et al., 2000;
Welsh et al., 2000).

On the other hand, the Dw was found slightly higher in the dark than in the light (except
in winter at Site 2 and summer at Site 5). Rysgaard et al. (1994) suggested that at night,
when N assimilation is low and the oxic zone is narrow due to high O2 consumption in
the sediment, denitrification of water-phase NO3- increases, while denitrification of NO3derived from nitrification decreases. During the day, denitrification of water-phase NO3decreases, because: 1) the N assimilation is higher, leading to lower NO3- concentrations
in the water column; 2) the oxic zone extends in depth due to benthic O2 production, and
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this deeper oxygen penetration enhances the diffusion path from the water column to the
denitrifying zone, thereby reducing the NO3- supply for denitrification (Nielsen et al.,
1990). In addition, the nitrate concentration has been identified as one of the main factors
controlling denitrification in sediments (Seitzinger, 1988; Sundback et al., 2000), and in
this study we also found that Dw had a positive relationship with the NO3- in the water in
both light and dark conditions (Figure 6.12).
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Figure 6.12 Uncoupled denitrification (Dw) in the light and dark conditions versus NO3concentrations in the water column in Lake Illawarra. Error bars are Standard Deviation
(STD).

Denitrification involves the conversion of utilizable fixed N to unreactive N2 and, hence,
provides a pathway by which organic N is removed from the biological cycle of
production-decay-production. Therefore, it is important to understand the factors which
control the rates of nitrification and denitrification, especially for a N-limited system
such as Lake Illawarra (Berelson et al., 1998). Denitrification efficiency is defined as the
proportion of N liberated as N2 compared to the total N liberated during metabolism
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(N2-N/(DIN+N2-N)×100%) (Heggie et al., 1999). In this study, the plot of denitrification
efficiency against the measured dark TCO2 fluxes (or the oxidized sedimentary organic
matter flux) showed that the denitrification efficiency tended to decrease as the
metabolisable carbon flux to the sediments increased (Figure 6.13). This plot indicated
that, with the increase of organic loads to the sediments, the denitrification activity in the
sediments was hampered, and more N was returned to the overlying waters as NH3
(perhaps via sulfate reduction). This has significant implications for water and sediment
quality in this lake (Berelson et al., 1996). Similar results were found in Port Phillip Bay
and some Australian lagoons, and it has been suggested that one process by which carbon
loading and denitrification efficiency may be linked is through the inhibition of
nitrification by exposure to sulphide (Berelson et al., 1996). Although sulfide generation
was not directly measured, as discussed in Chapter 5, the high sulfate reduction could
account for up to 72% of carbon oxidized for samples with higher TCO2 fluxes.

D e nitrification Efficie ncy (% )

120
y = -14.271Ln(x) + 144.53
2

R = 0.1947
70

20

-30
0

5000

10000

15000
-2

-1

Dark TCO 2 fluxes (umol m h )

Figure 6.13 Sediment denitrification efficiency versus benthic TCO2 dark fluxes.

In addition, at Sites 2 and 3, denitrification was also measured using the N2/Ar technique,
which measures net N2 fluxes resulting from denitrification minus nitrogen-fixation. In
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the dark, the denitrification rates at Site 2 measured by N2/Ar (average 57 µmol m-2 h-1)
were higher than those by measured by the IP technique (average 10 µmol m-2 h-1),
indicating

that

the

IP

technique

may

underestimate

Dn,

as

coupled

nitrification-denitrification may occur in microzones deep in the rhizomes, remote from
the diffusion zone of the
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N-nitrate trace added to the water column (Nielsen, 1992).

Risgaard-Petersen et al. (1998) also observed that depth integrated, root associated
coupled nitrification-denitrification activity was about 60% of the diel coupled
nitrification-denitrification activity and the large variation between individual cores
suggested that either the coupled nitrification-denitrification activity was restricted to
unevenly distributed micro sites or that the root biomass was variable.

During the light incubations, however, denitrification rates measured at Site 2 by N2/Ar
technique were slightly lower than those by the isotope pairing technique in winter and
spring, which may be due to the enhanced nitrogen fixation activity in the light. Welsh et
al. (2000) reported that N-fixation during light incubations was significantly greater than
during dark incubations in an intertidal seagrass meadow of the Basin d’Arcachon,
France, due to the coupling of N-fixation activity in the rhizosphere to the photosynthetic
activity of the seagrass. On the other hand, the denitrification rates measured using N2/Ar
technique at Site 3 (unvegetated sediments), though more variable, were generally
comparable with those measured by the isotope pairing technique. Overall, on an annual
basis, the denitrification rates measured using IP (11 µmol m-2 h-1) and N2/Ar (32 µmol
m-2 h-1) and calculated using LOICZ modelling (33-50 µmol m-2 h-1) and C and N
stoichiometry (90 µmol m-2 h-1) were of similar magnitude for Lake Illawarra. The
relatively higher denitrification rates estimated from the C and N stoichiometry may
result from bacterial sulfate reduction, as it has been estimated from CO2, O2, and
alkalinity fluxes that sulfate reduction was responsible for 0.5-72% of carbon oxidation
in the sediments of Lake Illawarra (for details please refer to Section 5.3.3).
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6.4. Summary
In conclusion, the influence of different primary producers (microphytobenthos, seagrass
and macroalgae) and/or sediment types (sand or mud) on benthic inorganic nitrogen
(NH4+, NO3-+NO2-) fluxes and denitrification was investigated at five sites in Lake
Illawarra. The important findings were:
1) In general, nutrient fluxes displayed typical diel variations, with an efflux (release) in
the dark and uptake or reduced efflux in the light, suggesting the influence of benthic
production (MPB, seagrass and macroalgae) on benthic nutrient fluxes during
photosynthetic periods.
2) On an annual basis, unvegetated sediments displayed net DIN effluxes, while
seagrass beds showed a net DIN uptake, with the highest DIN uptakes occurring in
spring 2002, when the highest seagrass and macroalgae biomass, and benthic
community production rate were recorded. The results suggested that the seagrass
and dense filamentous algal mats may act as a filter reducing the flux of nutrients to
the water column and this effect is most efficient during periods of net growth.
3) The measured DIN:C flux ratio is always less than the predicted value, and the
missing N could, in part, be the result of denitrification, the sequential conversion of
organic N to N2, immobilization into microbial biomass or incorporation into higher
trophic levels.
4) The

total

denitrification

rates

were

dominated

by

the

coupled

nitrification-denitrification (Dn), which was stimulated by O2 production in winter
and spring. However, during summer, when the water column nitrogen
concentrations were relatively low, Dn was inhibited by the competition between
bacteria (nitrifiers) and benthic microalgae or seagrass (roots) for inorganic-N.
5) On an annual basis, the measured (IP and N2/Ar) and calculated (LOICZ and
stoichiometry) denitrification rates were of similar magnitude for Lake Illawarra.
6) Finally, a comparison of calculated diffusive ammonium flux and measured
ammonium fluxes using incubation cores was made. The results suggested that the
pore water and overlying water exchange may be enhanced by bioturbation or
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bioirrigation, in the shallow sandy areas of the lake (i.e., seagrass meadows),
especially in summer.
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Chapter 7
Effects of environmental variables on benthic
metabolism and nitrogen fluxes in Lake Illawarra
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7.1 Introduction
Benthic metabolism and nitrogen transformation processes in estuarine ecosystems are
influenced directly or indirectly by a broad range of environmental and biochemical
factors (Seitzinger, 1988; Kelderman, 1999). Some important factors including include
light, temperature, redox potential, organic matter supply, water movement,
bioturbation and primary producers, have been discussed in some detail in Chapter 2.

Many south-eastern Australian estuaries are small, shallow systems, within which
MPB may contribute significantly to the overall primary production (Gay, 2002).
Nevertheless, very few studies on the functional responses of benthic microalgae to
irradiance, have been carried out in Australia (Light and Beardall, 2001; Wilson, 2002).
P-I curves are the basis for studying photosynthetic characteristics of different primary
producers (MPB, macrophytes and phytoplankton). However, these photosynthetic
characteristics are also influenced by many environmental variables. Statistical
techniques such as Principal Component Analysis (PCA) and Multiple Regression
Analysis are useful in studying any relationships between P-I parameters and the
influence of environmental fluctuations on the photosynthetic characteristics of
primary producers. This is especially true when a large number of variables and
locations are considered (Cole and Platt, 1983; Madariaga, 1995).

Klump and Martens (1983) stated that the paramount physical factor affecting
sediment-water interactions in coastal systems is temperature. The temperature
dependence of a given biological rate (e.g., benthic nitrogen regeneration) can be
quantified empirically in an ‘apparent activation energy’ or the Arrhenius constant (∆H)
obtained from the slope of a plot of ln (F) versus 1/RT, where F = solute flux, R = gas
constant and T = absolute temperature (Aller and Benninger, 1981). Klump and
Martens (1983) also compared the ∆H values for NH4+ fluxes across the
sediment-water interface in different estuarine and coastal ecosystems, and found that
the temperature dependence varied between study sites. However, there have been no
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direct measurements of the impact of temperature variations on sediment-nutrient
release rates for Lake Illawarra (LIA,1995).

The significance of mixing effects of overlying water on the benthic metabolism and
nutrient fluxes has been demonstrated in numerous studies (e.g., Holdren and
Armstrong, 1980; Boynton et al., 1981; Rasheed et al., 2004). It has been suggested
that the wind-generated water circulation or mixing is a prominent feature of many
aquatic environments, particularly shallow estuaries like Lake Illawarra (Depers et al.,
1994). The major goals of the work reported in this chapter were to: (1) study the P-I
characteristics for benthic microalgal populations and seagrasses as a function of water
depth in Lake Illawarra; (2) investigate the relationships among different benthic
microalgal P-I parameters and environmental variables, and examine possible
strategies for photoacclimation in respect to different depth using principal component
analysis; and 3) study the effects of stirring or mixing of overlying water and
temperature on benthic community respiration and nitrogen fluxes in Lake Illawarra.
The locations of sampling sites and the experimental methods used were described in
Section 3.7.

7.2 Results
7.2.1 Effects of light on benthic metabolism - photosynthetic characteristics (P-I
parameters) of MPB and seagrass in Lake Illawarra
7.2.1.1 Site characteristics and general observations in the field
Dissolved oxygen concentrations were over-saturated at all sites except Site 2, and
tended to increase along the transect towards the shallower sites (Table 7.1). The
salinity at Sites 1 to 4 was about 26.0 ppt, but Sites 5 and 6 had a markedly higher
salinity (34.2 ppt). The values of downward irradiance at the bottom increased from 50
at Site 1 to 1350 µmol m-2 s-1 at Site 5, but a low light intensity was found in the
extensive seagrass bed at Site 6 (350 µmol m-2 s-1) most likely due to the shading effect
of the seagrass leaves. Vertical light attenuation coefficients (Kd) over the depth
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interval (surface to bottom) varied from about 1.0 m-1 at Site 1 to 0.85 m-1 at Site 5
(Table 7.1). In addition, the microalgae on the surface sediments at the shallow site
(Site 5) were dominated by diatoms and dinoflagellates, while in the deep part of the
lake (Site 1), the benthic microalgae community was mainly composed of diatoms.
Table 7.1 Locations and some physical and chemical variables of the bottom water
(10-20 cm above sediments) at the six sampling stations in September 2002
Station

1

2

3

4

5

6

Latitude

34°30′45.1″

34°30′45.6″

34°30′46.1″

34°30′48.2″

34°30′44.6″

34°30′44.6″

Longitude

150°50′45.3″ 150°51′42.2″ 150°51′45.7″ 150°51′58.5″ 150°52′08.9″ 150°52′08.9″

Depth (m)

3.0

Secchi depth (m) 1.38

2.4

1.0

0.5

0.2

0.2

1.40

>1

>0.5

>0.2

>0.2

DO%

111.7

95.1

108.4

147.2

>150

>150

DO mg/L

9.1

7.8

8.5

11.3

>12.0

>12.0
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7.2.1.2 Benthic respiration and maximum primary productivity
Oxygen demands (benthic respiration rates, R) of MPB, ranged from -48.75 mg m-2 h- 1
at Site 1 to -129.85 mg m-2 h- 1 at Site 5, and the seagrass beds (Site 6) showed a
significantly (ANOVA, F=12.81, P<0.01) higher respiration rate (Figure 7.1). The
maximum O2 fluxes during light incubations (maximum net primary productivity,
NPmax) varied from -10.67 mg m-2 h- 1 at Site 1 to 41.77 mg m-2 h- 1 at Site 5, and a
significantly (ANOVA, F=7.14, P<0.01) higher rate occurred in the seagrass beds. A
similar pattern was observed for the maximum gross primary production (GPmax),
which varied from 38.08 mg m-2 h- 1 at Site 1 to 171.62 mg m-2 h-1 at Site 5. In addition,
the Chl-a concentrations in the surface sediments ranged from 3.7 mg m-2 at Site 1 to
the highest concentration at Site 5 (10.8 mg m-2). At site 6 the Chl-a concentrations
were measured for both surface sediment and seagrass leaves, and were 3.1 and 147.3
mg m-2, respectively (Figure 7.1).
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Figure 7.1 Respiration (R), light saturated net primary productivity (NPmax), light saturated

gross primary productivity (GPmax) and sediment chlorophyll a concentrations (Chl a) for
benthic microalgae as a function of water depth (Sites 1 to 5); R, NPmax and GPmax for seagrass
beds (seagrass + epiphytes + MPB) and Chl a concentrations for surface sediment (MPB) and
seagrass leaves (Site 6) in Lake Illawarra. The error bars represent the SE.
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7.2.1.3 Photosynthetic characteristics of MPB and seagrasses
The benthic microalgae in Lake Illawarra exhibited a typical photosynthesis vs.
irradiance curve, with rapid increase in oxygen release with increasing light at low
irradiance, and then an asymptotic approach to a maximum rate at higher light
intensities. In addition, no obvious photoinhibition was observed in this study (Figure
7.2). For each site, the photosynthetic characteristics (GPmaxB, αB, Ik) were determined
from the P-I curves. The light saturated gross photosynthetic rates showed an
increasing trend with decreasing water depth (ANOVA test for Sites 1 to 5, F = 3.81,
t-test, P<0.05) (Figure 7.1). When they were corrected, however, for the biomass of
MPB and expressed as mg O2 (mg Chl-a)–1 h-1 (i.e., assimilation number, GPmaxB)
(Beardall & Light, 1997), the trend was less evident (ANOVA test for Sites 1 to 5,
F=1.61, P=0.25), with values remaining between 8.72 and 16.41 mg O2 (mg Chl-a)–1
h-1. The GPmaxB for seagrass (Ruppia) was 2.02 mg O2 (mg Chl-a) –1 h-1 (Figure 7.3).
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Figure 7.2 Typical P-I curves for the benthic microalgae in deep (Site1 - Core 1: PmaxB = 7.93
mg O2 (mg Chl-a)-1 h-1, αB = 0.40 mg O2 (mg Chl-a)-1 h-1 (µmol m-2 s-1)-1, Ik = 19.7 µmol m-2 s-1)
and shallow (Site 4 - Core11: PmaxB = 13.66 mg O2 (mg Chl-a)-1 h-1, αB = 0.12 mg O2 (mg
Chl-a)-1 h-1 (µmol m-2 s-1)-1, Ik = 117.7 µmol m-2 s-1) sites of Lake Illawarra
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The αB-value, which can be considered an index of photosynthetic efficiency, tended to
decrease with decreasing water depth, while Ik was greater in association with shallow
water sediments compared with deep water sediments, ranging from 17.1 µmol m-2 s-1
at Site 1 to 85.5 µmol m-2 s-1 at Site 5. In addition, the αB and Ik values for seagrass beds
were 0.03 mg O2 (mg Chl-a) –1 h-1 (µmol m-2 s-1)-1 and 74.7 µmol m-2 s-1, respectively
(Figure 7.3).

152

20.0

B

G P max

12.72

15.0
10.0

16.41

15.49

-1

mg O 2 (mg Chl -a) h

-1

25.0

9.96

8.72

5.0

2.02

0.0

-1

0.8

0.53
0.54

0.6

-1

mg O 2 (mg Chl -a) h

al pha

B

-2

(uM m s )

-1 -1

1.0

0.4

0.23
0.13

0.20

0.2
0.03
0.0
200

102.01

-2

-1

Ik (umol m s )

160
120

85.48
57.70

80
40

17.05

74.71

29.45

0
Site 1

Site2

Site3

Site4

Site5

Site6

Figure 7.3 Light saturated gross photosynthetic capacity (GPmaxB), sun-saturated
photosynthetic efficiency (αB) and index of photoacclimation (Ik) for benthic
microalgae and seagrass beds (seagrass + epiphytes + MPB) as a function of water
depth in Lake Illawarra. The error bars represent the SE.
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7.2.1.4 Principal Component Analysis (PCA)
Due to the large number of variables and multiple study locations, the results of this
experiment were further examined using Principal Component Analysis (PCA), which
involved three steps: 1) Experimental data sets arrangement and correlation coefficient
matrix building; 2) Factor number selection and meaning of the factors; 3) Principal
component score plot (Hope, 1983; Pavoni et al., 1988; Qu and Kelderman, 2001).
Correlation between variables
Correlation coefficients are indices that measure the strength of a relationship between
variables. If the number of degrees of freedom (DF) is taken as n-2, the values at which
the coefficients of correlation r are significant can be calculated according to the
formula (Zhang, 1998):

r=

t2
(t2+n-2)

(t is taken from t-table)

In this study, the sample number (n) is 14, and for a significance level p<0.05 (95%
confidence interval), the minimum value of r will be 0.53; for a 99% confidence
interval (p<0.01), r must be > 0.66. In Table 7.2, r-values above 0.66 are shown in bold.

If we consider the 14 sediments samples from Sites 1 to 5 (three cores for each site,
except Site 1 which had two cores) as objects and the measured or calculated
parameters as variables, the correlation matrix shown in Table 7.2 is obtained. This was
examined in order to find any internal structure and assist in understanding the
photosynthetic characteristics of MPB.

From Table 7.2, it can be seen that the GPmax was significantly correlated, positively,
with sediment chlorophyll a concentrations (Chl-a) and bottom irradiance (Iz), and,
negatively, with water depth and respiration rates (R), but GPmaxB was only
significantly correlated with R (p<0.05). A strong correlation existed between the
photosynthesis-irradiance parameters Ik and αB, and both of them were correlated well
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with Chl-a, depth, Iz and Kd. In addition, relatively high r values and corresponding p
levels were found among Chl-a, water depth, Iz and Kd, and grain size (MDφ) was
significantly correlated with water depth (Table 7.2).

Table 7.2 Correlation matrix of analyzed parameters for 14 samples (n=14) (from 5
sites) in Lake Illawarra. The highly significant (p<0.01) correlations are indicated in
bold

R
R
GPMAX
GPMAXB
αB
IK
Chl-a
Depth
IZ
Kd
MDφ
φ

1.00
-0.94
-0.61
0.11
-0.12
-0.58
0.45
-0.51
0.21
0.05

GPMAX GPMAXB
1.00
0.55
-0.38
0.41
0.74
-0.67
0.71
-0.47
0.23

1.00
0.24
-0.14
0.00
-0.15
0.14
0.07
0.16

αB

IK

Chl-a Depth

IZ

Kd

1.00
-0.88
0.63

1.00

φ
MDφ

1.00
-0.87
-0.74
0.84
-0.83
0.86
-0.67

1.00
0.78
-0.79
0.77
-0.71
0.65

1.00
-0.85
0.89
-0.69
0.33

1.00
-0.99
0.89
-0.72

-0.72

1.00

Factor number selection and meaning of the factors
Due to the complexity of the relationships, it is sometimes difficult to draw clear
patterns directly based on the correlation analysis. However, factor analysis can be used
to explain the structure of the correlation in more detail (Davis et al., 1973; Hope, 1983;
Qu and Kelderman, 2001).

PCA (also named factor analysis, FA) can be carried out on the correlation matrix, in
order to find the “latent variable” that, in numbers smaller than the original ones, could
explain the variance of Table 7.2 and simultaneously reduce the dimensionality of the
problem. By extracting the eigenvalues and eigenvectors of the correlation matrix, we
know the number of significant factors, the percentage of variance explained by each of
them and the participation of the old variables in the new “latent” ones (Hope, 1983).
The explained variance of some factors can be defined as the percentage of the sum of
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variance of these factors in the total variance. Experience shows that a factor number
corresponding to a percentage value of 85-95% must be selected (Table 7.3) (Davis et
al., 1973; Zhang, 1998; Qu & Kelderman, 2001).

Table 7.3 Eigenvalues of ten eigenvectors, total variance and accumulative total
variance accounted for by the eigenvalues. Only the first three eigenvectors have been
retained.
Vector
1
2
3
4
5
6
7
8
9
10

Eigenvalues
5.94
2.61
0.85
0.32
0.13
0.07
0.06
0.02
0.00
0.00

Total variance (%)
59.41
26.15
8.48
3.21
1.32
0.66
0.60
0.16
0.01
0.00

Cumulative (%)
59.41
85.55
94.03
97.25
98.56
99.23
99.83
99.98
100.00
100.00

Table 7.3 shows the factor analysis results obtained in this case; apparently, ca. 94.0%
of the data variations can be explained by the first three factors only, which accounted
for about 59.4, 26.1 and 8.5% of the total variance, respectively. The composition of
the three principal components (PCs), referred to as PC “loadings”, is reported in Table
7.4. It is obvious that the first factor was strongly correlated with αB, Ik and Chl-a,
reflecting typical photosynthesis-irradiance parameters. GPmax, GPmaxB and R were
significant parameters in the second factor, which may indicate the benthic respiration
and primary production potential (capacity), whereas factor 3 was associated with the
grain size and water depth, and only explained a small proportion of total variability.

Table 7.4 Factor loadings after Varimax rotation (Principal Components extracted 3
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factors; Marked loadings are > 0.7)

Factor 1

Factor 2

Factor 3

R

-0.14

-0.97

0.07

GPmax

0.31

0.92

0.16

GPmaxB
B

-0.43

0.86

0.17

α

-0.84

0.28

-0.41

IK

0.78

0.02

0.46

Chl a

0.81

0.51

0.20

Depth

-0.59

-0.41

-0.68

IZ

0.63

0.46

0.59

Kd

-0.55

-0.14

-0.74

Mdφ
φ

0.19

-0.03

0.96

Principal components score plot
By using the above multivariate methods, we have reduced the dimensionality of the
problem from 10 original variables, to only 3 new factors for each sample. These
factors are built by means of a linear combination of the original variables and the
eigenvectors, and can be plotted to obtain a graphical picture of the overall situation.
The principal component score plot was used to interpret the spatial distribution by
clustering the samples. It was also used to further study the different photosynthetic or
environmental characteristics of the MPB at different depths in Lake Illawarra.

In the PCS plot (Figure 7.4), sediment samples were grouped as follows: 1) Site 1
(Cores or Cases 1 & 2); 2) Site 2 (Cases 4 to 6) and 3) Sites 3 to 5 (Cases 7 to 15).
Taking into account the values in Table 7.4, which indicate the proportion to which the
old variables participate in the formation of the new ones, the groupings could be
explained in terms of the characteristics of each sampling site (Qu et al., 2001).
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Figure 7.4 Plot of the first three principal components accounting for the 94.0 % of
variance
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7.2.2

Effects of other environmental parameters on the benthic community

respiration and nitrogen fluxes in Lake Illawarra
Effects of stirring or mixing
In general, the benthic community respiration and dark ammonium release rates tended
to be higher in the cores with stirring than those without stirring. For example, the dark
O2 flux rates were -4.66 mmol m-2 h-1 and -8.77 mmol m-2 h-1 for the seagrass beds and
bare sediments measured in the cores with stirring, while in the cores without stirring
the rates were only -1.40 and 0.14 mmol m-2 h-1 at vegetated and unvegetated sites,
respectively (Figure 7.5a). Similarly, the ammonium flux rates measured during the
dark incubation without stirring (38.3 and 47.4 µmol m-2 h-1 for vegetated and
unvegetated sites, respectively) were lower than those with stirring (43.5 and 88.6
µmol m-2 h-1), though the differences were only significant for bare sediments (Figure
7.5b).
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Figure 7.5 a) Benthic community respiration, and b) ammonium flux rates measured
during the dark incubation with and without stirring for vegetated (seagrass) and
unvegetated sediments. Error bars represent SE.
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Effects of temperature
The role of temperature in controlling the benthic community respiration and nitrogen
release was evaluated by comparing the dark oxygen and ammonium flux rates
incubated at three different temperatures (19, 22 and 25 °C) in the laboratory. The
benthic community respiration and ammonium flux rates exhibited strong positive
responses to increasing temperature, and the relations are described well by exponential
equations (r = 0.95 and r = 0.99, respectively) (Figure 7.6 a & b).
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Figure 7.6 a) Benthic community respiration, and b) ammonium fluxes measured in
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the dark in seagrass beds of Lake Illawarra as a function of temperature. Error bars
represent SE.
7.3 Discussion
7.3.1 Photosynthetic characteristics of MPB and seagrass in Lake Illawarra
Benthic primary production and respiration
In this study, an O2 uptake in the dark (sediment oxygen demands, R) and production in
the light (maximum net primary production, NPmax) were observed at all sampling sites
(Figure 7.1). The maximum gross primary productivity (GPmax) for MPB ranged from
38.08 to 171.62 mg O2 m-2 h-1. This level of maximum productivity was comparable
with that reported for the MPB (water depth: 0-10 m; spring season) in Port Phillip Bay,
Australia, which was about 50 to 200 mg O2 m-2 h-1 (Beardall et al., 1997). However,
Webster et al. (2002) calculated the amount of carbon fixed through benthic
photosynthesis to be 178 to 217 mmol m-2 d-1 (287 to 350 O2 mg m-2 h-1) using
light-dependent models and measured sediment chlorophyll a concentrations for two
sites in Lake Illawarra in December, 1997. The relatively higher rates estimated by
Webster et al. (2002) may be due to: 1) the use of the saturating light intensity (Ik)
values of the MPB populations in Port Philip Bay (Murray and Parslow, 1997) for the
GPmax calculations in Lake Illawarra, as no measurements of Ik for MPB in this lake
have been conducted before; 2) relatively higher (summer) Chl-a concentrations of
surface sediments (stratum depth: 10 mm).

The benthic respiration rates, net and gross primary productivity for MPB tended to
increase with decreasing water depth in this lake (Figure 7.1). This may be explained
by the increased surface sediment Chl-a concentrations (microalgal biomass), ranging
from 3.7 at Site 1 to 10.8 mg Chl-a m-2 at Site 5. This seems reasonable since, at greater
depths, the low light intensity may limit the growth of large, active MPB populations.
For example, in the field, a very low irradiance level of 50 µmol m-2 s-1 was recorded at
the bottom at Site 1 (Table 7.1), which had the lowest sediment Chl-a concentration.
The existence of MPB dominated by diatoms under such a low light intensity at this
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site may be due to the motility and low-light tolerance of many benthic diatoms
including large genera such as Navicula and Nitzschia (Lee, 1989).
In addition, the surface sediment Chl-a concentrations determined in this study were
relatively lower than those previously reported for Lake Illawarra (Webster et al., 2002),
with a mean of 45 mg Chl-a m-2. However, it has been found that the range of MPB
biomass levels in shallow waters is often wide (Light and Beardall, 1998). The
variation is found both between and within individual studies, maybe due to the
differences in water depth, nutrient availability (loading), light availability, and
sediment type (grain size), seasonal effects as well as the sediment stratum depth and
techniques for Chl-a extractions (Beardall and Light, 1994).

The seagrass meadows (Site 6) exhibited significantly higher rates of benthic
respiration and light saturated primary production capacity than MPB during the
sampling period. This may be due to the high biomass and Chl-a concentration in the
seagrass (Figure 7.1). The results indicate that seagrass is a primary producer of
potential significance in Lake Illawarra, as seagrass beds are a dominant feature and
occupy up to 30% of the total area of Lake Illawarra (King, 1988). Therefore, it is
important to study benthic metabolism and nutrient fluxes in sediments with different
primary producers including seagrass, MPB and macroalgae in order to better
understand the nutrient dynamics and oxygen metabolism of Lake Illawarra as a whole.
Relationship among photosynthetic parameters and environmental variables
The values for the photosynthetic parameters (GPmaxB, αB and Ik) measured for benthic
microalgal populations in Lake Illawarra (Figure 7.3), fall within the range for MPB in
coastal ecosystems reported elsewhere in the literature. For instance, in Port Phillip Bay,
Australia, the GPmaxB, αB and Ik were found to be 1.28 - 24.14 mg O2 (mg Chl-a)-1 h-1;
0.01 - 0.70 mg O2 (mg Chl-a)-1 h-1 (µmol m-2 s-1)-1 and 12 - 320 µmol m-2 s-1,
respectively (Beardall et al., 1997). Blanchard and Montagna (1992) reported the
values of GPmaxB (9.5 - 64.0 mg O2 (mg Chl-a)-1 h-1), αB (0.05 - 0.51 mg O2 (mg Chl-a)-1
163

h-1 (µmol m-2 s-1)-1) and Ik (112 - 214 µmol m-2 s-1) for MPB in Baffin Bay, USA.
However, the P-I parameters for MPB reported in the literature are not always
comparable, because: 1) different microalgal populations; 2) different techniques for
measuring primary production; 3) different sediment stratum depth and techniques for
measuring surface sediment chlorophyll a concentrations; and 4) the heterogeneous
benthic environment (spatial and temporal) in aquatic systems.

The Ik value measured for the seagrass in Lake Illawarra was 74.7 µmol m-2 s-1. Drew
(1978) reviewed a range of values for light saturation of seagrass growth which he found
to be 83-208 µmol m-2 s-1 PAR. The Ik value measured for the seagrass in Lake Illawarra
was lower than these values, but it was comparable with that reported by Masini et al.
(1995) for different seagrasses in Western Australia (55 to 90 µmol m-2 s-1). In addition,
seagrass in Lake Illawarra exhibited values for GPmaxB and αB (2.02 mg O2 (mg Chl-a)-1
h-1 and 0.03 mg O2 (mg Chl-a)-1 h-1 (µmol m-2 s-1)-1), which are also comparable with the
seagrass GPmaxB (0.84 to 2.42 mg O2 (mg Chl-a)-1 h-1) and αB (0.01 to 0.04 mg O2 (mg
Chl-a) -1 h-1 (µmol m-2 s-1)-1) reported by Masini et al. (1995). However, when comparing
the P-I parameters for seagrass between different studies, the differences between
incubation methods for determining the photosynthetic characteristics (i.e., whole-core
or cut tissue incubation) should be considered, as they may render the results unsuitable
for comparison.

Several studies have found that the photo-acclimation responses of benthic microalgal
communities may be habitat specific, and may reflect the light environment
characteristics of that habitat. MPB communities that were acclimated to high irradiance
and therefore contained photoprotective pigments, used light inefficiently (Hawes and
Schwarz, 1999). For example, a decrease in PmaxB and Ik, accompanied by an increase in
αB was found for Port Phillip Bay benthic microalgal populations, indicating a regulated
decrease in photoautotrophic capacity (assimilation number), an increase in light
harvesting capacity in response to lower light availability and thus an increase in shade
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adaptation with depth (photoacclimation) (Light and Beardall, 2001). However, such
response does not seem evident in this study. For example, the GPmax for MPB showed an
increasing trend with decreasing water depth, but when GPmax was normalized for Chl-a
content (GPmaxB), the trend was less evident (Figure 7.3). However, this trend would be
expected to be more evident for the biomass specific productivity rates. This may be due
to the relatively high variations in sediment Chl-a concentrations, thus leading to high
variations in GPmaxB. Nevertheless, other P-I parameters, i.e., αB and Ik, especially Ik as a
photosynthetic characteristic which is independent of biomass (Chl-a), can provide a
better index of photoacclimation in benthic microalgal populations than either PmaxB and
αB, from which it is derived (Light & Beardall, 2001). This is supported by the results in
this study, where a decreasing trend for αB and increasing trend for Ik with decreasing
water depth from 3.0 m to 0.2 m was found (Figure 7.3), though the differences between
sites were not always statistically significant. The limited variation in water depth
(ranging from 0.20 to 3 m: Table 7.1) may also have contributed to the less evident
photoacclimation for MPB in Lake Illawarra than other coastal ecosystems such as Port
Philip Bay.

A correlation matrix was used to investigate relationships among P-I parameters and
environmental variables, and assist in better understanding possible photoacclimation
of MPB in Lake Illawarra. A strong (positive) relationship existed between Ik and
bottom irradiance (Iz). Ik was also significantly correlated, negatively, with αB and
water depth (Table 7.2). All these are consistent with adaptation of the
microphytobenthos to lower light levels, indicating the benthic microalgal
photoacclimation strategies in Lake Illawarra and proving Ik as a better index of
photoacclimation.

From the principal components score plot, the spatial distribution of the samples taken
from water depths in Lake Illawarra was clearly evident. Site 1 (Cores 1 and 2) was
located in the deepest part of the lake, the sediments were mainly mud. Site 1 also had
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the lowest Ik and PmaxB values, therefore, the samples from this site had small loading
values on factors 1, 2 and 3 (Figure 7.4). In addition, because of the higher proportion
of mud in the sediments at Site 1, higher microbial concentrations, organic matter and
therefore respiration rates may be expected at this site. Indeed, a higher organic matter
content was observed at Site 1 compared with that at other sites (NOVA, P<0.05, see
Section 5.2.2). Respiration rates at Site 1 were also higher that those at Sites 2 and 3
(Figure 7.1), but the differences were not significant. This may be due to the method
limitations in benthic respiration measurements, as the O2 flux technique can only
measure the aerobic respiration. It has been found that anaerobic respiration (sulfate
reduction) could account for up to 42% of the carbon oxidized in Lake Illawarra (see
Section 5.3.3).

Samples from Site 2 were clustered together (cores 4, 5 and 6) and had similar
characteristics to those from Site 1, except that they had relatively larger loading values
on factor 3 compared with Site 1, because of the relatively coarser sediment grain size
and shallower water depth. The remaining samples (from Sites 3 to 5) were separated
from those from Sites 1 and 2. This is consistent with the results in Figure 7.3, where no
significant differences for the three P-I parameters were found among Sites 3, 4 and 5.
This may be explained by the heterogeneous benthic environment in estuarine systems,
especially in the shallow part due to the relatively unstable conditions (Berelson et al.,
1998; Eyre and Ferguson, 2002).
.
7.3.2

Effects of other environmental parameters on the benthic community

respiration and nitrogen fluxes in Lake Illawarra
The effects of stirring
In this study, the sedimentary consumption and ammonium release rates for both
seagrass beds and unvegetated sediments measured in the dark using sediment-core
incubations with stirring were higher than those in the cores without stirring, though the
differences were not always significant (Figure 7.5 a&b). This is consistent with other
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studies, which have shown that estimates of sediment oxygen demand and nutrient
releases may be increased with stirring of the overlying water, due to the increased
diffusion of substrates to, and end-products from, the site of biological activity caused
by the enhanced circulation or mixing of overlying waters (Holdren and Armstrong,
1980; Boynton et al., 1981; Rasheed et al., 2004). However, some other studies have
demonstrated that stirring may not affect the O2, TCO2 and/or nutrient flux rates. For
example, Hall et al. (1979) suggested that the stirring effect is probably insignificant as
long as sediments are not disturbed and/or the oxygen tensions (pO2) are not low
(Boynton et al., 1981), while Rizzo et al. (1992) argued that the potential resuspension
of surface sediments or surface flocculation could result in grossly exaggerated oxygen
and nutrient fluxes.

Nevertheless, the significance of the stirring effect or water circulation on the benthic
metabolism and nutrient fluxes has been increasingly appreciated in recent years. For
example, in the published protocol handbook described by Dalsgaard et al. (2000) for
standardizing sampling, analysis and calculations within the project “Nitrogen Cycling
in Estuaries” (NICE), stirring (central rotating Teflon coated magnet driven by external
rotating magnet or water circulation system with external pump) was listed as one of
the standardized experimental components. This protocol has been followed very
closely for nitrogen cycling studies in Australian estuaries (Eyre and Ferguson, 2002;
Ferguson, 2002; Cook, 2003), in which a (magnet) stirrer rotating at 60 rpm (or being
adjusted just below the threshold for suspension) was used. This is because the
wind-generated water circulation or mixing is a prominent feature of many Australian
aquatic environments, particularly shallow estuaries, and the estimates of benthic
metabolism and nitrogen transformation should reflect this process or feature (Depers
et al., 1994). Indeed, the results of this study also demonstrated the effects of stirring on
benthic metabolism and nutrient flux rates in Lake Illawarra.

The effects of Temperature
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In this study, a positive relationship between the temperature and the rates of benthic
community respiration and ammonium release rates was observed. The positive effect
of increasing temperature on oxygen and nutrient fluxes has been reported in many
studies (e.g., Nixon et al., 1976; Holdren and Armstrong, 1980; Carpenter and Capone,
1983; Kelderman, 1984; Kemp et al., 1990; Asmus et al., 2000), which may be
explained by the increasing microbial degradation processes under increased
temperature (Holdren and Armstrong, 1980; Klump and Martens, 1983). Kelderman
(1999) also stated that the enhanced microbial activity will lead to a decrease in O2
content (reduced redox potential) in the sediment, and thus enhance the ammonium
release due to increased dissolution at reduced redox potential. This is supported by the
good correlation between the dark ammonium release rates and dark O2 uptake (or
TCO2 release) rates observed in this study (Figure 7.6 and Section 6.3.1).

In addition, the data in Figure 7.6 suggested that the dependence of ammonium release
rates on temperature can be described by exponential relations assuming the Arrhenius
equation (r = 0.99) (Forja et al., 1994). However, to extrapolate or estimate nitrogen
release rates for different temperatures or seasons in a natural aquatic ecosystem from
the exponential equation should be done with caution, because of the complex
interactions regulating the material exchange between sediment and water within the
system (Asmus et al., 2000). Van-Luijn et al. (1999) also stated that although
temperature is an important regulator, it is not the only fluctuating factor. Indeed, as
demonstrated previously in this study, the benthic metabolism and nitrogen
transformation processes in Lake Illawarra were also influenced by other
environmental variables such as light, primary producers (e.g., seagrass, MPB and
macroalgae), infauna (bioturbation), water movement or mixing (stirring effect),
sediment type (e.g., sand and mud) and sedimentary organic matter quality. Further and
detailed commentary on aspects of the environmental effects on benthic carbon and
nitrogen cycling processes will be given in Chapter 8.
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Chapter 8
Conclusions and recommendations for future work
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8.1 Introduction
This chapter summarizes the important findings and provides some recommendations for
further research.

8.2 Conclusions
Firstly, in order to identify and characterize the important biogeochemical processes
within the system, which require further detailed studies, the water, salinity and nutrient
budgets for Lake Illawarra were updated using the LOICZ modeling based on more
recent and reliable water quality data (November 1996 – September 2000). The
important conclusions are as follows:
1) Although the flux rates and net system metabolism values have changed from those
estimated by Miller (1998), the annual averaged budget results indicated that the
system behaved in a similar manner overall to previous LOICZ budget estimates (i.e.,
Lake Illawarra is a net source for phosphorus and sink for nitrogen; the lake is a
nitrogen limited and net nitrogen denitrifying system; and the lake is a net
heterotrophic system).
2) Seasonal variations in the water, salinity and nutrient budgets of the lake were
observed. For example, the annual averaged water and salinity budget results
indicated that the water exchange time of the lake was short (about 33 days). In
summer and autumn the calculated exchange rate of the system was slower than that
in winter and spring. This may be explained by the higher salinity observed in
summer and autumn due to the higher evaporation rates.
3) The DIP budget results showed that in summer and autumn the system was a net DIP
source, while in winter and spring there was a slight sink for this material. Averaged
over an annual cycle, the system was a net phosphorus source. On the other hand, the
balance for DIN implies a DIN sink in all four seasons.
4) The apparent rates of nitrogen fixation minus denitrification (nfix-denit) and net

ecosystem metabolism (NEM) were also calculated using the LOICZ model,
suggesting that: a) the lake was net denitrifying throughout the year with greater rates
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in summer and autumn than spring and winter; and b) the system appeared to be very
strongly net heterotrophic in summer and autumn, net autotrophic (at a considerably
slower rate) in winter and spring, and on average net heterotrophic.

Secondly, some important biogeochemical nitrogen cycling processes (e.g., benthic
nitrogen fluxes and denitrification), and their interactions with the carbon cycling
processes (e.g., benthic metabolism) were investigated using a batch incubation system
at different stations (i.e., shallow sandy macrophyte and unvegetated beds, and deep
central mud) over four seasons. Some important findings are summarized as follows
(please also see Table 8.1):
1) The macrophyte beds (Sites 2 and 5) showed relatively higher TOC and lower TN
contents in surface sediments compared with the adjacent shallow unvegetated beds
(Sites 1 and 4), and the C/N ratios at Sites 2 and 5 generally reflected the C/N ratios
of the seagrass (Ruppia and Zostera) tissues, indicating the sediment organic matter
is mainly from seagrasses. On the other hand, the relatively lower C/N ratios (but
higher than the expected Redfield ratio) found for the bare sediments, reflected: a)
the contribution of MPB (dominated by diatoms) to the sedimentary organic matter
pool, which was supported by the detection of Chl-a (an indicator MPB biomass) in
the surface sediments; and b) the influence of bacterial degradation processes and
terrestrial detritus inputs from rivers such as Mullet Creek at Site 4, which indeed
showed a relatively higher C/N ratio than the other unvegetated sites (Sites 1 and 3).
Therefore, sediment TOC, TN and C/N ratios are useful proxies for studying the
source and/or quality of sedimentary organic matter in the estuarine ecosystem
(Wang et al., 1990).
2) Diel and seasonal variations in the O2 and TCO2 fluxes were observed at both
vegetated and unvegetated sites. Spatially, seagrass meadows exhibited significantly
higher rates of benthic respiration and primary productivity than the unvegetated
areas with the lowest rates occurring at the deep mud station of the lake (Site 3). The
total benthic production was estimated to be about half of the pelagic production,
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suggesting that the benthic microalgae and seagrass play a significant role in terms of
primary production in Lake Illawarra.
3) Photosynthetic characteristics of benthic microalgae (P-I curves) at five different
water depths were studied. It was found that the maximum benthic gross primary
production (GPmax) and light saturation oneset parameters Ik for MPB in this lake
tended to decrease with the increasing water depth, while the sub-saturated
photosynthetic efficiency αB was greater in association with deeper water sediments.
Furthermore, the correlation matrices showed that a strong positive relationship
existed between Ik and bottom irradiance (Iz), but Ik was significantly correlated,
negatively, with αB and water depth. These observations are consistent with
adaptation of the microphytobenthos to lower light levels, indicating benthic
microalgal photoacclimation in Lake Illawarra.
4) The trophic status of Lake Illawarra was assessed using the benthic state index
(BTSI), net O2/TCO2 fluxes and P/R ratios. In general, the deep organic-rich muddy
sediments in the central basin of the lake tended to be more heterotrophic than the
shallow sandy sediments. Temporally, autotrophy tended to decline from winter to
summer, especially during the dry summer of 2003, when all sites appeared to be
highly heterotrophic perhaps due to the enhanced (heterotrophic) anaerobic
respiration. Overall, the total community respiration within the sediments exceeded
the annual production, indicating the lake was a net-respiratory system on an annual
basis, which is in line with the LOICZ conclusion.
5) Organic carbon oxidation scenarios were evaluated by either calcium carbonate
dissolution or sulfate reduction models, suggesting that both models can give an
adequate representation of organic matter mineralization, but the sulfate reduction
model is favoured. The results demonstrated that C/N diagenetic stoichiometry can
give some insight into the type of organic matter undergoing heterotrophic
respiration (diagenesis) and the decomposition (reaction) pathways in different
plant-sediment systems (Eyre and Ferguson, 2002).
6) In general, nutrient fluxes displayed typical diel variations, with lower flux out of
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sediments (release) or enhanced uptake by the sediment in the light, due to the
photosynthetic activities of the plant-MPB-sediment community in Lake Illawarra
during photosynthetic periods. On an annual basis, unvegetated sediments displayed
net DIN effluxes, while seagrass beds showed a net DIN uptake, and the highest DIN
uptakes coincided with the highest standing crop of seagrass and/or macroalgae and
the highest levels of benthic community production. This may be due to the enhanced
denitrification and/or assimilation activity by rooted plants and macroalgae, and the
effect is most efficient during periods of net growth (e.g., in Spring 2002).
7) The measured DIN fluxes are always less than the predicted DIN fluxes using the
C:N stoichiometry, and the missing N is hypothesized to result from denitrification,
the sequential conversion of organic N to N2. LOICZ budget modeling results and the
direct denitrification measurements using the IP and N2/Ar techniques generally
support this conclusion. In addition, the total denitrification rates were dominated by
Dn, which was stimulated by O2 production especially during cold seasons (winter
and spring) when the water column nitrogen concentrations were relatively higher.
8) Finally, the effects of some environmental variables on benthic C and N cycling

processes were investigated and showed that:
a.

A negative correlation between dark DIN fluxes and the C/N ratios of surface
sediments was observed, suggesting the dependence of nitrogen generation on
the quality or source of organic matter in the sediment;

b. A comparison of calculated diffusive ammonium flux and measured ammonium
fluxes using incubation cores indicated that the results were of similar magnitude
at Site 3, which may be due to the unfavourable conditions (both physical
processes and benthic infaunal activity) for the enhancement of pore water and
overlying water exchange at the deep mud station. However, the measured
nutrient fluxes using sediment-core incubations were found to be higher than the
calculated diffusive fluxes at Sites 1 and 2, especially in summer. This may have
been caused by bioturbation or bioirrigation occurring in shallow sandy areas of
this lake, where a relatively high abundance/density of benthic animals was
173

found;
c. A positive (exponential) relationship between the temperature and the rates of
benthic community respiration and ammonium release rates in this lake was
observed, which may be explained by the increasing microbial degradation
processes under increased temperature;
d. The benthic community respiration and dark ammonium release rates for both
seagrass beds and unvegetated sediments tended to be higher with stirring than
those without stirring, which demonstrated the effects of water mixing on
benthic metabolism and nutrient flux rates in Lake Illawarra. The result also
suggested that as the wind-generated water circulation or mixing is a prominent
feature of many shallow Australian estuaries, and the estimates of benthic
metabolism and nitrogen transformation should reflect this process or feature.

In summary, the benthic metabolism and nitrogen transformation processes in Lake
Illawarra were influenced or controlled by physico-chemical and biological variables and
their complex interactions, which include light, temperature, water movement or mixing
(stirring effect), sediment type (e.g., sand and mud), sedimentary organic matter quality,
primary producers (e.g., seagrass, MPB and macroalgae), and infauna (bioturbation).
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Table 8.1 Summary of measured variables for the nitrogen cycling process studies in Lake Illawarra
Stations

Site 1

Site 2

Site 3

Site 4

Site 5

Notes

Thesis
Section

Water depth

< 50 cm

<50 cm

≈ 300 cm

<50 cm

<50 cm

Shallow

3.2 &
6.2.1

N/P in water

5.54

6.83

0.40

0.78

0.89

N limited

6.2.1

Sediment types

Marine calcareous-

Marine calcareous-

Mud

Riverine quartz-

Riverine quartz-

5.2.1

quartz sand

quartz sand

lithic sand

lithic sand

Different
sediment types

Main primary producers (PP)

MPB
(Diatom)

Seagrass
(Zostera)

MPB (Benthic MPB
Diatom)
(Diatom)

Seagrass
(Ruppia)

Different PP

5.2.2
5.2.4

Sedimentary OM quality (%C/N)

11.1

18.8

10.8

14.6

19.7

Diff OM sources

5.2.2 &
5.3.1

Benthic respiration rates
TCO2(O2) fluxes (mmol m-2 h-1)

3.90 (-2.21)

8.43 (-5.01)

2.11(-1.08)

7.93 (-3.63)

14.21 (-6.95)

SO4 reduction OR
CaCO3 dissolution

5.2.5&
5.3.3

Gross Primary production
TCO2 (O2) fluxes (mmol m-2 h-1)

-3.33 (1.97)

-9.29 (6.67)

-1.44 (0.65)

-5.34 (3.35)

-12.38 (6.24)

Seagrass > Bare

5.2.5 &
7.2.1

Trophic Status (P/R ratios)

0.2-1.1

0.4-1.0

0.3-1.0

0.5

0.4

Overall heterotrophic
with seasonal variation

5.3.2

Dark (Light) DIN flux (µ
µmol m-2 h-1)

87.7 (-7.8)

24.1 (-89.1)

96.4 (53.3)

52.5 (-17.9)

11.5 (-21.2)

Diel variations

6.2.2

Net DIN flux (µ
µmol m-2 h-1)

39.9

-32.5

74.9

17.3

-4.8

Seagrass – sink
Bare - source

6.3.3

Dark /light Denitrification (µ
µmol m-2 h-1)
Dn (%)

9.1/8.9
(71/92%)

9.1/11.9
(65/71%)

10.6/13.4
(84/91%)

/

9.1/10.6
(89/83%)

Denitrifying system
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&
6.3.5

&

8.3 Recommendations for the further research
Although some important nitrogen cycling processes have been investigated in this study,
there is still not enough information and data to complete the budget of nitrogen cycling
and conceptual model for Lake Illawarra shown in Figure 1.1. Therefore, some
recommendations for future research are provided below to fill the information gaps:
1) Scaling up the measurements of benthic processes at limited sites (i.e., 3 to 5 sites)
during an ‘unusual’ time period (i.e., prevailing drought conditions in 2002-2003, as
demonstrated by the very high salinity of up to 42 ppt) to an estimate of the whole
estuary functioning may not be justifiable. Therefore, more sites should be studied
(selection may be based on the spatial variability of variables such as benthic
biotopes and habitat types) under ‘normal’ conditions (e.g., climatic conditions);
2) Direct measurements on the rates of sulfate, manganese and iron reduction, and the
rates of carbonate dissolution should be conducted, thus the importance of carbon
and nitrogen mineralization pathways can be more accurately (quantitatively)
evaluated, which is helpful in understanding ecosystem functioning and disturbances
caused by eutrophication (Ferguson, 2002);
3) The pelagic metabolism in Lake Illawarra should be investigated concurrently with
the benthic metabolism and other benthic carbon and nitrogen cycling processes,
which is helpful in studying the pelagic-benthic coupling in this lake;
4) For the macrophyte beds, the coupled denitrification activity associated with the
rhizomes of rooted macrophytes (seagrass) should be estimated by the modified
version of the IP technique described in the Protocol Handbook for NICE (Dalsgaard
et al., 2000);
5) Some other important nitrogen and carbon transformation processes in estuarine
ecosystems should be studied for Lake Illawarra, which may include the nitrogen
fixation rates, burial rates of carbon and nitrogen, seagrass-uptake rates, the rates of
dissimilatory nitrate reduction to ammonium (DNRA) and benthic dissolved organic
nitrogen (DON) flux rates.
6) Finally, a comparative study of the characteristics of benthic biogeochemical
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processes in Lake Illawarra with those in other shallow estuarine systems (e.g., at
different stages of eutrophication) in Australia may be conducted. This would
provide a better understanding of the underlying causes or mechanisms of coastal
eutrophication, which is the basis for developing the cost-effective and sustainable
management strategies of these valuable coastal ecosystems (Ford and Webster, 1997;
Eyre and Ferguson, 2002)
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